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ABSTRACT  

 

TRACKING AMMONIA VOLATILIZATION AND FATE FROM EMISSION SOURCE TO 

PRISTINE ECOSYSTEM 

 

Ammonia has been widely documented as a contributor to negative impacts on natural 

ecosystems. Agricultural related management has been closely tied to ammonia emission and 

therefore negative impacts of ammonia pollution. The aim of this research is to improve our 

current understanding of how ammonia is lost from native and agricultural soils and if nitrogen 

isotopes can be used to elucidate what sources of ammonia pollution affect native ecosystems the 

most.  

Rocky Mountain National Park (RMNP) has undergone ecosystem changes due to 

excessive nitrogen deposition in the forms of ammonium, nitrate and organic nitrogen. Due to 

uncertainty in source apportionment; the efficacy of nitrogen isotopes of ammonia to distinguish 

sources of ammonia deposited in RMNP was investigated. This study shows average δ15
N 

isotopes of certain sources (beef cattle, dairy cattle production, wastewater treatment, cropland, 

urban) were distinguishable at this study’s emission sites; however, the average δ15
N isotope 

values measured at a RMNP site were not useful for identification of specific ammonia sources. 

Supplemental information (weekly integrations of gaseous and particulate reduced nitrogen, 

oxidized nitrogen, sulfur measurements, and HYSPLIT modeling) was needed to help pinpoint 

the likely sources of ammonia, such as agriculture and biomass burning, affecting RMNP. 

Moreover, this supplemental information was used to support the most likely reasons δ15
N 

isotope values observed in gaseous ammonia and wet deposition were indistinguishable 

compared to emission sources.  
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Little is known about the potential local contribution of ammonia from soils within 

RMNP. Thus, the goal of this study was also to develop a method for analysis of ammonia 

emissions from intact soil cores sampled from a sub-alpine grassland and forest within RMNP. 

Nitrogen wet deposition was monitored at the sampling location to investigate possible impacts 

on soil emissions of ammonia. Lastly, method development and analysis of formation of 

ammonia (urea hydrolysis), pH speciation (ammonia and ammonium), and vapor pressure 

(Henry constant) were investigated in beef and dairy feedlots to reveal important controls on 

ammonia emission.  

This research provides new information on the importance of post emission physical and 

chemical processes, such as source mixing, isotopic fractionation, and dry deposition, preventing 

the use of δ15
N isotopes for source tracking without the use of complementary techniques, such 

as atmospheric modeling. Moreover this work provides further evidence indicating that natural 

emissions within RMNP are not major sources of reduced nitrogen in the RMNP airshed. Lastly, 

this work provides new chemical values for the Henry constant, acid dissociation constant, and 

urea hydrolysis rate constants in animal production systems and can be used to better estimate 

ammonia emissions from animal production to improve our current emission inventories. 
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CHAPTER ONE 

Introduction to Reactive Nitrogen, Isotopic Tracers, and Ammonia Emissions 

 

 

 

1.1 Nitrogen Cycling  

Nitrogen (N) is most commonly found as N2 gas in the atmosphere. N2 is fairly inert in 

the atmosphere; however, it can be converted to more reactive forms of N through N fixation  

                      

(24). Moreover, ammonium can be formed through breakdown of organic matter in the soil 

(mineralization) (1). Once fixation or mineralization to ammonia has occurred, the N becomes 

more bio-available. Ammonia can be readily converted to ammonium through acid base 

chemistry, as well as, undergo nitrification to nitrate (24). Nitrification occurs under aerobic 

   
               

      
  

conditions. Both ammonium and nitrate serve as the base N source for amino acid production for 

bacteria and plants (25). Nitrate can be converted to N2O and N2 through denitrification thus 

completing the cycle back to N2 in the atmosphere (Figure 1.1).  

1.1.1 Terrestrial and Anthropogenic Sources, and Sinks of Reactive Nitrogen  

Terrestrial formation of reactive N occurs through biological fixation of N2 (discussed 

above) and production of NO by lightning. Biological fixation can occur in both soils (107 Tg N 

yr
-1

) and estuarine (121 Tg N yr
-1

) systems. Ultimately, NO produced by lightning (5.4 Tg N yr
-

1
) is more common near the equator and is converted to HNO3 in the atmosphere. Estimates of 

fixation and lighting produced NO totaled 233 Tg N yr
-1

 in the early 1990s (26). Anthropogenic 
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reactive N formation has increased from 15 to 156 Tg N yr
-1

 from 1860 to the early 1990s to 187 

Tg N yr
-1

 in 2005; while reactive N creation is estimated to be as high as 267 Tg N yr
-1

 by 2050 

(26, 27). The two most common pathways for increases in anthropogenic created reactive N are 

food production and energy consumption.  

NH3 accounts for most of the reactive N created for food production. The most 

commonly cited anthropogenic process converting N2 to reactive N is the Haber-Bosch process, 

contributing 100 Tg N yr
-1 

in the 1990s (26). However, 20% of reactive N created by the Haber-

Bosch is for industrial use (28). This industrial based process converts N2 to NH3 primarily for 

fertilizer use to meet food production demands.  

       
               
                   

 

Figure 1.1 . A conceptual depiction of the N cycling in soils. Adapted from reference (1). 
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Due to increase in population, reactive N created through the Haber-Bosch process has 

exponentially increased since the 1940s and it is estimated that 40% of the world’s population is 

supported through the Haber Bosch (29). 

Reactive N is created with intent for food production; however, it is not the intended 

result of energy consumption. Most common sources are mobile sources, electrical generation, 

and industrial production contributing 24.5 Tg N yr
-1

 to reactive N production (26). These 

processes result in the creation and release of NOx (NO + NO2), typically through oxidation of 

fuel. NOx continues to form HNO3 which contributes to aerosol creation and acid rain (24, 30).  

1.1.2 Sources of Ammonia and Ammonium 

Ammonia is an important constituent in the atmosphere because it is the most common 

basic gas in the atmosphere (30). Currently, NH3 is an unregulated pollutant and ecological 

ramifications have been associated with excess ammonia and ammonium pollution. Largely, 

ammonia production is governed by three pathways: 1) biological fixation, 2) breakdown of 

organic matter (mineralization), and 3) the Haber-Bosch process. However, a small percent of 

ammonia can be produced from three way catalytic converters, and from human breath and 

perspiration (31). Overall, ammonia is strongly tied to agriculture, in particular, to synthetic 

fertilizer and animal waste. Ammonia production in agriculture is most commonly formed from 

the breakdown of urea (urea hydrolysis), whether through chemical or enzymatic processes and 

breakdown of natural organic matter (R-NH2).  

(NH2)2CO (aq) + H2O (l)    → NH3 (aq) +H2NCOOH (aq)  → 2NH3 (aq) + CO2 (aq) 

Three-way catalytic converters were introduced to meet emission standards for NOx from 

vehicles. The process converts, NOx to N2 and O2, followed by combustion for carbon monoxide 
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to carbon dioxide. Gasoline engines operate at stoichiometric ratios of fuel to air, but limitations 

in fuel injection mixing can result in incomplete combustion. An undesired byproduct of 

incomplete oxidation is carbon monoxide. Carbon monoxide and water vapor are in equilibrium 

with CO2 and H2. At this state, N2 and H2 are both present and can react over the catalyst to 

create NH3 very similar to the Haber-Bosch processes.  

 2NOx → N2 +xO2 

 2CO + O2 → 2CO2 

  CO + H2O ↔ CO2 +H2 

1.1.3 Dynamics of Ammonia and Ammonium 

Ammonia and ammonium can exist in a number of phases and forms. Ammonia and 

ammonium speciation is dependent on pH through the acid dissociation constant (Ka; Eq. 1.1). 

[NH3(aq)] represents ammonia concentration in solution, [NH4 a  
 

] represents ammonium 

concentration in solution, [H
+

(aq)] is the hydronium concentration, and γ represents the activity 

coefficient for each species (18). Moreover, ammonium has the ability to sorb onto soil 

         NH4
+ 

(aq) ↔ NH3 (aq) + H
+

(aq)     
                     

 
   

     
 
    

 
 (Eq. 1.1) 

constituents depending on soil surface charge. Depending on the concentration difference 

between ammonia in the soil solution and the air, ammonia can be lost to the air as described by 

the Henry constant (Kh; Eq. 1.2). [NH3(g)] represents ammonia concentration in the gas phase. 

Several units (dimensionless, M atm
-1

, MPa mg
-1

 L
-1

, etc.) have been used in the literature. The 

various forms and phases which ammonium and ammonia can partition between and within 

create great difficulty in studying transformations. 
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NH3 (aq) ↔ NH3 (g)     
         

        
          

 (Eq. 1.2)
 

1.1.4 Emissions of Reactive Nitrogen 

Both natural and anthropogenic processes contribute to N (NOx, NH3, and N2O) 

emissions into the atmosphere. Natural processes include soil emission and biomass burning 

(e.g., forest fires). Biomass burning releases high amount of NOx in the early stages of a burn, 

while NH3 is released in later stages (smoldering phase) where oxidation is incomplete (32, 33). 

Also, NH3 is emitted from native soil surfaces, but to a smaller extent compared to 

anthropogenic emissions (discussed below). Soils create N2O under reducing conditions and 

account for 67% of N2O emissions, however, roughly 50% of these emissions are associated with 

fertilization (both natural and synthetic), animal grazing, and cultivation of N-fixing crops (26, 

34, 35). 

Anthropogenic emissions of NOx, NH3, and N2O totaled 88.0 Tg N yr
-1 

in the early 1990s 

(26). As mentioned above, NOx created from combustion is the primary pathway for NOx 

formation. On (29.6-32%) and off-road (20.1-30%) vehicles account for 49.7-62% of nitric oxide 

emissions (3, 34). Electricity and power generators account for most of the remaining emissions 

(27-34.6%) (3, 34). Also, production of fuel, metals, and waste water account for small amounts 

of US NOx emissions (34). N2O is primarily emitted from soils (67%), but contributions from 

fossil fuel combustion (12%) and industrial processes (8%) contribute to N2O emissions in the 

US (34).  

Crop and animal production totaled roughly 45% of worldwide anthropogenic ammonia 

emissions (39.4 Tg N yr
-1

)
 
in the 1990s (26). 59-80% of the ammonia emission inventories in the 

US are related to fertilizer use and animal production (3, 34). Large uncertainty exists within 
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these inventories for agricultural sources due to the difficulty of measuring ammonia emission 

and incomplete data information (34). A small portion (7%) of ammonia emissions are created in 

mobile sources by three way catalytic converters (3, 34). Industrial processes, biomass burning, 

wild animals, and waste management are sources of ammonia, however their contribution to 

emission inventories remains small and uncertain (3). Other work has provided emission 

estimates for non-agricultural sources, including human sweat, perspiration, domesticated 

animals, biomass burning, landfill, etc (31). This work identified critical uncertainties for sources 

like biomass burning (31). However, these non-agricultural sources only comprised 19% of N 

emissions in the United Kingdom (31). The work presented here will focus on ammonia and 

ammonium analysis. 

1.1.5 Transformation and Transport of Reactive Nitrogen 

Reactive N released into the atmosphere can undergo numerous chemical transformations 

which may allow it to travel long distances from the emission source (36, 37). NOx and NH3 are 

more reactive than N2O in the atmosphere and thus N2O will not be discussed further. NOx can 

readily react with common atmospheric compounds to ultimately form HNO3.  

Dominant pathway during the day: 

                                            
      

                          
     

 
 

   
                              

Important pathways in absence of daylight: 
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Ammonia is not generally produced in the atmosphere like nitric acid and is not readily 

oxidized in the atmosphere. NH3 has a relatively short lifetime and is more important near a 

source (38). Ammonia plays an important role in aerosol formation with acidic gases (HNO3 and 

H2SO4). Ammonium aerosol formation drastically increases the lifetime of N and thus increases 

NH3 (g) + HNO3 (g) ↔  NH4NO3 (p) 

NH3 (g) + H2SO4 (g) →  (NH4)HSO4 (p) 

the possible transport distance before deposited back to the surface. Ammonium nitrate 

formation reaction is shown with a bi-directional arrow since this equilibrium is highly 

dependent on temperature and humidity (39). Ammonium sulfate does not demonstrate the same 

sensitivity to changes in temperature and humidity and is more accurately depicted as a 

unidirectional reaction at atmospheric temperatures (40).  

1.1.6 Deposition and Impacts of Reactive Nitrogen 

Reactive N can be deposited back to the earth’s surface through wet deposition (with the 

aid of precipitation) or dry deposition (without the aid of precipitation) (Figure 1.2). Wet 

deposition can occur within cloud droplets (in-cloud scavenging) or below a cloud by 

incorporation of species into falling precipitation (below-cloud scavenging). Dry deposition is 

largely dependent on the species’ deposition velocity (Vd). Vd is highly dependent on 
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environmental variables such as temperature, humidity, surface resistances, and particle size 

(30).  

Most reactive N species are water soluble and thus wet deposition tends to dominate 

compared to dry deposition but is variable across the US. Drier regions tend to have higher 

fractions of dry deposition, such as the Western US (41). Dry deposition is much more difficult 

to monitor than wet deposition. Dry deposition monitoring requires more instrumentation than 

wet deposition. Wet deposition has traditionally been monitored at various sites in the US for 

over 30 years. 

 With the demand of N increasing worldwide, anthropogenic processes have led to a 

rapid increase of reactive N in soils, water, and the atmosphere. Soils are generally N-limited, 

thus, increases in N result in increased productivity until N is no longer the limiting nutrient. 

Once this occurs nitrogen saturation has been reached and excess nitrogen is lost to the air by 

volatilization (NH3, N2O, N2), transferred to surface waters by runoff, or transported into a new 

 

Figure 1.2. Conceptual lifecycle of ammonia from emission, transport, transformation, 

and deposition. Adopted from reference (2). 
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ecosystem. If excess nitrogen is introduced into surface waters, eutrophication (over-fertilization) 

can result in rapid growth of algae resulting in hypoxia thus endangering aquatic life(2, 42, 43). 

Both soils and surface water can become acidified by introduction of HNO3 leading to shifts in 

soil fertility and diatom populations in surface water (44-46). N2O plays an important role in 

global warming (298 CO2 equivalents) and is currently the 4
th

 largest contributor to global 

warming (47). NH3 and NOx engage in aerosol creation contributing to deterioration of human 

health and regional haze.  

1.2 Current Understanding of Nitrogen Deposition in the Front Range (Colorado, USA) 

The Front Range is defined as the area between Cheyenne, WY and Colorado Springs, 

CO. The Front Range has a rapidly expanding human population (48, 49) that adjoins a 

productive agricultural region (50) and lies below the eastern flank of the Rocky Mountains. This 

creates a unique union consisting of metropolitan, agricultural, and pristine sectors (Figure 1.3). 

Previous studies have suggested a connection between human population, head of cattle, and 

sales of synthetic fertilizer with N deposition observed in RMNP (44).  

Estimates of N deposition (wet and dry) in the Rocky Mountains range from 1-7 kg N ha
-

1
 yr

-1
 (51). Long term wet deposition monitoring of N in RMNP has demonstrated increases in 

concentrations of N (Figure 1.4 a) and elevated levels of N deposition (Figure 1.4 b, c, d) 

compared to the park’s critical load, 1.5 kg N ha
-1

 yr
-1

 (46). Subalpine mountain ecosystems 

bordering the Front Range are vulnerable to small increases in N deposition leading to negative 

effects at rates as low as 1.5 to 5 kg N ha
-1

 yr
-1

 (44, 45, 52). Negative impacts have been 

documented in form of changes of lake diatom communities and decreased biodiversity (53, 54). 

These studies were critical in the development of the Rocky Mountain National Park Initiative. 
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Figure 1.3 Topographical map of the Front Range from Denver, CO to Wyoming 

border. Green areas represent native forests of the Front Range, with RMNP being 

shown in pale green. Brown and light brown loosely represent agricultural sectors of 

the Front Range, while red represents populated areas in the Front Range. The area 

from Denver, CO to Fort Collins is referred to as the urban corridor. Figure shown 

with permission of Dr. Gina Mckee. 
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Figure 1.4. Historical inorganic N deposition (a,c,d) and concentration (b) at three NTN sites 

in the Rocky Mountains. Beaver Meadows (c) has been studied slightly longer than the Niwot 

Ridge (a, b) and Loch Vale Watershed (d). An increase in total N deposition at Niwot Ridge 

has been witnessed over nearly 30 years (1984-2012). Data provided by National Trends 

Network. 

R2 = 0.214 

p = 0.011 

R2 = 0.132 

p = 0.053 

R2 = 0.135 

p = 0.050 

a. b. 

c. d. 
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With the introduction of this initiative, inventories provided information about current N 

emission knowledge. Statewide anthropogenic NOx emissions in Colorado were dominated by on 

and off-road vehicles (50.1%) and point sources (37.2%) such as energy generators, while 

ammonia emission were dominated by livestock (39.9-46.8%), fertilizer (22.0-25.8%), on-road 

mobile sources (5.2-10.8%) (3, 55). Front Range estimates of ammonia emissions differed from 

statewide emissions with livestock (37.3%) and fertilizer (18.9%) contributing slightly less and 

mobile sources (11.9%) and waste water treatment (18.6%) contributed more to ammonia 

emissions (55). 

The Rocky Mountain airborne nitrogen and sulfur (RoMANS I) study was conducted in 

2006 to improve the understanding of N and sulfur deposition, their forms, and their sources (3). 

This study occurred over two five weeks periods in the spring and summer (56). This study 

demonstrated the importance of easterly influence on N deposition in RMNP. N deposition was 

dominated in the spring and summer by wet deposition of ammonium (34%, 34%) and dry 

deposition of ammonia (14%, 16%), respectively. RoMANS I demonstrated that a single 

precipitation event or rainfall can contribute significant amounts of N (3, 56). Furthermore, 

northeastern CO and local source areas were the majority (62%) and plurality (32%) of 

ammonium deposition in the spring and summer period, respectively (Figure 1.5 & 1.6) (3).  

RoMANS I demonstrated that anthropogenic sources contribute to N deposition in areas 

near RMNP. However, this study was conducted over 10 weeks. A new study, RoMANS II, was 

conducted for 1 year to fully understand annual N and sulfur deposition in RMNP (4, 57). 

RoMANS II showed larger deposition during the late spring to the late fall (Figure 1.7). The 

window is often referred to as deposition season in RMNP Furthermore ammonia and 

ammonium were two of the top three forms in which N was deposited in RMNP (Figure 1.8) (4).  
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Figure 1.5. Spring source apportionment of ammonium wet deposition from 

RoMANS I. This study period was dominated by a single precipitation event in 

late April identified from northeastern CO. Adopted from reference (3). 
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Figure 1.6. Source apportionment of ammonium wet deposition from RoMANS 

I. Each apportionment is associated with an area of Colorado of the United 

States. Adopted from reference (3). 
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Figure 1.7. Total N deposition (dry and wet deposition) by month observed during 

RoMANS II study. The spring and summer period is often referred to as deposition 

season and coincides with easterly flow regimes. Adopted and shown with permission 

from reference (4). 
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
15
N (‰) =  x 1000                      (Eq. 1.3) 

However, it remained uncertain as to what specific emission sources (e.g. livestock, 

fertilizer, mobile sources, etc.) of ammonia and ammonium contributed to N deposition in 

RMNP. According to the ammonia emission inventories discussed above, agriculture was 

assumed to be a major contributor to ammonia and ammonium deposition (3, 55). However, no 

direct chemical or physical evidence has connected N deposition observed in RMNP to 

agricultural sources. 

 

 

 

standardN)14N/15(

standardN)14N/15(sampleN)14N/15( 

 

Figure 1.8. Annual apportionment of N deposition observed in RoMANS II. Wet deposition 

remains the primary pathway of N deposition. Wet deposition of ammonium was the 

dominant form, while dry deposition of gaseous ammonia was third. Adopted and shown 

with permission from reference (4) 
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1.3 Nitrogen Isotope Tracers and Indicators 

1.3.1 Isotope Notation 

Nitrogen has two stable isotopes (
14

N and 
15

N) (58). The heavier isotope (
15

N) is referred 

to as the rare isotope and its natural occurrence is 0.365% in the atmospheric N2 pool (59, 60). It 

is a stable percentage among the N2 pool and is used as a reference for all natural abundance 

isotopic measurements according to the equation 1.3 below (61). Isotopes near natural abundance 

are reported in δ15
N (‰, denoted per mil) and are calculated relative to the N2 standard ratio 

(
15

N/
14

Nstandard = 3.6765 x 10 
-3

). (
15

N/
14

N)sample is the isotopic ratio of the sample. The ratio of the 

isotopes in atmospheric NH3 will depend primarily on the N source. Different chemicalreaction 

or processes can result in different isotopic ratios; for examples, agricultural practices can 

produce significantly different δ
15

N values than non‐agricultural sources (8) (Figure 1.9). 

Ammonia lost from animal waste is typically strongly depleted in 
15

N (7, 10, 62). This is due to 

differences rate of reaction, diffusion, and volatilization of the different isotope causing isotopic 

fractionation.  

Typical δ
15

N values observed in nature range from ‐50 to +50‰ (60). Total δ
15

N (nitrate 

and ammonium) in synthetic fertilizers are usually derived by industrial fixation of atmospheric 

N2 by the Haber-Bosch process, resulting in δ
15

N values close to zero (12). Ammonia derived 

from the combustion of coal typically has δ
15

N values in the range ‐4 to ‐8‰ (10). Animal waste 

is generally depleted in 
15

N. The only animal waste study showing enriched values used a series 

of filters (8). Collection of ammonium aerosol on filters has been shown to cause artifacts with 

temperature changes possibly affecting these results (63). Generally, ammonium aerosol is 

enriched in comparison  to its parent gas, ammonia (64).  Figure 1.10 provides some insight   
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Figure 1.9 . Comparison of N isotopes from ammonia or ammonium measured in source 

material (marine, soil, fertilizer), emissions (coal, animal waste), and in precipitation from 

various literature sources over the last 50 years.  Modified from (5-15). 
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from previously measured ammonium aerosols from various agricultural and urban sources. In 

comparing Figures 1.9 and 1.10, 
15

N compounds tend to favor denser substances such as aerosol 

and liquid phases over gas phases. Ultimately these differences in isotopic ratios may allow for 

source apportionment of ammonia pollutants. 

1.3.2 Isotopic Fractionation 

Differences in isotope fractionation are a result of physical, kinetic, and equilibrium 

process. Physical fractionation results from differences in diffusion rates. Kinetic fractionation 

results from small differences in bond energies between differing isotopes of N. This can be 

related to the vibrational  energy, more specifically the  difference in  the zero point energy  


15
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Figure 1.10. Comparison of N isotopes of ammonium aerosol measured from known 

sources (poultry, cattle, swine, mobile sources, and marine) and rural and urban locations 

(either no known sources or mixed). Modified from (16).  
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(n=0) between isotopes. Where E is energy, h is Planck’s constant, n is energy level, k is the 

force constant, υ is the harmonic frequency, and   is the reduced mass of the heavy isotope (  ) 

and light isotope (  ). Ultimately, the heavier isotope has a slightly lower zero point energy 

vibrational  level,  (n=0),resulting in a slightly stronger bond.  Another common depiction  is  the 

                   
 

 
            

 

  
 
 

 
 

 
 
                        

 

  
  

 

  
  

 

  
  

 
  

differences in activation energy between two like bonds with different N isotopes (Figure 1.11). 

This small difference in energy results in slightly different reaction rates generally resulting in 

discrimination of the heavier isotope leaving the substrate with slightly higher amount of 
15

N and 

products with less 
15

N. The increase in 
15

N in the substrate and decrease in 
15

N in the products is 

called enrichment and depletion, respectively. 

Equilibrium fractionation refers to a preferential separation of isotopes between two well-

mixed phases. This fractionation is governed by quantum mechanics and the total energy of a 

molecule  (ETotal).  Differences in mass effect translational  (Etranslational),  vibrational  (Evibrational), 

                                                                   

and rotation (Erotational) motion result in equilibrium fractionation. For simplicity, a diatomic N2 

molecule is considered, where 
15

N
15

N is excluded due to the low probability of its occurrence. 

The equilibrium constant  (K) can be written as  concentrations or by their  partition functions 

(q).  

14
N

14
N (g) + 

15
N

14
N (a ) ↔ 

14
N

14
N (aq) +

15
N

14
N (g) 

   
                           

                           
      →       
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Figure 1.11. Reaction coordinate demonstrating the difference in bond 

strength due to differences in zero point energy. This illustrates that 

more energy is required to break like bonds containing heavier isotopes.  
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Where q is the product of each type of motion, we can substitute q in for each concentration. 

                                               

   
                         

                         
 

      

      
 

Translational motion can be described by a particle in a box (65). Where k is the Boltzmann 

constant and T is temperature. Ultimately, when applied to the equilibrium between two isotopes 

(or ratios of their energetic states) translational motion reduces to the ratio of the reduced masses 

(66). Much of the same mathematical reduction occurs when discussing rotational energy and 

vibrational  energy.   Rotational motion is described by the rigid rotor,  where I is the  moment 

                
       

 
 

 
         →                         

     

     
 

 

 
 

of inertia, and σ is the symmetry factor (66). When applied to isotopes of the same configuration; 

the  equilibrium reduces  to a ratio of the moments of inertia  (I) since  their σ are the same (66). 

             
       

           →                     
     

     
  

When applying the harmonic oscillator to model vibrational motion, the equilibrium constant 

demonstrates  how  vibrational  frequencies  (ν),  which  are  mass  dependent,  affect  isotopic 

              
 
 
   
   

 

   
 
   
   

 
     →                   

   
         

   

   
         

   

    
                  

   
 
 

speciation (66). Multiplying these three partition functions, it would be possible to calculate 

isotopic equilibrium constants (67). These quantum mechanical explanations constitute the 

fundamental basis of kinetic and equilibrium isotopic fractionation. 



 

23 

 trans  rot vib
=    

     

     
 

 
 
   

     
     

      
   

         
   

   
         

   

   
 
                  

   
 
  

1.3.3 Environmental Application of Nitrogen Isotopes 

The use of N isotopes (natural abundance or labeling) has shown promise in its ability to 

distinguish N sources (8, 62, 68). Isotopic labeling is commonplace and has been used previously 

for tracing soil processes and other gaseous emissions such as N2O (69-73). However, the use of 

natural abundance N isotopes exhibited a difficult start in terms of use as an environmental 

indicator. One of the first natural abundance N isotope tracer studies of notoriety was published 

in Science (74). This study claimed to quantify the amount of nitrate in surface water associated 

with run-off from nearby fertilizer application. Rebuttals soon followed and warned about the 

quantitative use of natural abundance isotopes in soil processes, as well as, criticized the 

methodology and interpretation (75-78). However within the same decade the use of natural 

abundance N isotopes was used to specify environmental impacts between synthetic fertilizer 

and animal waste (79). 

Natural abundance isotopic tracers of N measured in precipitation, surface water, and gas 

samples have shown promise in identifying emission source contributions, transport, 

transformation, deposition, and/or ecosystem shifts (7-11, 14, 16, 59, 64, 80-90). Russell 1998 

reported the range of δ
15
N‰ for various forms of N in wet deposition on a seasonal basis, as well 

as, reported trends between seasonal isotopic values and back trajectory models (14). More 

recently, Elliott 2007 demonstrated 
15

N-nitrate deposited in wet deposition was strongly 

correlated with stationary NOx emissions based on source area emission data (80). Occhipinti 

2008 demonstrated that 
15

N-nitrate in wet deposition was correlated to agricultural versus non-
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agricultural back trajectory models (91). N isotopes have become useful indicators for source 

influence and environmental change. The use of δ15
N isotopes has been limited in use as a source 

tracking tool. To my knowledge, only a handful of studies have been conducted with 

simultaneous collection of ammonia at sources and a receptor site (7, 16, 62, 91) with limited 

success. Numerous studies have been conducted only on source characterization or receptor 

studies (8, 9, 14, 15, 90, 92).  

1.4 Measuring Ammonia Emission 

1.4.1 Emission Techniques 

Measuring ammonia emissions rely on concentration measurements, thus accurate 

measurement of ammonia are crucial. Methodology includes acid scrubbers or traps, filter 

measurement, denuder measurement, or optical measurements to measure ammonia 

concentrations (93). Emission measurements include mass balance, enclosure studies, and 

micrometeorological methods. Mass balance studies are inherently subject to large uncertainty 

when numerous measurements are propagated for the unknown value. Micrometeorological 

methods are the best suited for accurate measurements of ammonia emission; unfortunately, 

these studies require a large amount of equipment and cost. Enclosure or chamber offer a more 

reliable measurement compared to mass balance methods without the cost of 

micrometeorological methods.  

1.4.2 Chamber Methods 

Due to the complexity of determining the ammonia flux (emission or deposition) in 

natural systems, several chamber approaches to measuring ammonia emission have been used 
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(94-101). Using a chamber approach for field measurements of ammonia is often challenging 

due to low concentrations and ammonia is highly adsorptive, water soluble, and sensitive to 

fluctuations in temperature further complicated by condensation at elevated humidity levels. 

Moreover, enclosures can perturb convective heat transfer, light transmission, and aerodynamic 

conductance (93). Therefore, care must be taken when considering chamber design and material 

for studying ammonia emissions. Shah 2006 provides a review on field and laboratory 

measurements of ammonia flux (102). To address these limitations of field applications, a 

dynamic flow-through laboratory apparatus was designed for our study to assess the magnitude 

of ammonia emission from intact soil cores (Chapter 2).  

1.5 Difficulty and Complexity of Analyzing Ammonia and Ammonium in Animal Waste 

As stated above, agricultural ammonia emissions are the highest among all inventories, 

but are subject to much uncertainty (3, 34, 55). One area of uncertainty is in the understanding of 

what chemical and physical properties control ammonia emission. Specifically, the production of 

ammonia through urea hydrolysis and the Henry and acid dissociation constants dictate the total 

ammoniacal N (TAN) and the fraction of ammonia within the soil and ammonia above the soil 

surface (13). Few studies have explored urea hydrolysis in soils (103) or animal waste (104). 

However, these studies may not applicable to feedlot soils, thus understanding the rate and 

ultimately the amount of TAN in feedlots systems within Colorado is important. 

 Previous studies have explored Henry and acid dissociation constants in aqueous 

ammonium solutions (19, 105). However, these studies are not applicable to animal waste due to 

high ionic strengths causing activities to deviate from unity. Numerous studies have been 

conducted in animal waste matrices, however, differences in sample matrix (poultry, beef, dairy, 

swine lagoon, anaerobic digester, etc.) with varying  methodological approach (headspace 
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measurements, flux measurements, porous tubing, etc.), or both have not revealed a singular 

value for feedlots (Figure 1.12 & 1.13) (17, 21, 22, 106-109).  

E uilibrium constants dependence on temperature can be described by the Van’t Hoff 

e uation with the assumption that enthalpy (ΔH) does not change over the temperature (T) range 

(0-40 °C).  It remain  unclear why previous  work shown  above use  both  ln and  log functions 

  
  

  
   

  

 
 
 

  
 

 

  
  

to describe e uilibrium constant’s dependence on temperature. With a wide variety of 

methodologies and environmental matrices, it is imperative to use values applicable to the waste 

matrix of choice (poultry, cattle, swine, etc.) and environmental conditions experienced here in 

Colorado. 

1.6 Knowledge Gaps and Research Objectives 

Connecting ammonia emissions from outside RMNP and ammonia deposition in RMNP 

has been an area of high importance in the Colorado Front Range. Current ammonia emission 

inventories are complicated by uncertainty. In particular, ammonia emissions from animal waste, 

agricultural soils and native soils are poorly understood. Moreover, the complex meteorology in 

the Colorado Front Range does not allow for a direct translation of ammonia emission 

inventories to apportionments of ammonium deposition in RMNP. New evidence is needed to 

connect ammonia emissions from different source types (agriculture, urban, native, etc.) to 

ammonium deposition in RMNP. Therefore, the objectives of my research are as follows: 
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Figure 1.12. Comparison of literature values for acid dissociation constants for aqueous 

and animal waste slurries. Modified and shown with permission from reference (17). 
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Figure 1.13. Comparison of Henry constant literature values from ammonium solutions 

and animal waste. Modified and shown with permission from reference (17). 
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Objectives: 

1) The first objective is to assess if N isotopes can be used to identify sources of 

ammonia contributing to N deposition in RMNP. Chapter two will focus on isotope 

characterization of emission sources and receptor sites.  

 

2) The second objective of this research is to develop and adapt a laboratory system 

capable of studying ammonia emissions from soil surfaces, such as, CAFOs and 

RMNP. Chapter three focuses on analysis of ammonia emissions from soils in sub-

alpine ecosystems and effects of ammonium wet deposition on short term 

enhancement of ammonia emission. 

 

3) The third objective is to measure the Henry and acid dissociation constants in animal 

waste. Chapter four focuses on measurements of Henry constants and acid 

dissociation constants in CAFO matrices. Chapter five focuses on determining 

reaction rates and activation energy of urea hydrolysis within the CAFO matrices. 
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CHAPTER TWO 

Assessing the Efficacy of Nitrogen Isotopes to Distinguish Colorado Front Range Ammonia 

Sources Affecting Rocky Mountain National Park 
1
 

 
 
 

2.1 Introduction 

Reactive nitrogen (Nr) is produced in increasing amounts as a result of to the demands on 

energy consumption (combustion of fossil fuels, etc.) and food production (fertilizer production, 

etc.) (110). Moreover, Nr originates from many different sources including transportation, 

agriculture, power plants and industry (41). Nr plays a pivotal role in numerous ecosystem 

properties by restraining productivity (42). Inputs of Nr into elevated ecosystem often lead to 

increased productivity resulting in eutrophication; continuous introduction of Nr can cause high 

levels of nitrate in surface water and soil acidification (43, 44). Nr is deposited into ecosystems 

by wet deposition and dry deposition. Deposition of Nr has been demonstrated in the western 

United States due to increases in human activity including agricultural, industrial and suburban 

development (26, 41, 111).  

Ammonia is one form of nitrogen (N) and is the most abundant basic gaseous species in 

the atmosphere (112). Primary sources of ammonia are livestock production, fertilizer use, and 

fossil fuel consumption (41). Ammonia plays an important role in neutralizing acidic gases 

(nitric acid and sulfuric acid) through the formation of aerosols (113). Different atmospheric 

residence times have been reported for ammonia gas and ammonium aerosols (114, 115)

                                                           
1 The work presented in Chapter 2 was modified from prepared documents for submission to the Journal of 

Atmospheric Environment. Special thanks to Dr. Jay Ham, Dr. Doris Chen, Christina Williams, Dr. Katie Benedict, 

Damaris Roosendaal,
 
Dr. Jeffrey L. Collett, Jr., and Dr. Gina McKee. Work presented herein includes denuder 

preparation, extraction, and concentration measurements by Dr. Doris Chen, and mapping by Dr. Gina McKee 
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Aerosol particles have low deposition velocities and long transport compared to gases with 

reported travel distances as high as 2500 km which may result in negative effects in pristine 

areas (36, 37). Moreover, ammonia and ammonium are water soluble and can be scavenged 

within cloud droplets or scavenged in falling precipitation below the cloud. 

In particular, sub-alpine ecosystems are vulnerable to small increases in N deposition, 

which can lead to negative effects at rates as low as 3-5 kg N ha
-1

 yr
-1

 compared to background 

rates at 0.2 kg N ha
-1

 yr
-1

 (46, 52, 116). RMNP is one such ecosystem adversely affected by 

increases in Nr. East of RMNP is home to one of the most rapidly expanding human populations 

in the country (48) and northeastern Colorado is one of the most productive agricultural regions 

in the United States (50). Recent studies have investigated the sources of Nr in RMNP and it was 

reported that wet deposition of ammonia, nitrate, dry deposition of ammonia, and wet deposition 

of organic N were the most important N inputs (3, 4, 56, 57).  

These studies found that upslope conditions caused by mountain-valley cycles, or 

synoptic forcing, or both, resulted in large deposition events that primarily affected areas east of 

the continental divide. Thus, the east side of RMNP was exposed to higher rates of N deposition 

compared to the west side (44, 117). Both measurements and modeling are unable to completely 

identify sources of Nr (3, 118, 119). There is still uncertainty as to how much each source type 

(native, agricultural, industrial, mobile sources, etc.) contributes to Nr deposition in RMNP.  

The use of N isotopes has shown promise in its ability to distinguish N sources (8, 68). 

Moreover, isotopic tracers of N measured in precipitation, surface water, and gas samples have 

shown promise in identifying emission source contributions, transport, deposition, and/or 

ecosystem shifts (14, 59, 62, 80-83, 85). However, the use of these N isotopes in the past has 
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been limited due to analytical techniques requiring large sample volumes, with low throughput, 

and high labor cost.  

The major goal of this study is to determine whether the isotopic signature of N can be 

used as a tracer for ammonia deposited in RMNP by various sources within Colorado. 

Furthermore, gaseous and aerosol concentrations, and wet deposition were monitored in RMNP 

to assess if temporal trends in N wet deposition were correlated to the observed isotopic values. 

2.2. Materials and Methods 

2.2.1 Study Sites and Sample Preparation 

The study was conducted from May 2011 to October 2011. Sites were chosen based on 

the following criteria: all sites 1) must be near a weather station to access local environmental 

conditions, and 2) must represent a known or suspected source of ammonia or a possible 

transport pathway. Figure 2.1 shows the eight field locations and Table 2.1 includes site 

descriptions. All gaseous ammonia samples were collected using phosphorous acid impregnated 

polyethylene cartridges (Sigma Aldrich, RAD168, Saint Louis, MO) within porous diffusive 

bodies called radiellos (Sigma Aldrich, RAD1201) mounted inside inverted high density 

polyethylene (HDPE) buckets. The radiello is a cylindrical passive sampler composed of an inner 

phosphorous acid impregnated polyethylene adsorbing cartridge surrounded by a highly 

resistant, porous polypropylene diffusive body (http://www.radiello.com/english/index_en.html) 

and has been adopted by the National Atmospheric Deposition Program (NADP) to monitor 

gaseous ammonia concentrations across the US. This design allows the samplers to be exposed 

for long integration periods, as well as, be able to tolerate high concentration environments. 
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Figure 2.1. Topographical map of radiello locations in the Colorado front range. Sites 

are shown in white stars. Land usage is shown in the legend on the right. Shown with 

permission from Dr. Gina McKee. 
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Table 2.1. Site descriptions for all ammonia sampling radiello locations denoting site 

type, latitude, longitude, and elevation. Precipitation samples were collected at RMNP 

and Loch Vale Watershed *denotes Loch Vale Watershed operated by the National 

Trends Network (CO98). 

Site Name Site Type Latitude Longitude 
Elevation 

(m) 
Site Description 

RMNP Receptor 40.2783° -105.5457° 2784 
Pristine ecosystem 

11 km SSE of Estes Park 

Beef Cattle 
Animal 

Production 
40.4434° -104.5953° 1420 

Perimeter of feed yard 

within 10 m of holding 

pen 

Dairy Cattle 
Animal 

Production 
40.7160° -105. 0226° 1585 

Center of operation 

between milking parlor 

and housing 

Urban 
Urban/Mobile 

Sources 
39.7040° -104.9976° 1580 

Commercialized area 

near busy interstate 

Wastewater 
Wastewater 

Treatment 
39.8098° -104.9558° 1580 

Center of WWTP 

treating both industrial 

and residential 

Cropland Agricultural 40.4746° -104. 7080° 1449 

Rural location between 

two small towns, 

surrounded by cropland 

Foothills Transport 40.3219° -105. 0770° 1533 
Rural near no known 

ammonia source 

Loch Vale  

Watershed* 
Receptor 40.2878° -105.6628° 3159 

Pristine ecosystem east 

of continental divide 
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Radiellos were deployed for two week, and monthly integrations, or both. Samples were 

collected from both beef and dairy CAFOs, cropland, a major wastewater treatment plant 

(WWTP), treating both industrial and residential waste, near a busy interstate/commercialized 

area (urban), at a rural location (foothills) with no known ammonia sources, and within RMNP. 

All radiello sites are within approximately ninety km of RMNP. Upon collection, samples were 

transported to the lab and extracted using 18.2 MΩ water, and kept frozen until analysis. 

Additionally, at the RMNP site, weekly integrations of NH3, HNO3, and SO2 gas concentrations 

and NH4
+
, NO3

-
, SO4

2- 
aerosols were collected using URG (Chapel Hill, NC) annular 

denuders/filter packs (120). Air was drawn (10 L min
-1

) through a Teflon-coated cyclone (D50 

=2.5µm) and passed through two annular denuders followed by a filter pack, and a backup NH3 

denuder. The first denuder was coated with sodium carbonate for collection of nitric acid and 

sulfur dioxide (56). The second denuder and backup denuder were coated with phosphorous acid 

for collection of ammonia gas. The filter pack collects particles using a Nylon (PALL nylasorb, 1 

μm) filter. The backup denuder collects any volatilized ammonia off the nylon filter (63). 

Weekly integrations of wet deposition were collected using an automated precipitation collector 

(N-CON Systems Company, 00-120-2, Crawford, GA).  

2.2.2 Chemical Extraction and Analysis 

Radiello cartridges were soniciated in 18.2 MΩ water and analyzed following the 

Ammonium Monitoring Network (AMoN) protocol (http://nadp.sws.uiuc.edu/nh3Net/). 

Ammonium was measured using an ion chromatograph (Dionex, ICS 2100, Sunnyvale, CA,) 

utilizing a CS-12a analytical and guard column for separation, a CSRS 300 4-mm suppressor, 

and a DS6 heated conductivity detector. Radiellos have been shown to underestimate 

ammoniaconcentrations by 37% at low (<8 ppbv) concentrations (121) and 15%  at 20 ppbv 
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(122). Thus, all ambient ammonia concentrations (ppbv) were determined using equation 2.1 

with a corrected flow rate (Q) using ambient temperature and pressure (122).  

            
       

    
         

      

      
                               (Eq 2.1) 

2.2.3 Isotope Preparation and Analysis 

The radiello extracts should contain primarily ammonium; however, all wet deposition 

samples contain other forms of N, such as, nitrate and organic N. To ensure accurate 

measurements of only ammoniacal-N, the aqueous samples were diffused onto acid impregnated 

filters (5). A filter pack was created using two Teflon membranes (Millipore, LCWP02500, 

Darmstadt, Germany) and a phosphorous acid (Acros-Organics, AC20115-5000, Geel, Belgium) 

impregnated Whatman 42 filter. Ammonium samples were placed in HDPE bottles, made 

brackish by adding ACS grade sodium chloride, a filter pack was added, and the samples were 

adjusted to a pH of 9.4 by adding ashed ACS grade magnesium oxide. Bottles were shaken for 

two weeks at 40 °C in an incubated shaker. Isotopic standards USGS-25 and IAEA-2 were 

diffused to correct for isotopic fractionation during the diffusion process. The N isotopes of 

ammonium impregnated filters were determined at Colorado State University by a Carlo Erba 

NA 1500 (Milano, IT) elemental analyzer coupled to a VG Isochrom continuous flow Isotope 

Ratio Mass Spectrometer (IRMS) (Isoprime Inc., Manchester, U ). δ
15
N‰ is calculated 

according to equation 1.3. Due to the constraints caused by low masses in some radiello samples, 

ammonium samples were oxidized to nitrite using a hypobromite solution (62, 123). Nitrite 

samples were denitrified to N2O using Pseudomonas aureofaciens (124) and analyzed on a Delta 

V isotope ratio mass spectrometer interfaced to a GasBench online gas preparation and 

introduction system at University of California-Riverside. 
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2.2.4 HYSPLIT Modeling 

HYSPLIT (http://ready.arl.noaa.gov/HYSPLIT.php) modeling was used to assess source 

area influences during each wet deposition integration period (125-129). Twenty-four hour back 

trajectories were modeled using North American Mesoscale at a 12-km resolution (NAM12) 

starting at 500 m above the earth surface modeling vertical velocity. This resulted in eight 

trajectories for every 24 hours period originating near Berthoud, CO, USA (40.31°, -105.08°) 

location. Back trajectories were modeled for all weeks wet deposition was collected in RMNP.  

2.3. Results 

2.3.1 Ammonia Concentration 

The average ammonia concentrations fall into two groups 1) CAFO sources and 2) other 

sources (Figure 2.2). CAFO sources had the 1
st
 and 2

nd
 highest average ammonia concentrations, 

ranging from 183 ppbv to 717 ppbv; over an order of magnitude larger than non-CAFO sources. 

Beef cattle average ammonia concentration decreased over the sampling period with the highest 

concentration nearly four times larger than the lowest concentration. Wastewater treatment 

plant’s average ammonia concentration was third highest among sampled sites (24.1 ppbv), and 

showed variability with the highest concentration in late July. Cropland exhibited similar trends 

with an average concentration of 16.0 ppbv. The ammonia concentration at the foothills site 

decreased over the sampling period with ambient concentrations between 6.24 and 12.2 ppbv. 

Urban sources had the second lowest average ammonia concentration (7.05 ppbv) and 

demonstrated no overall trend over the study. The ammonia concentration at the RMNP 

remained low with an average of 0.565 ppbv and a range of 0.392 to 0.933 ppbv. No significant 

difference  was observed for average concentrations between two week and monthly integrations  
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Figure 2.2. Time series of ammonia concentration (n=2,4) over the study period, 

(May-Oct. 2011). Points represent two week integration periods, except for 

RMNP−monthly integrations.  
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(p < 0.05). Trace gases and aerosols were collected in RMNP to assess phase apportionment 

(Figure 2.3). The mean concentration of ammonia collected from annual denuders was 0.628 

ppbv and ranged from 0.551 to 0.701 ppbv. Average ammonia concentrations collected from 

denuders and radiellos were not significantly different for monthly integrations (p = 0.048). Gas 

fractions (NH3/(NH3+NH4
+
), HNO3/(HNO3+NO3

-
), SO2/(SO2+SO4

2-
) μmol m

-3
/ μmol m

-3
) of 

total gas and aerosol concentrations ranged from 0.28 to 0.69, 0.23 to 0.66, and 0.22 to 0.93 for 

NH3, SO2, andHNO3, respectively. The ammonia fraction varied over the sampling period and 

was correlated to average temperature (r
2
 = 0.65; p < 0.001). Total concentrations (gas and 

particle phases) ranged from 0.017 to 0.041, 0.005 to 0.023, and 0.003 to 0.010 μmol m
-3 

for 

reduced N, sulfur species, and oxidized N, respectively. The average total concentrations for 

NH3/NH4
+
, SO2/SO4

2-
, and HNO3/NO3

-
 were 0.686, 0.435, and 0.163 ppbv, respectively. 

Investigating particle correlations, the NH4/(SO4+NO3) (μe  m
-3
/ μe  m

-3
) ratios were close to 1, 

varying from 0.70 to 1.1 (Figure 2.4). In contrast, the NH4/NO3 ratios varied widely (2.9 to 20) 

over the study period; however, ammonium is strongly correlated with sulfate (r
2
 = 0.65; p 

<0.001). NH4/SO4 (μe  m
-3
/ μe  m

-3
) ratios vary from 0.80 to 1.6 with the larger ratios occurring 

early in the study (May). 

2.3.2 Ammonia Isotope Ratios 

Ammonia isotopes were measured to assess if differences existed among sources to 

allow for tracking of ammonia pollution (Figure 2.5). Table 2.2 summaries all the sources 

characteristic observed over the study. This study showed a spread of δ
15
N‰ values from 

various different sources, however, all sources, on average, are depleted in 
15

N. Beef cattle, dairy 

cattle, and cropland mean isotopic values were -20.9‰, -28.2‰, and -26.4‰, respectively. 

Moreover,  the  WWTP  was  the  most  depleted  at  -35.7‰.  The  urban  site was near a busy 
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.  

Figure 2.3. Average weekly speciation of 

ammonia/ammonium, sulfur dioxide/sulfate, and nitric 

acid/nitrate (μmol m
-3
/μmol m

-3
) from URG samplers at the 

RMNP site. Total gas and particle concentration (μmol m
-3

) is 

shown on the right axis. July 18
th

 is unavailable because of an 

electric outage during sampling. 
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Figure 2.4. Average weekly particle ratios demonstrating ammonium association 

with sulfate, nitrate, and total sulfate and nitrate. Ammonium to sulfate (blue) and 

ammonium to total sulfate and nitrate (red) are shown on the left axis. Ammonium to 

nitrate (green) is shown on the right axis.   

Table 2.2. Average values of two week and monthly integrations of δ15
N-NH3 (‰) 

values for gas sampled from radiellos.  Standard deviation is the pooled value from 

δ15
N (‰) analysis and radiello samples. 

Site Name 

Two Week Sample Month Sample 

Average 

(‰) 

Standard 

Deviation 

(‰) 

Sample  

Value 

(n) 

Average 

(‰) 

Standard 

Deviation 

(‰) 

Sample  

Value 

(n) 

Urban -16.9 8.5 15 -17.4 9.2 5 

Foothills -22.4 7.3 13 -22.0 8.8 5 

Cropland -26.4 2.9 9 -22.9 3.0 5 

Wastewater 

Treatment -35.7 3.4 10 
-33.8 3.8 7 

Dairy Cattle -28.2 3.7 15 -26.0 4.0 7 

Beef Cattle -20.9 3.6 16 -21.0 3.2 6 

RMNP - - - -29.9 3.7 8 
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interstate/urbanized area and attempted to capture mobile sources. The urban site had the highest 

values at -16.9‰, while the foothills site was -22.4‰. RMNP was the second most depleted site 

at -29.9‰. Many δ
15
N‰ samples were significantly different and are summarized in Table 2.3 

(p < 0.05). In general, agricultural related sources have limited variation throughout the study 

period. However, the foothills site exhibited a bi-modal distribution early in the study period 

ranging from  -6.1‰ to -28.0‰ (Figure 2.6). Urban showed one large outlier at 11.0‰ at the end 

of June. The monthly integration during this period (-1.18‰) showed the same behavior. 

Comparisons between monthly to two-week isotopic values were not significantly different (p < 

0.05).   

Figure 2.5. Comparison ammonia nitrogen isotopes for radiello sites sampled from 

two-week (circle) and monthly (crossed-diamonds) integrations in the Colorado 

Front Range. 
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Table 2.3. Significant δ15
N‰ source difference over the study. All sources except 

RMNP were compared by two-week samples. RMNP was compared to monthly 

δ15
N‰ values.    x indicates redundancy, * indicates significantly different, and no 

symbols indicates not significantly different. 

 Urban Foothills Cropland 
Wastewater 

Treatment 

Dairy 

Cattle 

Beef 

Cattle 

 
RMNP 

Urban x x x x x x  * 

Foothills  x x x x x  * 

Cropland *  x x x x  * 

Wastewater 

Treatment 
* * * x x x 

 
 

Dairy Cattle * *  * x x   

Beef Cattle   * * * x  * 
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2.2.3 Ammonium Isotope Ratios in RMNP Wet Deposition  

In addition to gaseous δ
15

N-NH3 measurements, collected wet deposition was measured at 

the RMNP receptor site for thirteen of the twenty-six monitored weeks (Figure 2.7) to assess 

changes in source contributions. In general, δ
15

N-NH4
+
 values at the RMNP site remained 

between -3.2‰ and -8.9‰, however, the weeks of May 9
th

 (-15.2‰) and 16
th 

(-12.7‰) 

illustrated much lower values compared to the study period. Moreover, samples from Loch Vale 

Watershed (National Trends Network, CO89) were obtained for comparison to the RMNP site 

(Figure 2.7). Loch Vale Watershed lies 374 m higher than the RMNP site. The number of 

samples (n=4) analyzed was smaller due to lower ammonium deposition at Loch Vale 

Watershed;  however  similar trends in weekly  deposition were observed (Figure 2.8).  With this 

 

Figure 2.6. δ15
N-NH3 (‰) isotopic values for two week integrations at each sampling 

site from June to October 2011.  RMNP (green) represents monthly integrations. 
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Figure 2.7. Comparison of nitrogen wet deposition measured in RMNP during the field 

study of 2011. Ammonium isotopes from Loch Vale Watershed (orange circle) and 

RMNP (gray circle) wet deposition are shown on the right axis. Ammonium (red), 

nitrate (blue), and sulfate (green) collected in wet deposition. 
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limited information, the δ
15
N‰ values exhibited similar values when comparing week to week 

including the week of May 9
th

. Only the July 4
th

 δ
15
N‰ values differed more than analytical 

error (0.73‰) (5) between RMNP and Loch Vale Watershed. 

2.4 Discussion 

2.4.1 Gaseous and Aerosol Concentrations 

Average ammonia concentrations measured at feedlots were similar  compared to other 

measurements (93.3 – 2011 ppbv) at similar sites (13, 130-134). Factors affecting ammonia 

concentration beyond meteorology include sampling height, changes in site management 

practices, and number of animals (133). This sampler was placed on the perimeter of the site 

within 10 meters of the pens. The beef feedlot pen nearest to the sampler was emptied early in 

 
Figure 2.8. Weekly wet deposition of ammonium (red), nitrate (blue), and sulfate 

(green) at Loch Vale Watershed during the study period in 2011. Data was compiled 

from National Trends Network (Site CO98). 
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the study which most likely had an effect on the average ammonia concentration over the study 

period.  

Wastewater treatment and cropland ammonia concentrations varied over the sampling 

period. Wastewater ammonia concentrations were correlated with average temperature at the site 

(r
2
 = 0.41; p = 0.045). Wastewater and cropland ammonia concentrations were higher than other 

sources of ammonia, excluding animal production. To our knowledge, no gaseous ammonia 

concentrations have been reported previously in the literature from a WWTP. The average 

cropland ammonia concentration (16.0 ppbv) in this study was slightly higher to previous 

measurements over various cropland (3.2 -11 ppbv), however, it is unknown if these areas in this 

study were fertilized during the study period (135). Moreover, this study closely matched rural 

agricultural concentrations (10 ppbv) measured at similar sites in the Front Range (122). 

Urban, foothills, and RMNP ammonia concentrations varied little over the sampling 

period. Urban ammonia concentrations were similar to background urban concentrations 

(average = 5.2 ppbv) measured within a park in Rome, Italy (136), but were larger than street 

level concentrations (2.4-3.8 ppbv) measured in Manchester, UK (137). Furthermore real-time 

measurements of ammonia measured in Georgia, USA from car exhaust were lower on average 

(1.35-3.32 ppbv) (138). The foothills site is probably more analogous to measurements in rural 

areas not associated with agriculture in the Front Range. Measurements were found to be less 

than 8.6 ppbv (6 μg m
-3

) (122) while measurements in a suburban area were 5-7 ppbv (0.2-0.3 

μmol m
-3

) (57).  

RMNP average ammonia and ammonium concentrations were low in comparison to all 

other regions; although, they were similar to measurements made previously at this site (3, 56, 

57, 139). Moreover, concentrations of sulfur dioxide, sulfate, nitric acid, and nitrate were similar 
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to measurements made at the site by CASTNET (ROM 406). The strong correlation between 

ammonium and sulfate compared to ammonium and nitrate can be explained by the phase 

equilibria of these particles. Ammonium nitrate equilibrium is to be dependent on humidity and 

temperature affecting partitioning with the gas phase (39). Ammonium sulfate is not sensitive to 

changes in humidity and temperature (40) under atmospheric conditions. Humidity and 

temperature have opposing diel trends. This behavior will enhance ammonium nitrate 

partitioning to the gaseous nitric acid and ammonia of during daytime hours. Ammonium nitrate 

partitioning to gaseous forms resulting from increases in temperature and deceases in humidity 

will decrease the NO3
-
/NH4

+
 ratio and reinforce the observed correlation between ammonium 

and sulfate aerosol. 

Variation in wind direction and wind speed can drastically affect the concentration and 

conse uently δ
15
N‰ results in mixed source areas. Meteorological effects on average ammonia 

concentration can be large especially near strong emitters. Because of variable wind directions, 

samplers were placed near the center of operations when possible. Nevertheless, it can be 

difficult to speculate as to the cause of increasing or decreasing trends in ammonia concentration.  

2.4.2 Gaseous Ammonia Isotopes 

Confined animal feeding operations, wastewater treatment, and cropland had similar 

isotopic values which were expected since the mechanisms for ammonia production and loss are 

similar (Figure 2.5). Most likely, these source’s emissions were dominated by transformation of 

urea to ammonium by urease activity and/or breakdown of organic matter followed by ammonia 

volatilization. Both of these processes support depletion of the heavier isotope (
15

N) in the 

gaseous product (13).  
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Urban isotopic values were significantly different than some agricultural sources. The 

isotopic values exhibited a large range (-21.5 to 11.0 ‰) possibly indicating a variety of sources 

contributing at different periods. Ammonia isotope measurements conducted within urbanized 

areas are limited, however tunnel studies found vehicle exhaust to measure -4.6 to -2.2‰ (62). 

Ammonia emitted from coal combustion was found to range from -4.3‰ to -7.2‰ (7). 

Additionally, ammonia gas emitted from steel factory coking stacks was -20.1‰ (11). Although 

the average values measured here were similar to steel factories, no known steel factories were 

near the site. Furthermore, the observed urban isotopic values could be a result from movement 

of eastern agricultural air into the Denver area. It remains uncertain as to what specific sources 

would be contributing most to the collected ammonia, but aerosol formation is common in 

urbanized areas. Aerosol formation generally results in gaseous ammonia becoming depleted 

(shifts of -5 to -15 ‰) in 
15

N while the aerosol becomes enriched (shifts of +5 to  15 ‰) in 
15

N 

compared to the initial gas (64). The presence and extent of aerosol formation may be 

contributing to depleted isotopic values and the large range observed in this study. 

RMNP ammonia isotopes were the 2
nd

 lowest among studied sites. Limited isotopic 

measurements of ammonia gas have been made at pristine mountain locations. However, the 

depleted 
15

N ammonia values gases do indicate impact of depleted local gases (natural and 

anthropogenic), or aerosol formation, or both. In the literature, agriculture and ammonia 

volatilization are among the most depleted sources (Figure 1.9); therefore local sources are 

probably not significant contributors to the observed isotopic value. Upslope flow regimes can 

transport high concentrations of ammonia and ammonium into RMNP most likely contributing 

ammonia/ammonium to the airshed (57). As stated above, aerosol formation generally results in 

enrichment in aerosol phases and depletion in gaseous phase of ammonia (64). Moreover, annual 
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denuder integrations NH3 fractions were shown to be between 40%-60%, indicating the 

importance of both aerosol and gases in RMNP airshed. These non-local sources of ammonia 

and ammonium along with aerosol processing most likely result in depletion of 
15

N ammonia in 

the gas phase observed in RMNP.  

The foothills site was chosen due to its location as a rural location, as well as, the site was 

north of the city center of Denver, and in between the agricultural northeastern part of Colorado 

and RMNP. To my knowledge, no ammonia N-isotopic values were available in the literature for 

rural locations. The foothill δ
15
N‰ values have the second largest range compared to other 

sources. The foothills value could be a mixture of urban and agricultural sources; however, only 

one month (late June to early July) experienced higher isotope values compared to the rest of the 

study. The higher value observed at the foothills site did occur concurrently with the higher value 

observed at the urban site indicating a possible correlation between the two sites during this 

period. 

When applying simple mixing models, the difference in δ
15

N ratios and source variability 

strongly dictate the application of isotopic information (140). For example, when applying a two 

source model (average Ag [beef cattle, dairy cattle and cropland] versus mobile sources (62) to a 

suggested resultant mixture (foothills); fractions of 87% (Ag) and 13% (mobile) can be attributed 

using the data in Table 2.2. However, the 95% confidence intervals around the aforementioned 

fractions would be ±21%. This is in large part due to the variability within the sources and 

mixture. Differences in δ
15

N between two sources can strongly affect the confidence interval 

(140). This demonstration benefits from the large difference between the differences between the 

two sources (21.8‰), however the large variance with the source, mixture, or both, produce a 

large confidence interval (140). This demonstrates the limited use of isotopes in an 
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underdetermined system given the inherent difference between the ammonia sources and their 

variability. Moreover, a three source system using only one isotopic value is not capable of a 

unique solution. Ammonia is known to be released from a large variety of sources, and ammonia 

can be altered during transport (deposition, aerosol formation, etc.). These factors all contribute 

to an inherently undetermined system further complicating the use of δ
15

N as tracers.   

2.4.3 Ammonium Isotopes in Wet Deposition 

Previous work has shown that wet deposition is the primary pathway for N deposited in 

RMNP (3, 56). Wet deposition represents a combination of gas and aerosol (64). Thus, 

ammonium isotopes were measured in wet deposition to assess if different sources were 

contributing reduced N during the study period. The ammonium isotope values in wet deposition 

were similar for most of the 2011 study. The range of observed isotopic values agrees with 

previous studies in Pretoria South Africa, North Carolina, USA, and Chesapeake Bay, USA (14, 

64, 91), although, the lower values were most comparable to studies in areas of China and 

Germany (7, 15, 90, 92). Moreover, Loch Vale Watershed and the RMNP site exhibited similar 

δ15
N-NH4

+
, including the lower δ15

N-NH4
+
, indicating that similar sources contributed 

ammonium at various elevations.  

Beyond the role of emission source differences, many post emission processes can affect 

the isotopic distribution of N in ammonium. These processes include scavenging rate and aerosol 

formation. The rate and frequency of precipitation can affect the washout rate of ammonia and 

ammonium in the atmosphere (11, 15). Furthermore, other studies have found correlations 

between δ
15
N‰ with precipitation volume, SO2 concentration (precursor for (NH4)2SO4 

formation), and temperature (15). No trend was observed between the ammonium isotopic value 
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and SO2 concentration; although a correlation was observed between ammonium isotopic value 

with temperature (r
2
 = 0.462; p = 0.01) and precipitation volume (r

2
 = 0.308; p = 0.049).  

To investigate aerosol correlations, NH4/SO4, NH4/NO3, and NH4/(SO4+NO3) ratios were 

plotted in Figure 2.4. Ammonium and sulfate were strongly correlated over the study period with 

the exception of May 9
th

 and May 16
th

. An increase (51% and 42%) was observed in the 

ammonium/sulfate ratios during these sampling weeks, respectively. The weeks of May 9
th

 and 

May 16
th

 exhibited lower isotopic values in wet deposition. Denuder measurements of ammonia 

and ammonium show a relatively equal contribution to the total reduced N concentration (Figure 

2.3). Average ammonium and nitrate concentration remained relatively constant while average 

sulfate concentration dropped 34% and 51% (relative to the average), respectively during this 

interval. This shift in NH4
+
/SO4

2-
 ratio might be responsible for this change in isotopic 

composition. Ammonium sulfate aerosol can become enriched as much as 33‰ compared to its 

parent gas (64). The lack of sulfate associated ammonium aerosol may explain this effect; 

however, to our knowledge little is known about the aerosol isotopic equilibrium fractionation 

between NH4
+
 and NO3

-
 on ammonium-N isotopes. Another known mechanism for ammonium 

depletion in wet deposition is frequent rain events over a short interval (<3 days) due to 

preferential incorporation of the heavy isotope by exchange reactions (11). Weekly differences 

among δ15
N-NH4

+ 
sampled from wet deposition showed a relatively constant range of values 

outside of two sampling dates (May 9
th

 and May 16
th

). Post emission reactions, mixing, or lack 

thereof most likely played a role in altering the N isotope values relative to their sources thus 

limiting the use of the N isotopic composition as a standalone source tracking tool.  
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2.4.4 HYSPLIT Modeling 

To provide additional information to concentration and isotopic information, back 

trajectory models were used to identify source areas likely contributing to wet deposition in 

RMNP. HYSPLIT modeling was used to assess spatial influences during each weekly wet 

deposition integration period. Nearly all of the weeks studied had both easterly (Front Range, 

CO) and westerly influences. Figure 2.9 shows back trajectories for the week of May 16
th

, 

2011where a low ammonium-N isotope value (-12.7‰) was observed in the wet deposition. 

Figure 2.10 shows back trajectories for the week of July 11
th

 representing the largest observed 

deposition of N in this study. Both of these weeks (May 16
th

 and July 11
th

) experienced similar 

amount of precipitation (51.7, 44.9 mm), however, the amounts (0.13, 0.52 kg N ha
-1

 week
-1

) and 

apportionments of N were largely different with ammonium and organic N dominating on May 

16
th

 and July 11
th

, respectively. 

Furthermore, both of these periods showed large contributions from east of RMNP. One 

observed difference was the residence time of easterly air within the Front Range or near RMNP 

before wet deposition was observed in RMNP. This delay between sources of ambient 

ammonia/ammonium moving into more urbanized areas near RMNP and precipitation in RMNP 

should allow for aerosol formation. This will result in depleted gaseous ammonia and enriched 

ammonium in aerosol given adequate time. Moreover, ammonia gas has a higher deposition 

velocity than ammonium aerosols resulting in an increased fraction of aerosol; correlation 

between elevation and percent aerosol was observed in previous work (57). These chemical and 

physical processes would most likely cause enrichment in 
15

N in the airshed compared to source 

emissions. 
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Figure 2.9.  HYSPLIT 24 hour back trajectories from Berthoud, CO (40.32° N, 105.08° W) for May 16
th

 , 18
th

, and 20
th

, 2011. 

Each trajectory begins every 3 hours resulting in 8 trajectories in total. Rainfall occurred in RMNP on May 18
th

, 19
th

, and 20
th

.   



 

55 

 

 

Figure 2.10. HYSPLIT 24 hour back trajectories near Berthoud, CO (40.32° N, -105.08° W for July 14
th

, 15
th

, and 17
th

. Each 

trajectory begins every 3 hours resulting in 8 trajectories in total. Rainfall occurred in RMNP on July 15
th

, 16
th

, and 17
th

.   
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During the week of May 16
th

, 2011, the ammonium/sulfate ratio increases from the 

overall trend indicating ammonium aerosol association with other species (nitrate or organics). 

However, organic N was low during this period compared to other deposition weeks. It is likely 

that the short residence (<24 hours) time does not allow for ammonia gas to deposit via dry 

deposition, ultimately resulting in the observed low ammonium isotope value. During nearly all 

weeks easterly flow patterns were observed. However, the long residence time of 

ammonia/ammonium in the Front Range area (>24 hours) may allow for a shift towards 

ammonium sulfate associated aerosol and dry deposition of ammonia gas. The NH4
+
/SO4

2-
 ratios 

during the week of July 11
th

, 2011was very close to 0.87, near the average (1.07) observed over 

the study, indicating possible aging of the aerosol. Furthermore, the ON fraction was the largest 

amongst the three forms of N (NH4
+
, NO3

-
, ON) indicating influences of different sources and 

aging of air since water soluble organic N is primarily made through secondary processing in the 

atmosphere (141, 142). HYPSLIT modeling, ammonium sulfate association, and the large 

amount of organic N likely explain the observed isotopic enrichment. 

2.5. Conclusions 

Evidence of ecosystem shift is evident in Rocky Mountain National Park (RMNP) due to, 

in part, deposition of reactive nitrogen (Nr). Identifying the most likely sources of Nr is a 

priority, but inherently challenging. Thus, the major goal of this study was to determine if 

δ
15
N‰ measurements of ammonia and ammonium at various emission sources as well as in 

RMNP could be used to elucidate the most probable source contribution in order to help guide 

future N management strategies. δ
15

N-NH3 ratios at agricultural sites were similar to each other, 

WWTP δ
15

N-NH3 ratios were the most depleted, foothills δ
15

N-NH3 ratios were similar to Ag 
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suggesting a transported agricultural influence, and urban δ
15

N-NH3 ratios were the highest, but 

lower than previous work suggesting Ag source influence. RMNP δ
15

N-NH3 ratios overlapped 

Ag sources but were more depleted, consistent with depletion from aerosol formation known to 

be important at this elevated site. 

Moreover, δ
15

N-NH4
+
 measured in wet deposition at RMNP did demonstrate variability 

during the study period. However, the complexity of interacting sources, phase partitioning, and 

scavenging made interpreting these ratios challenging. δ
15

N-NH3 ratios had limited use as a 

standalone tracer for ammonia released from different sources and wet deposition in RMNP; 

most likely due to post emission reactions and mixing prior to deposition in RMNP. The 

challenges associated with an inherently underdetermined system (many source types and only 

one isotope parameter) in combination with the process influence (e.g., from aerosol formation) 

make standalone use of the isotope information challenging. With some assumptions, however, 

(e.g., averaging similar Ag values together; ignoring isotopic depletion from aerosol formation) 

you can gain some insight into the likely importance of different source types (e.g., Ag vs. 

mobile source emissions) and check source apportionment findings from other approaches. 

Recommended future studies should include investigating isotope fractionation ammonium 

nitrate versus ammonium sulfate aerosol formation, higher temporal resolution in δ
15

N-NH4
+
 

deposited in wet deposition, and parallel measurements of δ
15
N‰ in gaseous ammonia and 

ammonium aerosols.  
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CHAPTER THREE 

Ammonia Emissions from Sub-Alpine Forest and Mountain Grassland Soils
2
 

 

 

 

3.1 Introduction 

The amount of reactive nitrogen (Nr) has continued to increased due to human activity 

(110). Nitrogen (N) emissions come from many sources including transportation, agriculture, 

power plants and industry (41). Among the forms of reactive N, ammonia is an important basic 

gaseous species in the atmosphere affecting air quality (112). Ammonia, emitted from both 

biogenic and anthropogenic sources, often reacts with sulfuric acid and nitric acid to form 

aerosols (113). The formation of aerosols increase the lifetime and thus results in transport and 

deposition of Nr over long distances (2). These reactive forms of N can be deposited into 

sensitive ecosystem away from their emission sources (42, 43). In particular, rapid expansion of 

urbanization has increased N deposition in the western United States (143). Predicted N 

deposition rates in the Colorado Front Range vary from 1 to 7 kg N ha
-1

 yr
-1

 (51). Recently, 

reported N deposition values were 3.65 kg N ha
-1

 yr
-1

 (4). Current deposition exceeds the critical 

load for diatom populations, 1.5 kg N ha
-1

 yr
-1

 (46) and vegetation, 3.0 kg N ha
-1

 yr
-1

 (144), 

which could adversely affect sensitive ecosystems within RMNP. 

The Colorado Front Range (Cheyenne, WY to Colorado Springs, CO) has a rapidly 

expanding human population that adjoins an agricultural region (49, 50) and lies east of the 

Rocky Mountains. Sub-alpine mountain ecosystems bordering the Front Range are vulnerable to 

                                                           
2 The work presented in Chapter 3 was modified from documents submitted to the Journal of Atmospheric 

Environment. Special thanks to Damaris Roosendaal, Dr. Jay Ham, Christina Williams, Dr. Jeffrey L. Collett, Jr., 

and Kira Schonkwiler-Arnold.  
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small increases in N deposition (e.g., 3 to 5 kg N ha
-1

 yr
-1

 ) (44). Observed negative impacts  

include eutrophication and acidification that can affect surface water, soil chemistry, lake diatom 

communities, and decreased biodiversity (52). These observations led to the RMNP Initiative, 

whose goal is to study and recommend action on air quality issues facing the park. As part of this 

goal, the RMNP Initiative has developed a plan to reduce N deposition to 1.5 kg N ha
-1

 yr
-1

 by 

2032 (145). 

The Rocky Mountain airborne nitrogen and sulfur study (RoMANS) study was conducted 

in 2006 to improve the understanding of N and sulfur deposition, their forms, and their sources 

(3). The RoMANS study, used both measurement and modeling to suggest that local sources 

contributed 32% of the reduced N wet deposition (18% of total N deposited) during the summer 

study period (3). Local sources encompass the area of RMNP and are designated as naturally 

occurring ammonia emission from terrestrial and aquatic ecosystems within the park (3), with 

soils being a likely contributor. Source apportionment was conducted using a “weight of 

evidence” approach by comparing results from varying analyses. RoMANS investigators 

observed a repeating diurnal pattern in gaseous ammonia concentration within the park 

suggesting a local temperature-dependent source may be present. (3). However, several 

processes can contribute to the diurnal concentration cycle, including: mountain-valley flow 

regimes, bi-directional behavior from vegetation, and diel temperature-dependent emissions from 

soils, etc. (118, 146, 147).  

Ammonia is produced in soils by mineralization of organic matter and N fixation. 

Ammonia can sorb to various soil constituents, undergo nitrification, or volatilize into the air. 

Previous studies have investigated ammonia deposition/emission from managed grasslands and 

native forests using micrometeorological techniques. (148-151). These tower-based techniques 
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measure the inputs into and out of a forest or grassland ecosystems by measuring above the 

forest canopy or grassland vegetation. Ammonia deposition and emission varied from –14.1 to 

4.7 mg NH3-N m
-2

 day
-1

 (
 
–0.163 to 0.055 μg NH3-N m

-2
 s

-1
)
 
over coniferous forest canopies, and 

–17.3 to 8.64 mg NH3-N m
-2

 day
-1

 (-0.200 to 0.100 μg NH3-N m
-2

 s
-1

)
 
for grasslands (148, 149, 

151, 152). Previous studies have also reported net emissions based on bi-directional 

measurements for both non-agricultural grassland (0.3 kg N ha
-1

 yr
-1

) and fir forest (0.05-0.14 kg 

N ha
-1

 yr
-1

) ecosystems (32, 153, 154). Limited research has been conducted to determine 

ammonia emissions directly from the forest floor. Chamber-based studies reported a large range 

from 0.002 mg NH3-N m
-2

 day
-1

 (0.09 kg NH3 km
-2

 month
-1

) to 9.0 mg NH3-N m
-2

 day
-1

 (≈3.3 kg 

NH3 ha
-1

 month
-1

) for ammonia emissions from pine forest soils (155, 156).  

Due to the uncertainty in ammonia fluxes from native soils, the goal of this study was to 

determine the magnitude of ammonia loss in a emission oriented laboratory chamber apparatus 

from intact soils collected from native sub-alpine grasslands and forests in the RMNP. A sub 

objective was to investigate the effects of N wet deposition on short term enhancements of soil 

ammonia emissions. Ammonia emissions from native grassland and forest soils will be put into 

perspective of measured wet deposition.  

3.2 Materials and Methods 

3.2.1 Sample Site, Sample Collection, and Preparation 

The sampling location was adjacent to Longs Peak Trailhead, Colorado, USA, located 

roughly 11 km SE of Estes Park, Colorado at 2,743 m above mean sea level. Previous studies 

have been conducted at this location (CASTNET ROM 406) allowing for comparison and access 

to meteorological information (3, 56, 57, 118, 119, 139). Annual average precipitation at the site 
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is 405 mm while seasonal average air temperatures range from 14 °C in summer to -4.3 °C in 

winter. This location has forested and mountain grasslands areas in close proximity. The forest 

soil samples consisted of alfisols (mixed, superactive, Ustic Haplocryalfs) dominated by 

Lodgepole pine (Pinus latifolia) and Aspen (Populus tremuloides) trees. The sampled forest soils 

included the Oi, A1, and partially the A2 horizons composed of decomposed plant material, 

gravelly loam, and a gravelly sandy loam, respectively. The grassland soil samples consisted of 

inceptisol soils having a mica rich sub-surface (paramicaceous, shallow Ustic dystrocryepts). 

Montane grasslands are usually dominated by Leucopoa kingii and Muhlenbergia montana in the 

Colorado Front Range (157). The sampled grassland cores included the Oe, A1, and partially the 

Bw horizons composed of moderately decomposed plant material and organic matter, coarse 

gravelly sandy loam, and a very gravelly sandy loam, respectively.  

Soil samples were taken every two weeks starting on June 20
th

, 2011, and ended on 

September 12
th

, 2011; for a total of seven sampling dates over the summer. Six intact soils from 

each soil type were taken along a 25 m transect. The forest and mountain grassland transects 

were 100 m apart. Intact forest and grassland cores were taken from the soil surface using a 

12.7-cm deep and 12.7-cm diameter sharpened steel ring. The soils (referred to as cores) were 

carefully removed from the soil with litter/vegetation as to not disturb the soil surface. The 

sampled cores were wrapped in foil and placed into low density polyethylene (LDPE) bags. 

Bagged cores were placed in a cooler for transport and promptly prepared for the experiment at 

the laboratory. 

3.2.2 Chamber Measurements 

The multi-chamber system was modeled based on the system used (158) to study soil 

ammonia emissions from livestock systems (Figure 3.1) (more information in Appendix 1). The 
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air supply for the chambers consisted of a compressor pump(Marathon Electric, M550NGX, 

Wausau, WI) that routed air through a water bubbler assembly that was submerged in a chilled 

water bath for dew point control. The supply air bubbled through two, half-full 1.5-L water 

bottles chilled to 11.5 C (i.e., the desired dew point temperature) which equated to a relative 

humidity (RH) between 44 and 54 %. The temperature and humidity entering the chambers were 

verified and logged using a temperature and humidity data logger (Onset Corporation U23-001, 

Bourne, MA) placed in the blank chamber. The source air was routed to an ammonia scrubber 

(Purafil: Puracarb AM Media, Doraville, GA) and directed to flow meters (Dwyer, 

GFM2110AIR, Michigan City, IN) connected to the soil chambers.  

Twelve modified vacuum desiccators (Scienceware, 420200000, Wayne, NJ) served as 

chambers (Fig.1b) in which the walls were coated with fluorinated ethylene propylene (FEP) 

tape (CS Hyde, 23-FEP-1.5-36, Lake Villa, IL) to limit ammonia sorption. The intact soil cores 

 

 

Figure 3.1. Schematic of the dynamic flow-through chamber apparatus (a), and 

schematic of a modified dessicator showing fitting modification and position of steel 

ring containing intact soil core (b). Bottom of steel ring was sealed to prevent 

interaction with airflow. 

a b 
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were centered in the desiccators inside the steel ring that was set flush with top of the core (i.e., 

creating a flat horizontal surface across the entire chamber). Prior to installing the soil core, the 

bottom of the core was sealed with 2 L LDPE plastic bags taped to the side of the steel rings to 

prevent ammonia volatilization. The soil experiments were performed at flow rates of 5 L min
-1

 

or 3.04 chamber exchanges min
-1

, which corresponded to an aerodynamic conductance of 10.6 

mm s
-2 

as measured using a heat-transfer sensor (159, 160) (Figure 3.2).  

This conductance is typical for a soil surface within a plant canopy (161). Fluorinated 

ethylene propylene tubing (Ozone Solution, FEP-125x250, Hull, IA) was used for all post 

chamber tubing connections. Exhaust air from the chambers was routed through FEP tubing to 

bubbler-style acid traps made from 240 mL glass bottles (Qorpak, GLA-00832, Bridgeville, PA) 
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Figure 3.2. Aerodynamic conductance as a function of headspace 

exchanges per minute. Each measurement is the average of a ten 

minute exposure. Measurements were made spatially throughout the 

chamber (n=5).   
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containing 100 mL 0.05 M phosphorous acid (Acros-Organics, AC20115-5000, Geel, Belgium) 

to trap and convert ammonia to ammonium. When cores where brought in from the field, 

chamber measurements were made over a 96 hour time period in which each acid trap was 

changed every 48 hours. The chambers were cycled with scrubbed air overnight prior to the start 

of each soil emission experiment to ensure an equilibrated system. The scrubbed air resulted in 

an average ammonia concentration of 0.008 µmol NH3 m
-3

 based on integrated mass 

measurements.  Acid traps were weighed before and after each experiment for volumetric 

calculations.  The experimental conditions were within the range of 22.4 (±0.3) to 24.2 (±0.3)C, 

relative humidity of 44.0 to 54.1% and dew points of 9.6 to 13.2C. Intact soil cores were 

weighed at the start and end of the experiment to assess water loss from evaporation. 

3.2.3 Wet Deposition  

Weekly wet deposition was monitored at the field site to establish if a relationship existed 

between large deposition events and ammonia emission. Weekly integrations of wet deposition 

were collected using an automated precipitation collector (N-CON Systems Company, 00-120-2, 

Crawford, GA). Bucket blanks were conducted every month. Collected samples were weighed 

and stored in 1 L HDPE bottles and an aliquot of the collected precipitation was used for pH and 

speciation measurements. Samples were frozen for future analysis.  

3.2.4 Laboratory Simulation of Wet Deposition using Isotopically-labeled Nitrogen 

In addition to measuring ammonia emissions from the cores, the chamber system was 

used to study volatilization following a simulated wet deposition event. The goal was to 

determine if wet N deposition would enhance ammonia emission from soils in RMNP. Paired 

soil coring occurred at three sampling locations along each transect from the 2011 study period. 



 

65 

Soil cores were gathered on July 11
th

, 2012 and prepared in the same manner as stated above. 

The paired samples were either treated with pure water (denoted zero NH4
+
 deposition 

henceforth) or an isotopically labeled ammonium solution (denoted high NH4
+
 deposition 

henceforth). The ammonium in the high deposition (315 µM) was labeled with 10% 
15

N-

ammonium chloride (Sigma Aldrich, 348465, Saint Louis, MO) and diluted with ACS grade 

ammonium chloride (Fisher Scientific, A661-500, Waltham, MA) to result in a 1-2% 
15

N tracer. 

The isotopically-labeled deposition experiment was conducted in order to simulate a large 

deposition sub-event.  

3.2.5 Analysis 

Ammonium collected in the multi-chamber bubblers was measured using an ion 

chromatograph (Dionex, ICS-2100, Sunnyvale, CA) utilizing a CS-12a analytical and guard 

column for separation, a CSRS 300 4-mm suppressor, and a DS6 heated conductivity detector.  

All other cations (Na
+
, K

+
, Mg

2+
, Ca

2+,
), anions (Cl

-
, NO2

-
, NO3

-
, SO4

2-
), and ON were 

determined according previously described methods (56).  

Soil analysis was performed by combining soil core samples from each location within 

each transect. Soils were ground, sieved (2mm), composited for all twelve sampling sites, and 

analyzed at Colorado State University’s soil testing lab for total N, organic matter content, ON, 

exchangeable ammonium and nitrate, and C:N ratio analysis. pH was measured using a 

microelectrode (Microelectrodes Inc., MI-410, Bedford, New Hampshire). 

Isotopes of volatilized ammonia were measured by oxidation to nitrate (62, 123) followed 

by a bacterial denitrification (124) at University of California-Riverside’s facility for isotope 

ratio mass spectrometer. Samples were oxidized and denitrified with USGS-25 and IAEA-N-2 

standards for correction. Isotope analysis was conducted on a Delta V isotope ratio mass 
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spectrometer interfaced to a GasBench online gas preparation and introduction system. Isotopic 

values were given delta notation according to Equation 1.3. 

3.3. Theory and Calculation 

3.3.1 Predicting Diurnal Temperature Fluctuations on Ammonia Flux 

In nature, ammonia emissions are often temperature dependent and tend to follow the 

diurnal patterns of air or surface temperature. However, all chamber measurements were 

conducted at room temperature (approximately 22.8 C).  However, laboratory results can be 

scaled to different temperatures using an ammonia volatilization model (Equation 3.1) (162). 

Where  Jvola  (kg m
-1

 s
-1

) is the flux of  ammonia, hm  (m s
-1

) is the mass  transfer  coefficient,  Ka 

         
    

         
      

                                  (Eq. 3.1) 

is the acid dissociation constant, KH is the Henry constant, CNH4
+ (kg m

-3
) is the aqueous 

ammonium concentration and CNH3
 (kg m

-3
) is the gaseous ammonia concentration above the 

surface. Temperature strongly affects Ka and Kh as predicted using the models of (17, 105), 

respectively.  

                                                             a= 10
 0.05 - 

2788

T
 
                                               (Eq. 3.2) 

                                                            h=10
 1.69-

1477.7

T
 
                                               (Eq. 3.3) 

The ratio between the fluxes at two different temperatures can then be derived from 

Equation 3.1 as Equation 3.4; where JT is the unknown flux at some temperature T, J22 is the 

 T

 22.8
≈

 a,T  H,T

 a,22.8  H,22.8
                                                (Eq. 3.4) 
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known observed flux at the reference temperature, (i.e., the lab chamber temperature), while the 

values of Ka and Kh are modeled at T or 22.8 °C using equations 3.3 and 3.4 Equation 3.5 

assumes that hm and pH are independent of T, and that CNH3
 is minimally affected by 

temperature, a reasonable assumption considering that air was scrubbed of ammonia (0.008 µmol 

m
-3

) prior to entering the chamber. Thus, equations 3.2, 3.3, and 3.4 allow estimation of a 

theoretical within-chamber flux, JT, between 5 and 35 °C using only the emission data collected 

at room temperature, J22.8. The average hourly temperature from June 2011 to September 2011 

was used to define a diurnal temperature pattern at the RMNP sampling location. These 

calculated emissions are not intended to predict absolute emissions from soils in the park, but to 

demonstrate the relative temperature sensitivity to emissions.   

3.4 Results 

3.4.1 Soil Analysis 

The nitrate concentration (28 mg/kg, 10 mg/kg) and pH (6.0, 5.3) of the grassland soils 

were significantly different than forest soils (p < 0.05) (Table 3.1). Moreover, C:N ratios (3.04, 

11.6) and average gravimetric moisture contents (0.072, 0.051) were significantly different in 

grassland and forest soils (p < 0.10). The grasslands did have a large range of average moisture 

content (0.04-0.11) within the sampling transect. The amount of precipitation measured (349 

mm) in the summer was 20% lower than the historical average. Ammonium concentration, 

organic matter, total N, and ON were not significantly different between the two soils.  
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3.4.2 RMNP Soil Ammonia Emissions 

For each of the four-day chamber experiments, it was assumed that no significant 

difference in emissions existed between the first and second 48-hour measurement periods 

(Figure 3.3). In other words, there was no temporal trend in emissions once the cores were 

placed in the chambers. Thus, all data will be reported as the average of the two measurement 

periods (i.e., the 96-h average). The average quantifiable ammonia emission, with confidence 

intervals, from June 20
th

 to September 12
th

 for grassland (0.45±0.12 mg NH3-N m
-2

 day
-1

) was 

significantly different (p < 0.001) than forest (0.21±0.02 mg NH3-N m
-2

 day
-1

) soils (Figure 3.4). 

All NH3-N samples were detectable (>0.04 mg NH3-N m
-2

 day
-1

), but not all were quantifiable 

(>0.14 mg NH3-N m
-2

 day
-1

). The maximum observed emission was in June for sub-alpine 

forests (0.30 mg NH3-N m
-2

 day
-1

) and in August for sub-alpine grasslands (1.8 mg NH3-N m
-2

 

day
-1

) (the laboratory temperature was 22.8 ⁰ C; Table 3.2).   

Table 3.1. Moisture, C, N, and pH analysis of grasslands and forest soils. 

Averages of all collected grassland and forest cores (n=7).  One standard 

deviation shown in parentheses. * significantly different p < 0.05  ǂ 

significantly different p < 0.10 

 

 
Mountain 

Grassland 
Forest 

Moisture Content 

(g/g)
ǂ
 

0.072 (0.028) 0.051 (0.0087) 

OM (%) 10.25 (5.2) 11.05 (4.1) 

Organic N (%) 1.41 (0.72) 0.88 (0.99) 

NH4 
+
-N (mg/kg) 13.77 (6.23) 10.57 (4.7) 

NO3
- 
–N (mg/kg)* 27.80 (10) 9.52 (4.8) 

Total N (%) 1.41 (0.72) 0.88 (0.99) 

C:N
ǂ
 3.04 (0.77) 11.6 (9.6) 

pH
*
 6.0 (0.27) 5.3 (0.33) 
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Figure 3.3. Ammonia emissions from grassland and forest soils over the 

July 4
th

 2011 emission experiment. The green and brown lines represent 

ammonia emissions from grassland and forest soils over the study, 

respectively. Little variation is observed from single cores over the study. 

This trend is consistent throughout these experiments. The red line 

indicates the limit of quantification (0.14 mg NH3-N m
-2

 day
-1

). 
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Figure 3.4.  Ammonia emission from grassland and forest cores over the 

study period. The green squares and brown circles represent ammonia loss 

from grassland and forest soils, respectively. The y-axis is broken to 

demonstrate a large emission observed on August 29
th

. The red line indicates 

the limit of quantification (0.14 mg NH3-N m
-2

 day
-1

). 
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Table 3.2. Comparison of minimum, maximum, and mean ammonia 

emissions from grassland and forest soils over the study period.  The 

global minimum, maximum, and mean are shown in the bottom row; 

parenthesis show confidence interval. “<LOQ” indicates the minimum 

ammonia emission was below the limit of quantification (<0.14 mg 

NH3-N m
-2

 day
-1

). The mean air temperature during the experiment is 

shown on the far right column. 

Sample 

Date 

Forest Grassland 
Tair 

(mg NH3-N m
-2

 day
-1

) (mg NH3-N m
-2

 day
-1

) 

Mean Min Max Mean Min Max Mean  

6/20/2011 0.25 <LOQ 0.30 0.47 0.24 0.54 22.7 

7/4/2011 0.23 <LOQ 0.24 0.38 <LOQ 0.60 22.9 

7/18/2011 0.20 <LOQ 0.20 0.40 <LOQ 0.82 22.7 

8/1/2011 0.20 <LOQ 0.26 0.44 0.22 0.67 22.2 

8/15/2011 0.20 <LOQ 0.20 0.47 <LOQ 0.69 22.8 

8/29/2011 0.20 <LOQ 0.22 0.61 <LOQ 1.8 22.9 

9/12/2011 0.18 <LOQ 0.18 0.38 0.19 0.55 23.2 

Global 
0.21 

(0.04) 
<LOQ 0.30 

0.45 

(0.4) 
<LOQ 1.8 

22.8  

(0.3) 
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3.4.3 Wet Deposition 

Twenty-one weekly deposition samples were collected over 26 weeks (182 days) (Figure 

3.5). Large inputs of ammonium, nitrate, ON, and sulfate were found in precipitation. Total N 

deposited by wet deposition during the spring (April 18
th

- May 31
st
) and summer (June 1

st
 – 

August 31
st
) was 0.76 and 1.27 kg N ha

-1
, respectively. The inorganic fraction of N corresponded 

to 0.62 and 0.87 kg N ha
-1

 during the spring and the summer. Ammonium contributed the most N 

at 46% and 40% during the spring and summer period; while the nitrate contribution to 

deposition was relatively constant with 36% and 29% during the spring and summer, 
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Figure 3.5.  Weekly N wet deposition (ammonium, nitrate, and organic nitrogen) 

measured during the study period. Amount of precipitation (circle) can be seen on the 

secondary y-axis.   
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respectively. Organic nitrogen was a significant portion of total deposition, contributing 18% in 

the spring and 31% in the summer. The amount of precipitation was similar in the spring (143 

mm) and the summer (159 mm). No correlations were observed over the study period between 

the prior week ammonium deposition and average ammonia emission from grassland (r
2
= 0.047; 

p=0.681) and forest (r
2
=0.039; p=0.91) soil cores. The pH ranged from 4.57 to 6.00 in the 

deposition samples and the total amount of N deposition over the study period (April 18
th

, 2011 

to October 18
th

, 2011) was 1.072, 0.899, and 0.742 kg N ha
-1 

for ammonium, nitrate, and ON, 

respectively.  

3.4.4 Impact of Ammonium Deposition on Ammonia Emission:  
15

N analysis 

To further explore the potential impact of N (ammonium) deposition on the short term 

enhancement of ammonia emission from soil, a wet deposition event was simulated in the 

laboratory. The average emission from grassland and forest soils with a zero NH3-N deposition 

treatment (i.e., water) was 1.52 mg NH3-N m
-2

 day
-1

 and 0.32 mg NH3-N m
-2

 day
-1

; while, the 

high deposition treatment (i.e., isotopically labeled ammonium, 315 μM) resulted in 1.08 mg 

NH3-N m
-2

 day
-1

 and 0.44 mg NH3-N m
-2

 day
-1

 for grasslands and forests, respectively (Figure 

3.6). Moreover, there was no significant difference in ammonia emission between the zero and 

high deposition treatments (n=3) for either grasslands (p = 0.641) or forest soils (p = 0.429). This 

shows that an atmospheric deposition event likely has no impact on short term NH3 losses due to 

the presence of ammonium in precipitation.  

Collected volatilized ammonia N-isotopic values were measured to confirm the effects of 

N deposition on ammonia emissions. There was no significant difference (p = 0.463) between N 

isotopic values in the forest soils for zero deposition (-16.5‰ ± 13.6‰, n=3) and high deposition 

(-10.2‰ ± 4.0‰, n=3) treatments (Figure3.6). A significant difference (p < 0.001) between zero 
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deposition (-14.5‰ ± 7.0‰, n=3) and high deposition (37.4‰ ± 5.0‰, n=3) treatments was 

observed in the grassland soils, indicating that some of the labeled ammonium did re-volatilize, 

but not enough to cause a significant increase in total volatilization compared to the control. The 

labeled ammonium in the precipitation had an isotopic value of 3,682‰. The observed 

difference in isotopic values indicated that the NH4
+
 deposition had no impact on short term (<4 

days) emissions (re-emission) of ammonia in forest soils, and only a minor (<2% of added 

ammonium-N) impact on short term emissions (re-emission) of ammonia from grassland soils.  

3.4.5 Influence of Temperature on Ammonia Emissions 

A diurnal pattern for ammonia emission was predicted by equation 3.4, in order to 

estimate the ammonia emissions under field conditions at constant humidity and aerodynamic 

conductance. Using Equations 3.2, 3.3, and 3.4, a normalized KaKh product was constructed for 

 

Figure 3.6. Comparison of ammonia emission and volatilized ammonia N isotope 

values from low and high deposition treatments (n=3) from laboratory simulated 

deposition events. Error bars represent one standard deviation. δ
15

N values are 

shown on the secondary y-axis. The isotopically labeled ammonium synthetic 

precipitation solution’s δ
15
N was 3,682‰. 
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all temperatures measured in RMNP from June to September 2011 relative to the experimental 

temperature (22.8 °C). The composite diurnal temperature cycle and predicted average forest and 

grassland soil emissions are shown in Figure 3.7. The maximum temperature was 17.9 °C, 

corresponding to 2.2 x 10
-6

 mg NH3-N m
-2

 s
-1

 and 1.0 x 10
-6

 mg NH3-N m
-2

 s
-1

 for grassland and 

forest soils, respectively. The minimum average temperature was 10.1 °C, corresponding to 0.92 

x 10
-6

 and 0.42 x 10
-6

 mg NH3-N m
-2

 s
-1 

for grassland and forest soil emissions. Over a day, the 

integrated emissions would equal 0.12 mg NH3-N m
-2

 day
-1

 and 0.058 mg NH3-N m
-2

 day
-1 

fort 

grassland and forest soils.  

 

Figure 3.7.  Predicted diurnal ammonia emissions over the average diurnal cycle in 

RMNP from June to September 2011 for grassland and forest soils. Values are 

calculated using Equation 3.4 from average ammonia emission observed at 22.8 ⁰ C, and 

temperature dependent models of ammonia acid dissociation (Equation 3.2) and Henry 

constants (Equation 3.3). Grassland and forest emissions are shown in green and brown 

(dashed lines). Observed temperature is shown in blue (solid line). 
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3.5 Discussion 

3.5.1 Ammonia Emission Data 

The average ammonia emission observed in the laboratory-based system for the sub-

alpine grassland and forest soils was 0.45 mg NH3-N m
-2

 day
-1

 and 0.21 mg NH3-N m
-2

 day
-1

, 

respectively. No temporal change in ammonia flux was observed, likely indicating an 

equilibrated ammonia concentration between the headspace and the chamber walls. The 

incoming ammonia scrubbed air (0.008 µmol NH3 m
-3

) is within previous 24 hour denuder 

integrations at the same site (57). Because temperatures in the park are much lower than those 

within the chambers, the temperature dependent ammonia flux model (Equation 3.4) was used to 

demonstrate the sensitivity of ammonia emissions to actual temperatures measured in RMNP. 

The temperature-corrected predictions of ammonia emissions for the field site were roughly 3.5 

times lower for grasslands (0.12 mg NH3-N m
-2

 day
-1

) and forests (0.058 mg NH3-N m
-2

 day
-1

) 

compared to the laboratory measurements at 22.8 °C (Figure 3.7). Adjusted grassland emissions 

were lower than reported for other non-fertilized agriculture grassland studies, with mean 

emissions varying from 0.3 mg NH3-N m
-2

 day
-1

 (148) to 3.4 mg NH3-N m
-2

 day
-1

 (163). 

However, these studies were conducted in low elevation, non-fertilized, managed grasslands 

using relaxed eddy accumulation and meteorological models. Temperature adjusted forest 

emissions were in agreement with emissions previously reported from the forest floor (0.002 to 

9.0 mg NH3-N m
-2

 day
-1

) (155, 156) and above forest canopies (-0.829 to 8.64 mg NH3-N m
-2

 

day
-1

) (148, 149, 151, 152)  

The observed difference between NH3 emissions from forests and grasslands can likely 

be attributed to differences in soil properties (Table 3.1). The difference in pH between 

grasslands (6.0) and forest (5.3) likely plays a large role in available ammonia within the soil. 
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Previous studies have stated that soils below pH 6.5 were excluded from large ammonia 

emission (151), however, emission models have indicated an increase in ammonia emission up to 

20% when changing the pH from 5 to 6 (156). Ammonium concentrations were not significantly 

different between forests and grasslands; however, the difference in pH will result in differences 

in available ammonia in the soil solution. Additionally, the higher C:N ratio, nitrate 

concentrations, and moisture content support higher microbial activity in grasslands (156). These 

conditions could enhance mineralization, resulting in more aqueous NH4
+
 at the soil-air interface 

in the grassland, and leading to increased NH3 volatilization. Ultimately, our findings suggest 

that mountain grasslands may play a larger role than forests in the ammonia dynamics of high 

elevation ecosystems.  

3.5.2 Wet Deposition 

Total inorganic N deposition (i.e., 1.97 kg N ha
-1

 yr
-1

) was similar to previously reported 

values (i.e., 2-4 kg N ha
-1

 yr
-1

) near this site and surrounding sites (164), although our study does 

not cover a complete year (Table 3.3). Precipitation weighted averages in the spring are lower for 

all N species and sulfate than averages in the summer (Table 3.4). The determined N and S 

concentrations and speciation of inorganic Nwere similar to previous work at the same site; 

specifically, ON contributed a similar fraction to the N wet deposition in this study (56). 

Deposition of ON could have an impact on near-surface N-cycling and NH3 volatilization.   

Interestingly, previous studies have shown that fewer precipitation events occur in the 

spring than the summer and can contribute larger amounts of N within single precipitation events 

(56). This study found that the number of weeks containing deposition in the spring was similar 

to the number of events in the summer, and that the summer contained the largest deposition 

period — July 11
th

 to the 18
th  

(Figure 3.5).  The largest deposition values of ON and sulfate were  
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Table 3.3. Comparison of seasonal and total wet deposition observed during the 

2011 campaign. Results are shown for the spring, summer, and total sampling 

periods with apportionment percentage for N species in the second row. 

 kg N, S, or K ha
-1

 

  N-NH4
+
 N-NO3

-
 ON IN TN S-SO4

2-
 K

+
 

Spring 
0.35 0.27 0.14 0.62 0.76 0.25 0.01 

46% 36% 18%        

Summer 
0.50 0.37 0.40 0.87 1.27 0.30 0.072 

40% 29% 31%        

Total 
1.07 0.90 0.74 1.97 2.71 0.69 0.10 

40% 33% 27%         

 

Table 3.4. Comparison of precipitation weighted 

averages for species (NH+
+
, NO3

-
, SO4

2-
, ON, K

+
) 

observed during the 2011 campaign. Results are 

shown for the spring, summer, and total sampling 

periods. 

Precipitation-Weighted Average (mg/L) 

  Spring Summer Total 

N-NH4
+
 Mean 0.29 0.49 0.36 

 Min 0.13 <LOQ <LOQ 

 Max 1.14 1.23 1.23 

N-NO3
-
 Mean 0.77 1.27 1.05 

 Min 0.08 0.18 0.08 

 Max 2.60 2.43 2.60 

S-SO4
2-

 Mean 0.48 0.69 0.55 

 Min 0.07 0.19 0.07 

 Max 1.97 0.35 1.97 

ON Mean 0.09 0.31 0.20 

 Min 0.04 0.03 0.03 

 Max 0.17 0.62 0.62 

K
+
 Mean 0.01 0.06 0.03 

 Min <LOD 0.03 <LOD 

 Max 0.14 0.21 0.21 
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also observed during this week (0.52 kg ha
-1

 of total N). Additionally, the three largest potassium 

deposition values were observed from June 27
th

 to July 18
th

 (Figure 3.8). Previous studies have 

shown the presence of organic aerosol, potassium, and sulfate in aged biomass burning (165-

168). This suggests that biomass burning might have played a role in wet deposition during this 

period. 

Hybrid Single Particle Lagrangian Integrated Trajectory 

(http://ready.arl.noaa.gov/HYSPLIT.php) modeling showed that this week (July 11
th

-18
th

) 

exhibited strong synoptic forcing from the east, as well as flow from the south, south-east. The 

Las Conchas fire in New Mexico, began on June 26
th

, 2011, and ended on August 3
rd

, 2011, after 

burning more than 633 square km (169). Thus, emissions from biomass burning may have 

contributed to this deposition period. 
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Figure 3.8 Weekly wet deposition of ON (red), sulfate (orange), and potassium 

(yellow) measured during the study period. 
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No correlation was observed between the prior week’s ammonium wet deposition and the 

average ammonia emissions from forests and grasslands; however, the possible delay (<7 days) 

between N deposition and soil sampling may not have provided adequate resolution to assess 

short term enhancement of ammonia emission. In the laboratory study of deposition effects, the 

lack of differences between treatments (zero and high deposition) on ammonia emission suggests 

that inorganic N deposition has a relatively small impact on short term ammonia release. Thus, 

ammonia emission is likely controlled by other soils processes such as mineralization. 

Grasslands demonstrated higher ammonia emissions than forests; however, grasslands 

(shrub land, herbaceous) only encompass roughly 6.8 % of the area in RMNP (170). Assuming 

the temperature adjusted ammonia emissions for forests were upper bounds during daylight 

hours and daylight hours represented emission while nighttime hours represented deposition 

(50% emission, 50% deposition) (150), the total ammonia emitted would result in 0.0264 kg 

NH3-N ha
-1

 summer
-1

 lost from forest soils. The ammonia lost to the air from RMNP soils would 

equate to only 5.3% of the observed ammonium deposited via wet deposition during this same 

interval. Thus, even if all the soil emissions from the park were hypothetically recycled back to 

the surface via wet deposition, soils could only account for a very small portion of the total N 

deposition.  This apportionment should be viewed with caution and was only calculated to show 

the minimal impact that forest soils have on N deposition. Many factors can affect ammonia 

emissions, including temperature, humidity, and soil roughness. Furthermore, vegetative surfaces 

and canopy effects can drive ammonia flux from emission to deposition and vice versa (171).  
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3.6 Conclusions 

Ammonia emissions from sub-alpine grassland and forest soils are very low in 

comparison to studies in lowland and agricultural soils. Chamber-based measurements of 

ammonia emissions from grassland and forest soils were significantly different (i.e., 0.45 ± 0.12 

mg NH3-N m
-2

 day
-1

 for grasslands versus 0.21 ± 0.02 mg NH3-N m
-2

 day
-1 

for forests). An 

emission model was used to simulate the diurnal temperature cycle measured in RMNP, and 

showed that the temperature corrected ammonia emission were approximately 0.12 mg NH3-N 

m
-2

 day
-1 

for grasslands and 0.058 mg NH3-N m
-2

 day
-1

 for forests. The total amount of N 

deposition over the study period (182 days) was 1.07, 0.90, and 0.74 kg N ha
-1 

for ammonium, 

nitrate, and ON, respectively. Ammonium in wet deposition does not appear to be directly 

correlated to short term re-emission of ammonia from the soil surface.  
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CHAPTER FOUR 

Ammonia Henry Constants Determined in Feedlot Systems Using a Two-Phase 

Partitioning Approach 

 
 

 

4.1 Introduction 

Across the United States, livestock and manure management account for 50% of the 

ammonia emission inventory (13, 34). Nitrogen (N) use efficiency in livestock can be very low 

resulting in large amounts of excreted N. For example, in beef cattle in feedlots, only about 20% 

of the N consumed in the feed is retained, the remaining 80% is excreted (172), mainly as urea in 

the animal's urine. Often, up to 50 % of the excreted N is lost to the air through ammonia 

volatilization (13). Volatilization is likely the most important loss mechanism at confined animal 

feeding operations (CAFOs). Ammonium in CAFOs is readily formed from urea in urine by urea 

hydrolysis; this process is aided by urease enzymes (discussed in Chapter 5) (104, 108, 173, 

174). Aqueous ammonium (NH4
+
) is in equilibrium with aqueous ammonia (NH3); furthermore, 

the NH3 (aq) is in equilibrium with the NH3 (g) above the soil surface (Figure 4.1).  

Previous studies have attempted to predict ammonia volatilization from various 

agricultural sources using an ammonia volatilization model (Eq. 4.1) (17, 21, 162). This equation 

         
    

     
    

                                         (Eq. 4.1) 

is very similar to Equation 3.1; however, the ammonia concentration above the surface is ignored 

because the concentration of ammonium at the interface     
  is much larger. At first look, it is 

apparent that ammonia flux is strongly dependent on the pH, the Henry constant, Kh, (Eq. 1.2), 

the acid dissociation constant, Ka, (Eq. 1.1), and the total aqueous ammonium
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concentration. The distribution of NH4
+
 and NH3 is sensitive to changes in soil pH (17). Small 

changes in pH can lead to drastic changes in the fraction of ammonia available for volatilization 

(Figure 4.2). Understanding the variables controlling the emission of NH3 is important in order to 

develop best management strategies for manure handling and developing accurate models for 

ammonia losses from CAFOs .  

Acid dissociation and Henry constants have a strong dependency on temperature. 

According to equation 4.1, ammonia flux is sensitive to the product of the Ka and Kh, thus any 

inaccuracy in these measurements is compounded. For example, aqueous solutions products of 

Ka and Kh (18, 19) are 770% higher than Ka and Kh values measured in poultry animal waste 

(22). Thus predictions of ammonia volatilization can change by a factor of 7.7x depending on 

literature sources used. Numerous formula for Kh have been defined in the literature with various 

expressions and units (21), in this work we used KH reported in M atm
-1

 (Eq. 4.2). NH3(g) is the 

partial pressure (atm) of gaseous ammonia, γ is the activity coefficient and NH3(aq) is the 

concentration (M) of ammonia in solution. 

 h  
NH3 g 

γNH3
NH

3 a  

 
1

 H
  

   

 
                                     (Eq. 4.2) 

 

Figure 4.1. Ammonia and ammonium cycling from production, pH equilibrium, 

diffusion, and exchange at the soil surface. Both wind speed and temperature impact these 

processes at the soil-gas interface. Modified from (13). 



 

84 

Acid dissociation and Henry constants have been determined previously in simple 

ammonium solutions (19, 105, 107) and in more complex matrices including poultry slurries, 

swine slurries, and anaerobic digesters (22, 106-108). These studies have used various 

approaches to calculate ammonia fractions, Ka, or KH by determining differences in emission 

rates above a solution at various pH (106), use of gas porous membranes to speciate ammonia 

from ammonium within anaerobic digesters (107), and manure thin films within closed 

containers (108). More recent studies have demonstrated the difficulty in measuring the Henry 

constant in waste related matrices due to CO2 emissions, as a result of microbial activity, 

resulting in increased surface pH  (Eq. 4.3-4.4) (108, 175, 176).  While these pH effects are more 

    
                                                    (Eq. 4.3) 

                                                              (Eq. 4.4) 
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Figure 4.2. Calculated percent of ammonium and ammonia from aqueous values (18) for 

pH commonly observed in animal waste.  
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exacerbated in anaerobic digesters or lagoons due to large microbial production of CO2 (175, 

176), they may still be present at feedlot surfaces and dairies.  

Thus, the major goal of this study is to determine the ammonia Henry constant and 

ammonium acid dissociation constant in feedlot slurries in order to improve our current 

understanding of ammonia loss from feedlots. Both measurements within the bulk aqueous phase 

and the air above a slurry were conducted. 

4.2 Materials and Methods 

4.2.1 Sample Collection and Preparation 

Animal waste was collected from the surface of free stall dairy barn floors, a beef cattle 

calf pen, and a beef cattle mature steer pen. Dairy samples were collected in plastic containers 

using a shovel. These samples contained mostly feces, urine, and water. Beef cattle manure 

samples were collected from the top five cm of the pen surface using a shovel and placed into 

plastic containers. All samples were transported to the laboratory and stored in the freezer for 

future experiments. Animal wastes were thawed and slurries were prepared for the experiments. 

Animal waste was mixed using a blender to ensure a homogenous sample. Animal waste was 

added to create slurries at 1:5 and 1:10 waste to water by mass. Slurries totaled roughly 1.8 L in 

volume. Slurries were split in three subsamples. One sample (0.8 L) was prepared unaltered 

while another sample (0.8 L) was adjusted to pH = 12 using 6 M NaOH. The remaining 

subsample (0.2 L) was frozen for later analysis.  
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4.2.2 Apparatus and Experimental Approach 

The apparatus developed for this study consisted of 10.2 cm poly vinyl chloride (PVC) 

pipe cut to allow placement of a blade valve (Praher Valves, 21084, Ontario, Canada) (Figure 

4.3). The PVC pipe is capped and sealed using PVC adhesive on the top and bottom. The blade 

valve slid over the PVC pipe and is sealed with silicone adhesive at the start of each experiment. 

Luer lock fittings were mounted on the outside of the headspace and aqueous components of the 

apparatus. One meter of high density and porous PTFE tubing (International Polymer 

Engineering, 032-03-F1, Tempe, AZ) was placed in the aqueous phase and connected to the 

walls by plastic compression fittings. Slurry was poured into the bottom half of the apparatus, 

sealed, and placed in an incubated shaker at the desired temperature and shaken at 120 

revolutions per minute (rpm) for 90 minutes. A nitrogen tank was connected to both the 

headspace and aqueous components of the apparatus. A ten L min
-1

 ball-float flow meters 

(Dwyer, GFM2110AIR, Michigan City, IN), or a peristaltic pump, or both were used to control 

the flow rate and the total volume. Flow rates corresponding to 1.000 L min
-1

 and 0.170 L min
-1

 

were used for headspace and aqueous components of the system, respectively (107). Flow rates 

were verified using a Bios Defender 510 volumetric flow meter (Lakewood, CO). Fluorinated 

ethylene propylene (FEP) tubing (Ozone Solution, FEP-125x250, Hull, IA) was used for all post 

apparatus connections. Total volume used for headspace integrations was 10 L and aqueous 

integrations ranged from 1.0 L to 0.25 L depending on temperature (10 to 25 °C). 

Ammonia from headspace and aqueous integrations was trapped with 0.1 M phosphorous 

acid. Volume of phosphorous acid was determined by mass measured via ion chromatography 

(Dionex, ICS 2100, Sunnyvale, CA,) utilizing a CS-12a analytical and guard column for 

separation,  a CSRS 300  4-mm suppressor, and  a DS6 heated conductivity detector.  Moles of   
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Figure 4.3. Schematic of the apparatus used for Henry and acid dissociation constant 

determination. The headspace is 1.95 L; the aqueous phase is 0.800 L separated by a 

blade valve. 1 m PTFE porous tubing is submerged in the aqueous phase.  
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ammonia (nNH3) were converted to partial pressure (PNH3) using the ideal gas law (Equation 4.5). 

R  is the  ideal  gas  constant,  T is the  temperature in  Kelvin, and  V is the  volume of the 

PNH3  
nNH3RT

V
                                              (Eq. 4.5) 

headspace or the volume flushed through the porous PTFE tubing. Volume of headspace was 

determined by mass using deionized water. Ionic strength was calculated from the solution’s 

electrical conductivity (EC) according to equation 4.6 (177). The KH was calculated according to  

I  1 6 x 10 2  EC                                        (Eq. 4.6) 

equation 4.2and the activity of neutral species is assumed to be equal to 10
(0.1 x Ionic Strength)

 (178). 

Ammonium activities were calculated using the Davies equation (Eq. 4.7) (18). Where c 

represents charge, I is ionic strength and     
  is activity coefficient. In determination of Ka, the 

ionic strength  was assumed to be the same at all  pH values (i.e., pH 8-9 and 12). It is reasonable 

        
             

  

    
                               (Eq. 4.7) 

to assume that the activities are nearly constant at high ionic strength based on previous work 

(106). At a feedlot surface, EC of soils (0.34 S m
-1

) was over three times lower when than 

compared to animal waste (1.06 S m
-1

) (179). The moles of ammonium present in solution at 

natural (8-9) pH were calculated by the difference in ammonia partial pressures between the 

natural and adjusted (pH = 12) solution. The Ka was calculated according to equation 4.8 (22, 

106) where [H
+
] is the hydronium concentration, ρNH3. pH=9 is the ammonia partial pressure at 

natural pH, and ρNH3. pH=12 is the ammonia partial pressure at pH 12. 

 a
  = 

 ρNH3, pH=9   H
  

  
ρNH3, pH=12   ρNH3, pH=9

ρNH3, pH=12
 

 
 ρNH3, pH=9   10

-pH 

 1- 
ρNH3, pH=9

ρNH3, pH=12
 

                               (Eq. 4.8) 
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4.2.3 Aqueous Ammonia Experiments 

The apparatus was first tested with known ammonium solutions. NH4Cl and NH4OH 

were used to generate 0.001, 0.010, 0.100, 1.000 M ammonia solutions which were pH adjusted 

to 9.3 and 12 using 6M NaOH. Activity coefficients were assumed to be near or at unity. Both 

pH and ammonium concentrations were measured at the start and the end of the experiment. All 

standardization experiments were conducted at 25 ⁰ C within an incubated shaker.   

4.2.4 Feedlot Soil Experiments 

Animal waste was added to 18.2 M deionized (DI) water in order to generate slurries 

suitable for the experiments. Two different total solids (TS) contents (i.e., 2.7% and 6.7%) were 

used for the dairy waste slurries and two animal types (calves, mature steers; TS: 14.1, 12.7%) 

were used for the beef waste slurries. Experiments were conducted at 10 ⁰C, 15 ⁰C, and 25 ⁰C. 

Each experiment consisted of four replicates,  

4.3. Results 

4.3.1 Validation of Two-Phase Partitioning Approach for KH and Ka Determination  

Aqueous NH4Cl and NH4OH solutions were used to validate the approach of headspace 

integrations and porous tubing‘s capabilities to speciate ammonia in the aqueous phase. All KH 

were calculated based on solutions at pH 12 with the assumption that the aqueous fraction of 

ammonia was 1. These calculations preformed in the lab will be referred to as measured 

equilibrium constants, as to not be confused with previous modeling studies. The system was 

found to be accurate (average relative error = 1.1%) and precise (average relative standard 
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deviation (RSD) = 3.3%) when compared to all KH measured for all concentrations in the 

aqueous phase, however, headspace based measurements were not as accurate (average relative 

error = 1.5%) or precise (average RSD=5.2%) for all concentrations, excluding the 

measurements at 0.001 M total ammoniacal nitrogen (TAN) (Figure 4.4).  

The average KH and 95% confidence intervals measured for TAN concentrations in the 

range 0.001-1.000 M were not significantly different (p > 0.05) between aqueous, 55.1 (±0.2) M 

atm
-1

, and headspace, 55.4 (±0.9) M atm
-1

, based measurements; however, aqueous based 

measurements were more precise than headspace derived KH values. Ka values were determined 

using equation 4.6; using the difference in the calculated partial pressures of ammonia from 

slurries at pH 9 and 12 to determine the fraction of ammonia and ammonium in solution. The 

system was found to be sufficiently accurate (average relative error = 12%) and precise (RSD) = 

8.8%) for all Ka measured for TAN concentrations from 0.010 to 1.000 M (excluding 0.001 M) 

in the aqueous phase, and headspace based measurements were as sufficiently accurate (average 

relative error = 12%) and precise (average RSD=8.4%) for all concentrations excluding the 

measurements at 0.001 M TAN (Figure 4.5). 

Measured Ka values at 0.001 M TAN in the aqueous and headspace were 44 and 48% 

lower than accepted values, however, the 95% confidence interval did contain the accepted value 

for the headspace measurements (18). It is believed that these TAN concentrations were too low 

and were excluded in future determinations. Based on validation experiments conducted at 0.010 

to 1.000 M TAN, average aqueous derived Ka values (4.87 x 10
-10

) were not significantly 

different (p > 0.05) from the headspace derived Ka value (4.98 x 10
-10

). These Ka values were 

measured based on activities in solution. It was assumed that NH4Cl or NH4OH were the only 

contributors to ionic strength. Using activity corrections, Ka values and 95% confidence intervals  
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Figure 4.4. Measurements of Henry constants (KH) as a function of the 

TAN concentration. Comparisons of partial pressures calculated for the 

aqueous phase (top) and headspace (bottom) are shown in blue, while 

measurements of KH are shown in red squares. Error bars represent one 

standard deviation (n=4). The redline represent the most commonly reported 

KH value for an aqueous ammonium solution (56.1 M atm
-1

) (19). 

Aqueous based KH measurements 

 

Headspace based KH measurements 
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Figure 4.5. Measurements of acid dissociation constant (Ka) in various TAN 

solutions. Comparisons of partial pressures calculated in aqueous phase 

(top) and headspace (bottom) are shown in blue, while measurements of Ka 

are shown in green. Error bars represent one standard deviation (n=4). 

Commonly accepted Ka value (5.69 x 10
-10

) for aqueous ammonium 

solutions is shown as a green line (18). 

Aqueous based Ka measurements 

 

Headspace based Ka measurements 
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were  5.25 x 10
-10 

(±0.5 x 10
-10

)
 
and 5.27 x 10

-10  
(±0.4 x 10

-10
). The accepted Ka values (5.69 x 

10
-10

 M) for simple solutions did fall within the 95% confidence interval of the results from this 

study (18). 

4.3.2 Slurry Properties of Animal Waste 

Animal waste and slurry properties are shown in Table 4.1. Beef cattle waste contained 

significantly higher (p < 0.05) organic matter, organic N, TAN, and total N than dairy waste. No 

significant differences (p < 0.05) existed within beef treatments (mature versus calves) or dairy 

treatments (2.7% versus 6.7%) except for total solids between dairy slurries. Pooled values for 

beef slurries (mature and calves) and dairy slurries (2.7% and 6.7%) were significantly different 

only in percent total solids. Thus no significant difference existed in TAN concentrations or EC 

measurements. 

One underlying assumption in this experiment was that pH adjustment to 12 would not 

affect the ionic strength. Although it has been suggested that changes in pH can affect other 

slurry properties such as sorption (17), ionic strength was of primary concern in ammonium 

activity coefficients. Calculations of the ionic strengths were not significantly different between 

the two pH values for all treatments except for beef calves (Figure 4.6). Moreover, the range of 

ammonium activities was similar across treatments within beef and dairy slurries used for this 

study. Beef cattle slurries had lower activities however were not significantly different from 

dairy slurries. 
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Table 4.1. Animal waste and slurry properties for materials used for KH and Ka 

determinations. Top table shows raw waste measurements and the bottom table shows 

measurements of each slurry treatment used in the experiment. Average values are 

shown with standard deviations shown in parenthesis (n= 3). <LOQ indicates lower 

than the limit of quantification *indicates significantly different at 95% confidence 

interval. 

  Dairy Fecal Mixture 
Beef Cattle 

Mature 

Beef Cattle 

Calves 

In
it

ia
l 

W
a
st

e 

Dry Matter 

(%)* 
13.4 (0.1) 70.4 (0.7) 63.5 (3.4) 

Organic  

Matter (%)* 
5.0 (0.4) 27.2 (0.4) 33.8 (2.6) 

Total C (%) 1.7 (0.2) 15.8 (0.7) 19.6 (1.1) 

Total N (%)* 0.38 (0.1) 1.17 (0.06) 1.51 (0.06) 

Organic N 

(g/kg)* 
2.5 (0.8) 9.4 (0.4) 12.5 (0.1) 

TAN (g/kg)* 1.3 (0.1) 3.6 (0.1) 2.6 (0.1) 

NO3
-
 (g/kg) <LOQ <LOQ <LOQ 

     

      

  Dairy 2.7% Dairy 6.7% 
Beef 

Mature 
Beef Calves 

S
lu

rr
ie

s 

Total  

Solids (%) 
2.7 (0.1)

‡
 6.7 (0.2)

 ‡
 14.1 (0.8)

 
 12.7 (0.7) 

pH 8.34 (0.2) 8.6 (0.4) 8.2 (0.4) 8.1 (0.6) 

TAN (mol/L) 0.012 (0.002) 0.02 (0.01) 0.02 (0.01) 0.019 (0.008) 

EC (S m
-1

) 0.41 (0.8) 0.70 (0.9) 1.02 (0.7) 1.16 (0.01) 

Ionic Strength 0.07 (0.1) 0.11 (0.02) 0.13 (0.01) 0.14 (0.02) 
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Figure 4.6. Comparison of calculated ionic strengths based on electrical conductivity 

measurements between dairy (TS = 2.7% and 6.7%) and beef mature (TS = 14.1 %) and calves 

(TS = 12.7 %) waste slurries at natural pH (8-9) and pH 12. 
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4.3.3 Henry Constants for Animal Waste Derived Ammonia 

Previous determinations of KH and Ka constants for poultry, dairy and swine waste 

slurries were questioned as to their applicability to beef waste systems due to large variation in 

literature values (Figures 1.12 and 1.13) (17, 22, 106, 107). Differences in literature values could 

be attributed to differences in soil properties due to salt content affecting sorption to soil (17). 

Moreover experiments presented herein were conducted in order to evaluate the impact of 

determining the KH based on headspace versus solution phase measurements (22, 106-108). 

Measurements of the KH for dairy slurries (Figure 4.7) and beef slurries (Figure 4.8) at 10, 15, 

and 25 ⁰C were conducted at pH 12.  

When comparing average KH values for dairy treatments (2.7% versus 6.7%), no 

significant difference (p <0.05) was observed within aqueous or within headspace at 10, 15, 

25°C. Significant differences, however, were observed for measured KH values between the 

aqueous and headspace at temperatures at 10 and 15°C for both dairy (33, 22%) and beef (39, 

43%) waste slurries. Headspace measurements of KH were lower than values derived from 

aqueous measurements, indicating higher headspace ammonia partial pressures in comparison to 

the ammonia partial pressures measured within the porous tubing.  

4.3.4 Determination of Acid Dissociation Constant for Ammonia in Animal Waste 

For dairy slurries, all aqueous measurements of Ka were significantly different (p<0.05) 

from headspace measurements at 10, 15 at 25 °C, except for dairy slurry (TS 6.70%) at 10 °C 

(Figure 4.9). Dairy slurry Ka values measured at 25 °C demonstrated the largest deviation from 

the reported literature values of 9.53 x 10
-11 

to 5.00 x 10
-10

 (17, 21, 22) and the most variability. 

Beef manure slurries did not demonstrate large deviations as dairy slurries in measured Ka values   
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Figure 4.7. Comparisons of KH dependency on temperature for dairy 

manure slurries at two solid contents (2.7% & 6.7%). Error bars represent 

one standard deviation (n=3). Aqueous phase (top) and headspace (bottom) 

derived calculations are compared to previously reported aqueous (open 

squares) (19) and dairy waste (open diamonds) (20) KH values. 

Aqueous based KH measurements 

Headspace based KH measurements 
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Figure 4.8. Comparisons of KH dependence on temperature measured in 

beef waste slurries within two different animal types (mature & calves). 

Error bars represent one standard deviation (n=3). Aqueous phase (top) and 

headspace (bottom) measurements are compared to aqueous (open squares) 

(19) and dairy waste (open diamonds) (20) KH literature values.  

Aqueous based KH measurements 

 

Headspace based KH measurements 
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Figure 4.9. Comparisons of Ka dependence on temperature measured in dairy 

cattle waste slurries at two solid contents (2.7% & 6.7%). Error bars represent 

one standard deviation (n=3). Aqueous phase (top) and headspace (bottom) 

measurements are compared to a Ka literature values (open squares, 

diamonds, triangles) (17, 21-23). 

Aqueous based Ka measurements 

 

Headspace based Ka measurements 
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at 25 °C (6 x 10
-10

) (Figure 4.10). Aqueous measurements of Ka in beef feedlot slurries were not 

significantly different from headspace measurements at 10, 15, and 25 °C  

4.4. Discussion 

4.4.1 Henry Constants 

Average Henry constant values measured from NH4OH solutions above 0.001 M TAN at 

pH 12 were not significantly different (p<0.05) from previous measurements in pure aqueous  

(i.e., no manure) TAN solutions (19, 107). Difference in KH between aqueous ammonia molar 

concentrations and activities were less than 5%, supporting the insensitivity of KH to ionic 

strength at concentrations of less than 0.100 M (17, 19, 107). KH measured at 0.001 M TAN 

were lower than reported values, and is believed to be near the limitations of the appartus. 

Adsorption of ammonia to the apparatus walls, or  the PFE tubing, or both, may have lead to 

higher ammonia partial presures especially at low TAN concentrations. This underestimation 

was not observed above 0.001 M TAN. 

In animal waste slurries, aqueous measured equilibrium constants (i.e., lower half of 

chamber) provided a more accurate option compared to headspace measruements. Aqueous 

derived KH values for animal waste showed a temperature dependence similar to simple aqueous 

solutions (19, 105), while headspace measured KH values demonstrated lower values supporting 

deviations observed in previous studies (17, 22, 106) (Table 4.2). The difference between the 

aqueous (lower half) and headspace (upper half) derived KH were significantly different at 

temperatures below 25 °C. For instance, headspace KH measurements were 49% and 33% higher 

than aqueous meaured for beef and dairy slurries at 10 °C, respectively. This supports a larger 

ammonia  partial  presure in the  headspace compared  to the  ammonia  partial  pressure in the   
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Figure 4.10. Comparisons of Ka dependence on temperature measured in beef 

waste slurries within two different animal types (mature & calves). Error bars 

represent one standard deviation (n=3). Aqueous phase (top) and headspace 

(bottom) measurements are compared to Ka literature values (open squares, 

diamonds, triangles) (17, 21-23).  

Aqueous based Ka calculations 

 

Headspace based Ka calculations 

Aqueous based Ka calculations 

 

Headspace based Ka calculations 

Aqueous based Ka calculations 

 

Aqueous based Ka calculations 

 

Headspace based Ka calculations 

Aqueous based Ka measurements 

 

Headspace based Ka measurements 
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Table 4.2. Fits of Henry constant dependence on temperature (T) from the work 

presented here and previous work. Numerical value shown after each equation 

represent the value at 25 °C. All values are reported in M atm
-1

. R is the gas constant. 

 Dairy 2.7% TS Dairy 6.7% TS Ref 

Aqueous      
 
    

 
     

; 45.58      
 
    

 
     

; 42.84 
this 

study 

Headspace       
    

 
     

; 53.14       
    

 
     

; 60.60 
this 

study 

    

 Beef Cattle Mature Beef Cattle Calves  

Aqueous       
    

 
     

; 60.75       
    

 
     

; 50.73 
this 

study 

Headspace       
   

 
     

; 52.72       
    

 
     

; 48.13 
this 

study 

    

 Literature Values  

Ammonium 

Solution 
     

    

 
      

; 55.96 (19) 

Chicken 

Waste 
    

 

  
  

    

 
                 ; 43.36 

(20, 

21) 

Modeled     
 

  
   

      

 
            

    

 
     ; 56.75 (17) 
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porous tubing. The role of microbially produced CO2 has been discussed by previoius authors 

(21, 108, 175, 176) as CO2 can increase the pH at the liquid air interface resulting in higher 

ammonia concentations in the gas phase. However, pH changes are unlikely since our solutions 

were adjusted to pH 12 to ensure all TAN was deprotonated. Moreover, the high pH in the slurry 

will likely trap CO2 as carbonate thus minimizing pH sesnisitivty to microbiollay produced CO2. 

It is possible that dissolution of CO2 could lower the pH of the bulk solution, however, no 

change in pH was observed post experiment. 

4.4.2 Acid Dissociation Constants 

Aqueous measured Ka values for beef slurries were significantly different than modeled 

values at 10 and 15 °C, however, the headspace derived Ka values for beef slurries were in 

agreement with previously reported values in simple solutions (17, 21, 22, 106) (Table 4.3). 

Averaged beef Ka measurements based on aqueous phase data were 17 and 60% lower at 15 and 

10 °C than modeled Ka values (17). At temperatures above 10 °C, Ka values did not agree with 

measurements conducted in animal waste (21, 22, 106). Averaged headspace measured Ka values 

for beef cattle were significantly different from modeled values at 25 °C but not significantly 

different at 15 or 10 °C (17). Aqueous measured Ka values for beef slurries at25 °C were not 

significantly different (p<0.05) to modeled Ka values (17). Overall, aqueous and headspace Ka 

values measured in beef slurries support modeled values of Ka over values determined in animal 

waste.  

Aqueous measured Ka values for dairy slurries were not significantly different from 

modeled Ka values, however, headspace measured Ka values for dairy slurries demonstrated 

values above modeled Ka values (17). The relative difference between aqueous measured of Ka 

and  modeled Ka  values increased  to over 14%  and 33% at 15 and 10 °C.  Dairy slurry (6.70%  
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Table 4.3. Fits of acid dissociation constant (Ka) dependence on temperature (T) from the 

work presented here and previous work. Numerical values shown after each equation represent 

the value at 25 °C. 

 Dairy 2.7% TS Dairy 6.7% TS Ref 

Aqueous           
    

 
 
; 4.50 x 10

-10
           

    

 
 
; 4.97 x 10

-10
 

this 

study 

Headspace             
    

 
 
; 1.18 x 10

-9
          

    

 
 
; 5.36 x 10

-10
 

this 

study 

    

 Beef Cattle Mature Beef Cattle Calves  

Aqueous           
    

 
 
; 4.97 x 10

-10
           

    

 
 
; 5.07 x 10

-10
 

this 

study 

Headspace            
    

 
 
; 6.30 x 10

-10
            

    

 
 
; 3.28 x 10

-10
 

this 

study 

    

 Literature Values  

Poultry 

Waste 
   

  

 
             

    

 
 
 ; 9.53 x 10

-11
 

(21, 

22) 

Modeled            
    

 
 
 ; 5.00 x 10

-10
 (17) 

Swine 

Waste 
   

  

 
             

    

 
 
 ; 1.14 x 10

-10
 

(21, 

23) 
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TS) headspace Ka values were significantly higher (294%) at 25 °C and (53%) at 15 °C 

compared to measurements using emission rates over a swine lagoon solution (106). Overall, 

aqueous Ka values measured in dairy slurries support modeled values of Ka over values 

determined in animal waste. 

Differences between Ka values in this work and previously modeled Ka values can be 

partially explained by differences in ionic strength. Increases in ionic strength will lower the 

activity coefficients and lower ammonia and ammonium activity. As previous work has 

demonstrated the overestimation of ammonia activity in waste solution (107). However, 

observed differences (up to 80%) in Ka between this study and previous studies in animal waste 

cannot be fully explained , in this author's opinion, by ionic strength alone. Processes such as 

sorption to waste could play a significant role in available ammonium (17). Thus, sorbed 

ammonium may not contribute to ammonium to ammonia equilibrium. Manure sorption studies 

should be explored as to the impact it plays on ammonium availability in solution. Headspace Ka 

measurements were higher in both beef and dairy slurries than aqueous measurements. Increases 

in CO2 have been tied to increases in surface pH due to CO2 degassing resulting in 

overestimations of derived Ka according to equation 4.6. Significant deviations in Ka values 

between headspace and aqueous measurements in dairy slurries were larger than beef slurries. 

Dairy waste generally has larger active populations of CO2 producing microbes than beef waste 

(104, 173, 174). Thus, dairy slurries should be more sensitive to deviations in Ka measurements 

due to a higher CO2 production potential in these systems. 

 Changes in pH can cause significant systematic error in the methodology applied here 

for Ka determination. This pH range of 8.0 – 9.5 covers the pKa of ammonium and thus a small 

change in pH will result in a significant change in available ammonia (Figure 4.2). A small 
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change in surface pH of 0.31-0.42 and 0.10- 0.52 would account for the observed increases in 

measurements Ka for 2.7% and 6.7% TS dairy waste slurries, respectively. In support of the 

effect of  pH, average changes in surface pH of 0.4 units and a maximum change of 0.6 were 

previously reported for thin layers of manure (108).  

Other factors that could impact the derived KH includes ammonia adsorption to PFE 

surfaces in the headspace, however, previous work showed that less than 4% and 0.4% of 

gasoeus ammonia was adsorbed by PFE tubing at concentrations of 1 and 10 ppmv, respectively 

(102). Moreover, ammonia adsorption to PFE was shown to be unidirectional and concentration 

independent (102). Ammonia partial pressures above waste slurries in this study were nearly 20 

to 70 times higher than in the previously study (102). Additonally, our apparatus’ surface area is 

10 times higher . If the derived sorption coefficient is applied to our study, this would result in 

<0.1% of the ammonia gas being adsorbed to the walls in the headspace. This would not result in 

a systematic effect unless the ammonia partial pressure above the manure slurry is sufficiently 

low. Analogously, this systematic effect would be observed in an underestimation of KH in the 

standardization experiments (NH4OH). An underestimation of headspace KH was observed at 

0.001 M in the standardization experiment, however, the same effect was not observed in 

headspace KH determination at 0.010 M. Thus, it is unlikely that ammonia adsorption to PFE 

contributed to the larger ammonia partial pressure observed in headspace determinations. 

The use of porous membranes in this work was based on previous studies (19, 107) 

conducted at 25 °C to 35 °C. Ammonia diffusivity is strongly dependent on temperature with 

reduction in diffusivity of 35 and 24% at 10 and 15 °C lower compared to 25 °C (23) with all 

validaitons experiments being conducted in simple NH4OH solutions at 25 °C. Accurate 

calculations of KH and Ka were achieved within these validaiton studies at 25 °C. Therefore, the 
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flow rates used for the aqueous based measurements were sufficiently low to prevent a 

concentration gradient at the porous tubing interface; however, a small concentration gradient 

may have developed at temperatures below 25 °C due to redcutions in gas diffusivity in the 

solution, and at the porous tubing interface, or both. This would result in an understimation of 

the ammonia partial pressures and an overestimation of KH at lower temperatures for the aqueous 

measured KH. 

Another possibilty for observed differences between KH for aqueous and headspace 

measurements is inadequate time for the ammonia partial pressure to reach equilibrium within 

the slurry. This is analgous to the gas diffusivity discussed above. A large pulse of ammonia and 

CO2 can be emitted from a thin surface layer at pH 9 when initially exposed to passing air (108). 

This would be similar to the initial opening of the valve between the aqueous phase and 

headspace phase. An initial pulse of ammonia gas into the headpsace may not have adequate 

time to reach equilibrium with the slurry surface thus creating an elevated ammonia partial 

pressure in the headspace. Moreover, the decrease in temperature would lengthen the time 

required to reach equilibrium due to reductions in diffusivity.  

4.5. Conclusions 

Henry constants (KH) for ammonia (NH3) calculated on the basis of aqueous phase 

measurements were comparable to previously reported values for other types of animal waste. 

However, headspace-based calculations of KH at temperatures below 25 °C were much lower 

than literature values. Acid dissociation (Ka) constants determined from aqueous phase 

measurements of dairy and beef waste slurries support previously reported values for modeled Ka 

values and were higher than Ka values measured in animal waste. Headspace Ka calculations 
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were larger than aqueous calculation for both beef and dairy slurries; which was likely a 

consequence of microbially produced CO2 resulting in changes of the surface pH. This work 

clearly demonstrates the impact of headspace versus and aqueous phase-based determinations of 

KH and Ka constants. It remains to be determined if the reduction in gas diffusivity at lower 

temperatures created an artifact in the aqueous KH and Ka determinations due to the formation of 

a concentration gradient. In addition, this work supports the use of porous membranes as a more 

robust method for measuring KH and Ka in complex matrices. For future models, this work 

recommends using the modeled KH and Ka values shown in Table 4.2 and 4.3 (17) but warn the 

reader about the role of CO2 on surface pH. Addition of CO2 dependence should be incorporated 

into ammonia emission models as a surface factor.  

4.6. Future Work 

The flow rates used in this work should be validated with ammonium solutions at 15 °C 

and 10 °C to verify if decreases in gas diffusion created concentration gradients at the porous 

membrane interface. This would be observed as a decreasing ammonia concentration with time 

as air passes through the porous tubing. Use of porous membranes provided an ideal approach 

compared to headspace measurement. However care should be taken to optimize the surface area 

of the liquid-gas interface to volume ratio. This would limit the effects of CO2 degassing. 

Currently, it is believed that headspace measurements of KH and Ka were prone to artifacts 

caused by rapid degassing of ammonia, and CO2, or both without adequate time to re-establish 

equilibrium with the slurry. If the system described above was modified to increase the surface 

area to volume, equilibrium can be established more rapidly and methodological artifacts may 

not be as apparent. Real time measurements of CO2 should be monitored to determine the 
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magnitude of CO2 degassing. If the CO2 partial pressure is large, biogas may be used to eliminate 

or minimize changes in pH. Changes in pH near the pKa result in large changes in the ammonia 

fraction. Therefore, incorporation of a pH meter within the apparatus should allow for 

continuous monitoring of changes in pH near the surface to confirm the role of CO2 on changes 

in surface pH and ultimately changes in KH and Ka calculations. 
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CHAPTER FIVE 

Urea Hydrolysis Kinetics Determined in Animal Waste 

 

 

 

5.1 Introduction 

As discussed in Chapter 4, ammonia emission from animal waste and fertilizer 

application constitute 80% of ammonia emission in the US (34). The importance of Henry and 

acid dissociation constants were discussed in chapter 4 as these constants pertain to ammonia 

availability in soils and ultimately ammonia emissions. The roles of ammonia and ammonium 

formation in these systems were not explored as a part of chapter 4, but will be discussed here. 

Urea nitrogen (urea-N) composes between 60 -90% of total urinary nitrogen (N) (13). Urea 

hydrolysis,  mediated  by  urease enzymes,  is the primary pathway of  ammonia production in 

(NH2)2CO(aq) + H2O (l)  → NH3 (aq) +H2NCOOH (aq)  →2NH3(aq) +CO2 (aq)            (Eq. 5.1) 

confined animal feeding operations (CAFOs) systems (104, 173, 174). Urease enzymes are 

readily found in bacteria, fungi and higher plants (180). As described in Chapter 4, ammonia lost 

from feedlots strongly depends on the ammonium concentration gradient in the soil, temperature, 

the fraction of ammonia (Ka), and the ammonia partial pressure above the soil surface (Kh) 

(Equation 4.1) (162). Thus, the rate of urea hydrolysis is of great importance in understanding 

ammonia emission from CAFOs. Moreover, urea hydrolysis’ dependency on temperature needs 

to be considered due to the large change in temperature throughout the year for most Colorado 

feedlots. If urea hydrolysis becomes the limiting rate during the winter months, urea can build up 
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on the pen surface. This reservoir of urea-N could then convert to ammonium during the warmer 

spring months resulting in large emissions of NH3 from feedlots. Unfortunately, this is the same 

period of the year when upslope conditions transport N from the east into the Rocky Mountains. 

Previous work on urea hydrolysis has been conducted in soil matrices or soil-like matrices with 

few being applicable to feedlot systems at temperatures around or below 25 °C (103, 104, 181).  

When studying kinetics in soils, extractions are a necessity and result in time delay 

between sampling and analysis. Thus, a quenching agent is commonly used to slow or “stop” the 

reaction. Other studies have used phenyl mercuric acetate (PMA), other heavy metals, and urea 

analogues as a quenching agent in urea hydrolysis studies (103, 182). In addition, development 

of engineered urease inhibitors have been developed in order to prevent interference from 

classical sterilization methods (183). Classical methods for sterilizing soils include irradiation, 

chloroform, sodium azide, etc (184). Urease enzymes can be present in soil and manure in an 

extracellular state (e.g., not a part of the bacterium, plant or fungi). Thus, inhibiting the bacteria 

or fungi alone will not necessarily limit urease activity. Heavy metals have shown promise in the 

past by non-competitive inhibition of urease enzyme; however, and a recently introduced urease 

inhibitor (Agrotain® containing 3-7% N-(n-butyl) thiophosphoric triamide) has shown promise 

as a competitive urease inhibitor (182). Previous studies have reported reduced urea hydrolysis 

rates following fertilizer application and reductions in ammonia volatilization (94, 182, 185, 

186).  

The goals of this study were to find a suitable quenching agent that did not interfere with 

the urea-N analysis and to measure the reaction rates and activation energy of urea hydrolysis in 

Colorado CAFO systems at 5, 10, 15, and 25 °C. 
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5.2 Materials and Methods 

5.2.1. Animal Waste Sampling and Preparation 

Animal waste samples were collected from a dry pen surface at a dairy and beef feedlot 

near Colorado State University. The samples were air dried, ground, and passed through a 2 mm 

sieve. The resultant sample mixture appeared to be composed of soil, manure, and feed material 

(plant residue). Subsamples from this parent material were used for all experiments. For all 

experiments, 4 g of animal waste was placed in HDPE serum bottles and incubated at 5, 10, 15, 

and 25 °C. The H2O: waste ratio was 1:1 which equated to roughly 50% water capacity. The 

incubated shaker used was incapable of holding 5 °C, so 6 °C was used. 

5.2.2 Urease Inhibitor Testing 

Phenyl mercuric acetate and Agrotain were compared to assess their ability to quench or 

inhibit urea hydrolysis over a 48 hour period in animal waste. First, Agrotain and PMA were 

added to 2M KCl (soil extractant) solutions to test for inhibition of urease activity in the absence 

of animal waste. Previous methods used PMA within 2M KCl as an extracting solution (103). 4.5 

quart of Agrotain is commonly added per ton of urea when used to inhibit urease activity after 

fertilizer application (http://www.agrotain.com/agrotaininfocenter/ratesheets/d560.aspx?type=). 

This translates to 1.005 nL Agrotain per mg of urea-N but to ensure complete inhibition for the 

duration of our experiments, it was determined that 10.6 x 10
3
 nL per mg urea-N was necessary. 

A second experiment was performed where PMA/2M KCl or Agrotain/2M KCl solutions were 

added simultaneously with 1 mg of urea-N:gram of animal waste and urea concentration was 

analyzed at 2, 12, 24, and 48 hour intervals. 
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5.2.3 Pseudo First Order Initial Rate Experiments 

Initial experiments were conducted with 1.0 mg urea-N:g waste in triplicate in order to 

determine the magnitude of the reaction rate. Sterile controls were made in duplicate by adding 

Agrotain/2M KCl with the urea addition. Urea was measured at t = 0, 0.5, 1, 2, 4, 6, 8 hours. 

Agrotain/2M KCl solution was added at each time point in a 10:1 solution: waste ratio, then 

shaken for 2 hours at 120 revolutions per minute and filtered using a Whatman 42 filter. 

Preliminary studies were conducted for 24 hours, but urea was normally consumed within 8 

hours. Four experimental temperatures were investigated at 6, 10, 15, 25 °C. The activation 

energy was calculated according to the Arrhenius' equation (Equation 5.2). Where k is the 

reaction rate constant, A is the pre-exponential factor, Ea is the activation energy, R is the gas 

constant, and T is absolute temperature. 

             
   

 
 
 

 
                                                       

5.2.4 Michaelis-Menten Experiments 

The experimental conditions for Michaelis-Menten based experiments were the same as 

above unless stated otherwise. Michaelis-Menten experiments, with dairy and beef animal waste, 

were conducted over a 30 minute time period. Substrate concentrations varied from 0.25, 0.50, 

1.0, 2.0, 4.0 mg urea-N:g waste. Maximum rates (Vmax) were calculated using Line-weaver Burk 

plots (Equation 5.3). Where S is the substrate concentration, k is the reaction rate constant, and 

KM is the Michaelis constant (substrate concentration at which the reaction rate is half of Vmax). 

Michaelis-Menten based experiments were only conducted at 25 °C, thus activation energy could 

not be calculated. 
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5.2.5 Urea Analysis 

Colorimetric determination of urea was conducted following protocol from the 

QuantiChrom Urea Assay Kit (DIUR-500) (187). Measurements were performed on a plate 

reader (BioTek, EON, Winooski, VT) at 430, 505, 520 nm in triplicate on a 5 minute interval 

over 45 minutes.  

5.3. Results  

To test for interferences caused by Agrotain in the determination of urea, urea standards 

were dissolved into DI water and Agrotain/2M KCl. Calibration curves for colorimetric 

determination of urea in water DI water and Agrotain/2M KCl are shown in Figure 5.1. No 

significant differences were observed over the 45 minute analysis for all three wavelengths (430, 

505, 520 nm) indicating that Agrotain did not interfere with the quantification of urea.  

Since Agrotain did not interfere with colorimetric determination of urea, Agrotain’s 

ability to quench urea hydrolysis needed to be confirmed. To ensure the reaction was stopped, 

quenching agents (i.e., PMA and Agrotain) were added to urea spiked waste samples 1 mg urea-

N:g waste at 2, 12, 24, and 48 hour intervals. Phenyl mercuric acetate was found unable to 

quench the reaction at 2 hours (Figure 5.2), while Agrotain was able to inhibit urease activity 

over a 24 hour time period. Thus, Agrotain was selected for all experiments reported here. Urea 

hydrolysis reaction rates decreased with decreasing temperature and the kinetic data were best 

fitted using a pseudo first order decay model (Table 5.1). An example of pseudo-first order decay 

is  shown in  Figure 5.3.  Half-lives (t1/2) were  very short in  this study even at 6 °C  (< 2 hours).  
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Figure 5.1. Urea-N colorimetric calibration comparison at 30 minutes of DI and 

extractant solution (2 M KCl/Agrotain). Error bars represent one standard deviation 

(n=3). Little variation was observed at 430, 505, and 520 nm used for calculation of 

urea-N. 
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Figure 5.2. Comparison of the efficiency of quenching agents (PMA (orange) and 

Agrotain (yellow)) used to inhibit urea hydrolysis after 2 hours of reaction time. No 

inhibitor (red) was used as a control. Initial urea-N (green) content represents the urea 

concentration at time zero. Error bars represent one standard deviation (n=3). 
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Table 5.1. Summary of (initial rate) urea hydrolysis experiments. Average pseudo-

first order reaction rates are shown in column 2 (n=3). Half-lives are shown on the 

right side of the table. 

Temp (⁰C) 
Reaction Rate Half-life 

Mean Stdev t1/2 (hrs) t1/2 (min) 

25 1.5 0.1 0.47 28 

15 0.65 0.04 1.1 64 

10 0.42 0.06 1.7 100 

6 0.35 0.08 2.0 120 

 

 

Figure 5.3. Pseudo first order decay of urea (blue) in animal waste from dairy cows 

at 25 °C. Linear correlation was performed on the first five data points. Controls 

(red) in which Agrotain was used to inhibit urease activity. 
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The activation energy for urea hydrolysis was determined to be 54 (σ = 4) kJ/mol using 

the pseudo first order approximation (Figure 5.4). Larger variations in k were measured at 6 °C 

and were believed to be created by frequent opening and closing of the incubator shaker. 

Michaelis-Menten experiments were conducted at 25 °C in both dairy and beef waste. Line-

weaver Burk plots demonstrated that the maximum urea hydrolysis rates were not significantly 

different in beef waste (8.4 ± 2.7 mg urea-N/g waste hr
-1

) and dairy waste (6.6 ± 9.8 mg urea-N/g 

waste hr
-1

) (Figure 5.5). 

5.4. Discussion 

Agrotain was capable of inhibiting urease activity at 3.45 x10
3
 nL/mg urea-N and did not 

interfere with colorimetric determination of urea. Phenyl mercuric acetate was not capable of 

inhibiting urease activity even within a 2 hours reaction time. Phenyl mercuric acetate likely 

inhibited the enzyme, however, heavy metals exhibit lower inhibition factors than other 

inhibitors such as Agrotain (182). Phosphoramide compounds (Agrotain) inhibiting plant derived 

urease better than heavy metals. The enzyme concentration was not determined, thus sufficient 

PMA may have not been added to inhibit the reaction. If the enzyme concentration is large, 

increase in addition of PMA would not be advised due to the toxicity of mercury. Likewise, other 

sterilization methods (e.g. sodium azide, etc) would result in the limited inhibition or no 

inhibition in the case of sodium azide. Agrotain was a robust urease inhibitor at 2 hours and 

continued up to a 24 hour interval. 

The calculated activation energy (54 kJ/mol) for urea hydrolysis was within 

experimental error of previous fecal/urine mixtures studies in which an activation energy of 

51.88 kJ/ mol was  reported (104).  This fecal/urine  study used an  Michaelis-Menten  approach  
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Figure 5.4. Arrhenius plot of urease activity measured in dairy waste. Activation 

energy of urea hydrolysis in dairy operation waste was determined at 6, 10, 15, 25 

°C.  
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Figure 5.5. Line-weaver Burk approximation of maximum urea hydrolysis 

rates at 25 °C in dairy (top) and beef (bottom) dry pen waste. Error bars 

represent one standard deviation (n=3). 
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where an initial pseudo first order kinetic model was used in this study to calculate the activation 

energy Ea (104). Minimal difference between pseudo first order and Michaelis-Menten exist at 

low substrate concentrations compared to enzyme concentrations. The activation energy obtained 

in this study was nearly double of results reported for natural soils (24.4 kJ/mol at 20 °C) (103). 

Although higher amount of urease are most likely present in animal waste in comparison to 

natural soils; pH affects the rate of urea hydrolysis (104). Optimal pH ranges for urea hydrolysis 

are 6.8 to 7.5. The studies conducted in soils were in this range, however our pH ranges from 8.2 

to 8.5 in dairy waste (Table 4.1). Reductions in urea hydrolysis up to 40% have been reported at 

pH 8.2-8.5 (104).  

All calculated half-lives were shorter than 30 minutes at 25 °C and shorter than 2 hours at 

6 °C. Other studies conducted in animal waste have suggested complete breakdown of urea 

within 2 to 24 hours between 10 and 25 °C (17, 20, 103, 104, 108). These studies refer to 

breakdown in dairy waste on a concrete surface while this work was studied on feedlot dry pen 

surfaces. If we assume five half-lives constitute complete breakdown (>96%), our study supports 

compete breakdown of urea within 8.4 and 2.4 hours at 10 and 25 °C, respectively. Although, 

Michaelis-Menten experiments were not conducted for all temperatures, the reaction rates 

obtained at 25 °C for dairy and beef feedlot waste were not significantly different (p = 0.571, p 

=0.693) than previous calculations based on urine/fecal/water mixtures (8.9 ± 1.6 mg N/g dry 

feces hr
-1

) (104). This result supports the application of urea hydrolysis reaction rates to other 

CAFO systems; however, this would need to be substantiated. 
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5.5. Conclusion  

Agrotain was a suitable urease inhibitor that allowed for monitoring urea hydrolysis 

kinetics in feedlot waste. The activation energies for the observed urea hydrolysis in dairy and 

beef feedlot dry pen waste were in good agreement with values reported in previous fecal-like 

studies but about two times higher than activation energies derived from studies in natural soils. 

Moreover, maximum urea hydrolysis rates using the Michaelis-Menten approach were not 

significantly different from previous studies in animal waste. Interestingly, the observed urea 

hydrolysis half-lives were resulted in complete turnover (5t1/2) in roughly 2 to 8 hours. Thus, 

turnover of urea may be much faster than originally thought at even low temperatures (6 °C). 

Thus production of ammonia in feedlots is not strongly inhibited by low temperatures (6-10 °C) 

as anticipated. Thus, it is highly unlikely that urea increase on feedlot surfaces during the winter. 

While temperatures below 5 °C in northern Colorado are commonplace, there are sufficient days 

of temperatures over 5 °C and allow for rapid conversion of urea to ammonium. Feedlot pens are 

exposed to radiation during the day and can exceed air temperatures by 10 to 15 °C (188). These 

data suggest that NH3 losses from feedlots could be reduced by slowing or suppressing urea 

hydrolysis.  Unfortunately, additions of urease inhibitors such as Agrotain have shown temporary 

results (189) and require weekly applications which is currently prohibitive by high costs. 

5.6. Future Work 

Future studies should conduct a complete comparison of the pseudo first order kinetic 

model approximation to ensure the observed values in a feedlot system compare to an empirical 

maximum rate calculated from the Michaelis-Menten methodology. Additionally, testing various 
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feedlot systems with different soil types (sandy, clay, silt) should be compared to confirm the 

application of this data to various feedlot soil types. 
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CHAPTER SIX 

Summary 

Atmospheric deposition of ammonia and ammonium contribute to negative ecosystem 

responses within sensitive sub-alpine ecosystems of Rocky Mountains, USA. The work 

presented here describes processes controlling ammonia emission (Chapter 4, 5), magnitude of 

ammonia emissions (Chapter 3, Appendix 1), impact of ammonium deposition on ammonia 

emission from native soils (Chapter 3), and the use of N isotopes as a tool for tracing ammonia 

pollution through atmospheric transport and deposition (Chapter 2). The isotope-based ammonia 

source tracking results showed that δ15
N-NH3 isotopes were distinguishable (p < 0.05) among 

certain emission sites (e.g., beef cattle, dairy cattle, and waste water treatment). However, the 

average δ15
N value of ammonia gas (-29.9‰) and ammonium wet deposition measured at a 

receptor location within RMNP could not be used to directly categorize the primary ammonia 

sources. Use of weekly integrated samples of gaseous and particulate reduced nitrogen, oxidized 

nitrogen, and sulfur measurements and HYSPLIT modeling indicated post emission physical and 

chemical processes, such as source mixing, isotopic fractionation, and dry deposition, as the 

most likely reasons for why δ15
N values measured at the receptor site did not reflect the original 

sources. However, δ15
N values may be able to provide evidence of chemical processing and 

demonstrated the potential to be used as an indicator of secondary reactions such as extent of 

aerosol formation and ammonia scavenging. The use of δ15
N values as an indicator of 

environmental impact still needs to be supplemented with modeling or other chemical 

information.  

This work applied a dynamic (flow through) laboratory chamber apparatus to measure 

native ammonia emissions under semi-realistic conditions (Chapter 3). This work provides new 
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information on the magnitude of ammonia emissions from native sub-alpine soils, indicating that 

natural emissions are not, as previously suggested, major sources of reduced nitrogen in the 

RMNP airshed. This work demonstrated that ammonia emissions from sub-alpine grassland and 

forest within RMNP were significantly different. Moreover, the average quantifiable ammonia 

emissions from sub-alpine grassland and forest soil cores were low in comparison to other 

lowland grasslands and forest ecosystems. The use of emission models to estimate the influence 

of temperature on ammonia emissions from sub-alpine soils supported soil emissions minimal 

contribution to observed wet deposition. Furthermore, using an δ15
N labeled ammonium 

solution, it was shown that wet deposition of ammonium did not enhance short term loss of 

ammonia from grassland and forest soil.  

Wet deposition was monitored at the sampling location since it is the primary pathway 

for nitrogen deposition. The wet nitrogen deposition was found to be higher than the estimated 

critical load (1.5 kg N ha
-1

 yr
-1

) of RMNP and is thus likely to have an adverse effect on the 

ecosystem. This study found that large nitrogen deposition events can occur throughout the 

spring and summer period. The largest weekly deposition accounted for one-third of the 

ecosystem’s critical load. With the addition of HYSLIT modeling, wet deposition of potassium 

and organic nitrogen supported the importance of nitrogen sources such as biomass burning. 

Livestock production is the largest contributor to ammonia emissions in the US, and the 

world. However, accurate measurements and estimates had proven difficult in the past due to 

poor census and ammonia characterization. This work described an approach to measure the 

Henry and acid dissociation constants in complex matrices with various solid contents (animal 

waste) and high ionic strengths. This work suggested the use of porous tubing as a more 

appropriate and robust approach to headspace ammonia measurements used for calculation of KH 
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and Ka. The Henry constants reported here for animal waste systems were in agreement with 

previous published work in water and high salinity solutions. The Ka values determined here 

were not as robust as the KH values, and should be further investigated with the approach 

suggested in Chapter 4. Our results support previous studies that have indicated that microbially 

produced CO2 can change the surface pH by 0.5 units during degassing resulting in alteration of 

the speciation of ammonium and ammonia in animal waste-based systems and thus complicate 

the determinations of KH and Ka.  

Production of ammonia through urea hydrolysis in feedlot animal waste was briefly 

investigated using a commercially available urease inhibitor, Agrotain (Chapter 5). Both a 

pseudo first order kinetic model and Michaelis-Menten approaches were used in order to 

determine the activation energy and temperature dependency of urea hydrolysis. The activation 

energy determined for urea hydrolysis supported previous work conducted in fecal-urine 

mixtures. The urea hydrolysis rate was found to be insensitive to temperature variations typical 

for Colorado feedlots. Turnover of urea to ammonia was found to be fast (2-10 hours) and is not 

expected to be a limiting aspect of ammonia emission from feedlots in Colorado. 

This work has provided useful information for the production, speciation, and emission of 

ammonia from natural and intensively managed soil and animal waste systems. This information 

can be used to better quantify ammonia cycling and verify current nitrogen models for both 

native and agricultural land. This information will help land managers, farmers and regulators by 

providing a set of tools and results that can be used to limit emissions of reduced nitrogen from 

major sources in order to prevent further eutrophication of sensitive ecosystems.  
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APPENDIX 1 

Laboratory Chamber Apparatus 

Motivation  

Ammonia emissions from confined animal feeding operations (CAFOs) are important 

since they are among the top ammonia sources. Thus, our first objective was to characterize 

important sources of ammonia within a CAFO system. CAFO ammonia studies included a 

determination of emission differences between intact soil cores and loose duff material (non-

compacted feces), effect of soil additives (water and synthetic urine), and investigations into 

effects of best management practices (BMPs), such as water application or scrapping. Scraping 

consists of mounding all waste materials into the center of a pen as a mound. The scrapped areas 

are the areas furthest from the center of the pen. The addition of synthetic urine was studied to 

investigate how quickly urea-N is converted into ammonia and emitted from feedlots. This was 

achieved by adding a known amount of urea and measuring the increase in emitted ammonia 

after application. Water application and scraping were important to study, because they may be 

viable BMPs for limiting ammonia volatilization.   

Methods 

Laboratory Chamber Apparatus 

In general, refer to Vaillant 2007 for description of the laboratory chamber system (190). 

The chambers were mounted in a wooden rack that allowed tight clamping of chamber tops. 

(Figure A 1.1).  Modifications from  chamber described in chapter 2  are as follows: no ammonia   
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Figure A1.1. Picture of laboratory chamber system.  A. 

Ventilation system B. Steel Manifold C. 10 L/min flow 

meter D. Sample Chamber E. Reinforcement using a 2x4 

F. Acid Traps. 
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scrubber (Purafil: Puracarb AM Media, Doraville, GA), smaller chambers (Space Saver Vacuum 

Desiccator, Scienceware, 17 cm diameter), addition of ventilation system, lack of PFE coated 

walls, and use of bevaline tubing for all connections.  

Summary of Chamber Design Modificaitons  

- In place of PVC, steel manifolds were introduced to limit leaks which became 

problematic with use with PVC. 

- Initially, saline solution (KCl, NaCl, etc.) were used to control dew point, however, 

this was replaced by a refridgerator bath to allow for finer control of dew point. 

Furthermore saline solutions caused flow blockages by precipitating within the 

tubing. 

- In place of binder clips to seal the top and bottom half of the chamber, all threads, 

wing nuts, and a 2.54 cm  x 10.2 cm board (including a centered beveled circle) were 

used to ensure a tight seal. 

- The chamber system has been expanded to house up to twelve samples to enhance 

complexity of studies, as well as, throughput 

- A ventilation system was installed to help control odor 

Chamber Testing 

First, incoming air was tested for ammonia using a Piccaro real time gas analyzer. 

Chamber blanks and mass balance experiments were performed to ensure a clean and closed 

system. Chamber blanks were conducted by running zero air through the system. This 

experiment was performed by flushing the chambers for 24 hours prior to the start of the 

experiment and collecting ammonia for 12, 24 and 48 hour integration periods. The limit of 
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detection (LOD) and quantification (LOQ) were calculated using three and ten times the standard 

deviation of the blank, respectively. For the mass balance study, the bottom of a Petri dish filled 

with glass beads was placed in the center of the chamber and 30 mL of 30 mM ammonium 

chloride solution was added into the Petri dish, 5 mL of 10 M NaOH was added, and the 

chamber was closed.  

Effects of flow rate and humidity were tested on cores collected from Greely, CO. Flows 

were adjusted to 2, 5, and 8 L min
-1

 for four chambers. Emissions were monitored daily for seven 

days. A second test was performed with additional treatments of with two relative humidities 

(19, 52%) with 2.5 and 5.0 L min
-1

 flow rates. All future experiments were set at a dew point of 8 

°C, resulting in roughly 35% relative humidity (RH.)  

Soil Experiments  

Soils samples were collected from a beef feedlot near Greely, CO, USA. Cores were 

collected on the same day as the experiments were conducted. Intact soils cores were collected as 

described in chapter 3, with the exception that the stainless steel rings were 5.08 cm in depth. 

Duff material was collected by gathering loose aggregates near or along the surface of a pen. 

Experiments were conducted following the conditions described previously (158). The soil 

chamber studies were conducted over a 5 to 14 day period in which the ammonia soil emission 

was integrated over 24 hour intervals. This chamber system was also used in other studies (158) 

looking at soil ammonia emissions from livestock systems.  

The effects of duff material, water application, and scrapping on ammonia emission were 

investigated. Duff materials were packed into steel rings alongside soil cores and monitored for 5 

days. To assess the effects of water and synthetic urine (484 mg urea-N core
-1

), cores were run 

undisturbed for seven days and then treated with synthetic urine (n=4), water (n=4), or no 
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addition (n=4). To test the effecting of pen scrapping, cores were collected from the scrapped 

and mounded areas. Scrapping consists of mounding animal waste in the center of the pen 

creating a mound where the cattle can stay dry. Cores were gathered from the interior (mounded 

areas) and the exterior of the pen (scrapped areas) and tested at the same environmental 

conditions within the chamber system. 

Results 

Chamber Data 

Incoming laboratory air showed a minimal ammonia concentration utilizing only the 

water bath as a trap (Figure A1.2). It was deemed unnecessary to use another ammonia scrub for 

feedlot studies, but a secondary ammonia scrub should be used where emission concentrations of 

ammonia are near 20 ppbv. The results of the chamber testing showed a closed system with a 

satisfactory LOD and LOQ allowing for potential investigations into native ammonia fluxes as 

discussed in Chapter 3. Since emission from feedlots can be over 1000x higher than native soils, 

it was deemed acceptable for CAFO comparisons (Figure A1.3). No significant difference was 

observed between 24 and 48 hour integrations. The lack of variability between ammonia mass 

collected at 12, 24, and 48 hours indicates ammonia collected in blanks were due to the operating 

procedure and not to air entering the chamber apparatus. Furthermore, the calculated LOD and 

LOQ are 0.0005 μg NH3-N m
-2

 s
-1 

and 0.0016 μg NH3-N m
-2

 s
-1

, respectively. The average 

concentration entering the chamber was 0.13 μg NH3 m
-3

, which should be sufficiently low to 

stimulate emission. The results from the mass balance experiment showed 96.3% (+/-2.6%, n=6) 

recovery of ammonia.  
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Figure A1.2 Ammonia concentration as a function of time utilizing a water bath 

as a trap for laboratory air. Water trap was changed at 0.37 days.  
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Figure A1.3. Mass of ammonia collected from zero air experiments at 12, 24, and 

48 hours. Error bars represent one standard deviation (n=6). 
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The flow rate of atmospheric air over a soil surface should directly affect ammonia flux 

by increasing the mass transfer coefficient (Equation 3.1). The experiments here support this 

correlation (Figure A1.4) although the data are not significantly different. Usually, the first day 

has the highest emissions and most variability. Adjusting the RH along with flow rate was 

compounded by extensive cracking of the soil core surface (Figure A1.5). Ammonia emission 

did not exhibit pseudo first order results as previously observed. Attempts to normalize to other 

properties such as water loss could not account for the abnormal behavior, but visual inspection 

demonstrated extensive cracking of the soil surface. Surface cracking would change the surface 

area of the soil causing the behavior to deviate from pseudo first order. It should be noted that 

water loss did lower the deviation amongst each treatment and plays a role on ammonia 

emission. The surface crusting or cracking of the surface lowers ammonia emission, thus with 

higher relative humidities, surface crusting will be delayed allowing for a larger cumulative 

ammonia emissions. 

CAFO Experiments 

Certain soil chemical properties of soil cores and duff material are given in Table A1.1. 

Our findings show that intact CAFO soil cores have higher ammonia emissions (44.7%) than 

duff material (non-compacted feces) from CAFOs (Figure A1.6). Additionally, ammonia 

emissions from both soil cores and loose material followed pseudo-first order kinetics. We found 

that 42.1% of the added urea-N in the synthetic urine was converted to NH4
+
 and volatilized as 

NH3 within seven days from CAFO soil cores (Figure A1.7). This confirms that urine plays a 

large role in ammonia emission from CAFOs, and future investigations are important to better 

understand  how to  control N  emissions from  CAFOs.  Lastly, both  application of  water and  
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Figure A1.4. Effect of air flow on ammonia emissions from intact soil cores 

from a beef feedlot pen surface. 2.0 L min
-1

, 5.0 L min
-1

, 8.0 L min
-1

 treatments 

are shown in green, yellow, and blue, respectively.  Error bars represent one 

standard deviation (n=4). 
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Figure A1.5. Effect of flow rate (2.5, 5.0 L min
-1

) and relative humidity 

(19, 52%) on ammonia emission (top). Treatments normalized by water 

lost per day (bottom). Error bars represent one standard deviation (n=3). 



 

151 

scraping can lower (8.3%, 40.4%, respectively) ammonia volatilization; however, the n value 

(number of replicates) in these preliminary experiments is not adequate to assess effectiveness. 

These results show that both water application and scraping (Figure A1.8) can be viable 

management practices to help limit ammonia emissions. 

Conclusions 

The laboratory system described in this appendix was shown capable of measuring 

differences in ammonia emissions from different soil/animal waste types and from animal 

waste/soil that has undergone different treatments relevant for manure management within 

feedlots. Sufficient mass balance and limits of detection and quantification were achieved to 

study feed lots and even native soils. We found that duff material play a minor role compared to 

soil cores on ammonia emission from feedlots surfaces. Also, we found that water application 

and scrapping resulted in short term (<5 days) reductions of ammonia emission. Lastly, we found 

that nearly 50% of urea-N is rapidly converted and re-volatilized as ammonia from soil cores 

under aerodynamic conditions similar to the field conditions. 
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Table A1.1. Chemical properties of duff and soil cores 

 

 
TOC 

(%) 

Total N 

(%) 

Organic N 

(%) 

NH4-N 

(mg/kg) 

NO3-N 

(mg/kg) 

Dry Matter 

(%) 

Soil Core 58.2 2.68 2.59 857.2 6.2 88.4 

Duff 78.7 2.89 2.77 1134 20.1 83.5 
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Figure A1.6: Graph of ammonia emission in grams of ammonia (NH3) per meter 

squared. Core represents intact samples while loose material represents compiled 

materials. Error bars represent on standard deviation (n=6) 
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Figure A1.7. Graph of ammonia flux in grams of ammonia (NH3) per meter 

squared. The first six days were undisturbed with no additives (n=12). On day 

seven synthetic urine (yellow) and water (blue) were added to four cores 

respectively, while the remaining four cores were given no additives (black) 

were considered controls. Error bars represent one standard deviation (n=4).  
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Figure A1.8: Graph of ammonia flux in grams of ammonia (NH3) per meter 

squared. Error bars represent on standard deviation. Scraped areas (n=3) and 

mounded samples (n=9) are samples from the exterior (scrapped) and interior 

(mound) areas of the feedlot pen surface.  
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APPENDIX 2 

Active Conditional Ammonia Sampling 

Motivation 

Due to the difficulty in sampling low ammonia emission areas and to prevent mixing of 

undesired emission sources (i.e. urban mixing with agricultural air); an active conditional 

sampler was designed and constructed. This ammonia sampler design will help prevent mixing 

between neighboring sources, such as waste water treatment and mobile sources, to allow 

identification of the isotopic signature from a single source.To enhance our ability to sample 

sites with lower ammonia emissions and prevent possible source mixing, or both, three active 

conditional samplers were constructed (Figure A2.1). These samplers were capable of turning 

on/off based on the environmental conditions (wind speed and direction). 

Design 

The sampler consists of five basic aspects: the ammonia sampler, basic met station, data 

logger, pump, and power. All mechanical (pump, etc) and electrical (power supply, data logger, 

etc.) are placed inside a plastic container (Figure A2.2) to prevent tampering from persons and 

animals, prevent water and snow from affecting electrical performance, and ease of use. The 

ammonia sampler used here is a Honeycomb denuder and casing. In short, air is pulled into the 

sampler by the pump and encounters an impaction plate to remove coarse particles (>10 µm). Air 

passes through the annular tubes of the phosphorous acid coated honeycomb denuder(s) and 

converts ammonia gas to ammonium phosphate. The back end of the denuder  consists  of  up  to  

4 filters contained in a filter pack. Particles are collected on  a phosphorous acid impregnated   
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Figure A2.1. Conditional samplers deployed at a beef cattle feedlot.  A is the 

denuder used for sampling, B is an anemometer used to monitor wind direction 

and speed, C is used to monitor temperature and humidity, and D is an enclosure 

for the pump and electronics. 
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Figure A2.2. Schematic of active sampler chest consisting of air pump, dry air 

meter, flow meter, power strip, fan, and power relay (not shown).   
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Whatman 42 filter. Honeycomb samples were transported to and from the field within plastic 

cases. The samples were extracted in 18.2 MΩ water and analyzed on an ion chromatograph as 

described in chapter 2.  

The meteorological station consists of an anemometer and a temperature and humidity 

sensor. The anemometer is used to monitor wind speed and direction. This met station is 

interfaced to a data logger (Campbell Scientific). The data logger is programmed to compile ten 

minute averages of wind direction and speed along with logging temperature and humidity 

information. Prior to deployment of sampler, meteorological requirements, such as wind speed 

and direction, were determined to ensure site specific sampling; this was performed by setting 

threshold wind speeds and upper and lower bounds on wind direction (0-360°) If the ten minute 

average for both wind direction and wind speed were met, the pump is set to “on” through a 

power switch attached to the data logger. Lastly, a sampling duration maximum was set to ensure 

the honeycomb samplers would not become saturated. Multiple samplers were setup with one 

meteorological station when possible.  

Calibration of Flow 

Flow rates were calibrated for all samplers in the laboratory using a dry air meter (Table 

A2.1). While field sampling, a dry air meter was placed in with the three samplers for quality 

assurance. Samples were run in the lab at 10 L min
-1

 according to the ball flow meters and 

adjusted accordingly to achieve 10 L min
-1

. Pressure and temperature corrections were made 

following equation A2.1. Q is the flow rate at standard conditions (1 atm, 25 C). P is pressure 

and T is absolute temperature at standard conditions and operating conditions (measured). 

                      
                   

                   
                           Eq A2.1 
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Proof of Concept 

Active conditional samplers were deployed on the edge of a beef cattle feedlot in CO, 

USA. Two samplers were deployed and setup to sample air directly from feedlot, while the third 

was placed on the opposite side to assess air moving into the feedlot (Upwind). The 

meteorological requirements for both the samplers and background samplers are shown in Table 

A2.2. Samplers were deployed for up to two weeks or less if the maximum sampling was 

achieved. 

Sampling was conducted from October 2010 to January 2011. Most of these periods 

experienced meteorological conditions allowing for downwind (feedlot) and upwind 

(background) sampling. The hourly averages of wind direction, speed, directional boundaries, 

and minimum wind speed for the source sampler during late October are shown in Figure A2.3. 

Meteorological conditions were similar for both background and feedlot samplers. Sampling 

occurred on October 30
th

, 2010 from 12:00 to 16:00 and completed the 2 hour maxim mum 

sampling duration within these 4 hours.   

The system was verified to operate correctly based on meteorological conditions and did 

terminate sampling once the maximum duration was achieved. Next, average ammonia 

concentrations were compared to asses if the meteorological conditions used were adequate to 

separate a known source (downwind), the feed yard, from the background. Comparison of 

upwind and downwind (feedlot) ammonia concentrations from early December (Figure A2.4) 

demonstrated adequate meteorological requirements to distinguish upwind (41.77 ppbv) from 

feedlot sources (1660, 1710 ppbv). 
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Table A2.1 Percent error in flow meters compared to dry air meter used for 

active conditional samplers. 

 Flow Meter 1 Flow Meter 2 Flow Meter 3 

Percent Error at 10 L min
-1

 3.28% -1.19% -4.71% 

 

Table A2.2. Meteorological requirements for ammonia sampling at a beef feedlot 

in late 2010 to early 2011.  

 

Lower 

Directional 

Boundary 

Upper 

Directional 

Boundary 

Minimum 

Wind 

Speed 

Maximum 

Sampling 

Duration 

Feedlot 105⁰ 255⁰ 2.5 m s
-1

 240 min 

Background 285⁰ 75⁰ 2.5 m s
-1

 240 min 

 



 

162 

 

 

  

 

Figure A2.3.  Hourly meteorological conditions measured at a beef feed yard from 

October 2010 to November 2011. Circles represent average wind direction; blue 

line represents average wind speed. Red lines represent the upper and lower 

boundaries of the meteorological requirements. The dark red line represents the 

minimum wind speed requirement.  
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Figure A2.4.  Comparison of integrated ammonia concentrations from active 

conditional samplers for background and feedlot samplers near a beef cattle 

feedlot in CO, USA. 
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Preliminary Sampling Results 

Preliminary ammonia sampling continued throughout the winter period (Figure A2.5). 

Ammonia concentrations were shown to vary greatly (658.9 – 1710 ppbv) over the study period. 

However, environmental conditions such as inversion layer can affect the observed ammonia 

concentrations. Inversion layers can compress the available air above the feedlot. With continued 

ammonia emissions from the feedlot surface, the ammonia gas concentrations can greatly 

increase. Regardless, this sampler demonstrated the ability to sample a single source area based 

on meteorological conditions. 

Conclusions 

The conditional samplers described here were able to successfully sample air from a 

desired source (beef feedlot) versus background sources. The system was rather robust and 

capable of enduring conditions in the Colorado Front Range during the winter months. The use 

of this sampler was limited by labor, cost, and power for ammonia measurements. Future 

modifications and adaptations should address the concerns of labor, cost and power if 

widespread adoption for ammonia monitoring is desired. Passive samplers will limit labor, cost, 

and power requirements, but the passive sampler needs to be interfaced to a meteorological 

sensor. 
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Figure A2.5 Integrated ammonia concentrations over the winter at a beef cattle 

feedlot near Greeley, CO. 

 


