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ABSTRACT

UNTANGLING SOURCES AND DEPOSITION OF AIRBORNE NUTRIENTS

Deposition of excess nutrients, nitrogen (N) and phosphorus (P), can have negative impacts

on ecosystem health. This work will focus on frontiers in reactive N (Nr) and P deposition and

emissions. Nr deposition in the US has experienced a regime shift, due to effective NOx emis-

sions regulations, and is now dominated by reduced N (gaseous ammonia (NH3) and particulate

ammonium (NH+
4 )). Wet deposition of inorganic Nr is routinely measured by the National Atmo-

spheric Deposition Program, and is of particular interest in sensitive ecosystems, including Rocky

Mountain National Park (RMNP). Reduced inorganic Nr dominates wet Nr deposition in RMNP.

Dry deposition of NH3 is rarely quantified due to the complexity in simulating its bidirectional

exchange with surfaces. Bidirectional NH3 flux simulations require high time resolution NH3 con-

centration and micrometeorology data, both of which are technically challenging, costly, and gen-

erally unavailable. Here, we test whether more commonly available biweekly NH3 concentration

data and meteorological reanalysis data can be substituted with acceptable results. Fluxes sim-

ulated with biweekly NH3 concentrations, commonly available from NH3 monitoring networks,

underestimated NH3 dry deposition by 45%. These fluxes were strongly correlated with 30-minute

fluxes integrated to a biweekly basis (R2 = 0.88), indicating that a correction factor could be ap-

plied to mitigate the observed bias. Application of an average NH3 diel concentration pattern to

the biweekly NH3 concentration data removed the observed low bias. Annual NH3 dry deposition

from fluxes simulated with reanalysis meteorological inputs exceeded simulations using in situ

meteorology measurements by a factor of 2.

Upslope flows driven by mountain-plains and synoptic-scale circulations frequently transport

emissions from the Colorado Front Range urban corridor and nearby agricultural operations to

RMNP. Spatial patterns of NH3 in this NE Colorado source region, from both satellite (IASI, In-
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frared Atmospheric Sounding Interferometer) and in situ observations, were strongly correlated

with the number of animals in nearby confined animal feeding operations (CAFOs). Satellite ob-

servations reveal large increases over NE Colorado during the period 2013-2023, with increases

over an agricultural region more than three times greater than over the Denver metro region. De-

creases in particulate NH+
4 formation, following emissions reductions in sulfur and nitrogen oxides,

and increases in wildfire smoke are estimated to account for a small portion of the increase, which

appears spatially to be dominated by increased emissions from agricultural sources.

The western US is home to additional agricultural regions, ecosystems that are sensitive to

excess inorganic Nr deposition, and increasing wildfire frequency. The effects of changing agri-

cultural and smoke emissions are quantified using oversampled data from the Cross-track Infrared

Sounder (CrIS), at 2 km resolution, for the warm season when peak agricultural emissions and

wildfire frequency occur. The largest total column NH3 increases were associated with agricul-

tural regions across the western US, ranging from a 1.5 to 4.8% increase per year. In the Colorado

Front Range, the NH3 concentration trend above the agricultural subregion averaged 2.7% per

year, decreasing to 2.5% per year when periods of wildfire smoke were removed. Over Idaho’s

Snake River Valley, the NH3 concentration trend of +1.5% per year did not change when smoke

periods were removed. The spatial footprint of agricultural hotspots is increased by 7% per year

across the western US from 2013 to 2023, a trend that may indicate expansion of agricultural activ-

ities, increasing lifetime of emitted NH3, or both, with important implications for increased NH3

deposition to nearby sensitive ecosystems.

Research on the deposition of P is much more limited than N deposition, despite potential

ecosystem impacts. The US NADP network has not previously quantified wet P deposition, in part

due to a lack of a suitably tested method for trace-level measurements of ionic phosphate (PO3−
4 ).

Flow injection analysis, a well-established technique for measuring PO3−
4 in surface water, is tested

and optimized here for measurements down to < 1 µg P L−1. This technique was used to success-

fully quantify PO3−
4 wet deposition from precipitation and snowpack samples, with concentrations
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ranging from below detection limit to 37.5 µg P L−1 in Colorado and Kentucky, laying important

groundwork for a future national P monitoring effort.
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Chapter 1

Introduction

The global biogeochemical cycles of carbon (C), nitrogen (N), and phosphorus (P) are complex

and interconnected systems that play a key role in the worldwide processing of nutrients in living

organisms, atmosphere, land surface, and oceans. The carbon cycle is connected to ecosystem

productivity, ocean acidification, air quality, and climate change (IPCC, 2022). The global cycles

of N and P are coupled to the C cycle and have direct impacts of their own (Wang et al., 2020).

N and P availability can be responsible for nutrient limitation in ecosystems, which places an

important constraint on ecosystem productivity (Vitousek et al., 2010). The deposition of excess

nutrients, reactive N and P, to ecosystems can have negative impacts on ecosystem health (Baron

et al., 2000; Boot et al., 2016; Zhan et al., 2017). Reactive N and P refer to the chemical species

that are readily bioavailable and will undergo reactions in the atmosphere. Primary emissions of

gas-phase reactive N species can also play a key role in particle formation. In contrast, P is emitted

predominantly in the particle phase (Ruttenberg, 2003).

Reactive N (Nr) deposition and the associated ecosystem impacts have been a major focus of

worldwide research (e.g., Gao et al., 2019; Walker et al., 2019a; Driscoll et al., 2024). Through this

research, critical loads have been established to estimate the level of Nr deposition that will result

in negative ecosystem impacts (Baron, 2006; Ellis et al., 2013). These critical loads, however, only

consider wet deposition of inorganic Nr while total Nr deposition typically considers wet and dry

deposition of inorganic nitrogen species, including ammonia (NH3), particle ammonium (NH+
4 ),

nitric acid (HNO3), and particle nitrate (NO−

3 ). Total Nr deposition may also include contributions

from organic N compounds (e.g., peroxyacetyl nitrate (PAN), alkyl amines, and biologically rel-

evant compounds such as amino acids and proteins). HNO3 is formed in the atmosphere through

the oxidation of primary NOx emissions. Effective NOx emission controls have effectively reduced

wet deposition from oxidized-N species (HNO3 & NO−

3 ) and shifted the balance of wet deposition

1



towards reduced-N species (NH3 & NH+
4 ) (Li et al., 2016; Walker et al., 2019a; Driscoll et al.,

2024).

NH3 is the main form of emissions of reduced-N to the atmosphere and is the primary alkaline

gas in the atmosphere. NH3 can form particulate NH+
4 via reaction with acidic species, predom-

inantly sulfuric and nitric acids (Behera et al., 2013). NH3 is directly emitted from agricultural

activities, traffic, wastewater treatment, and biomass burning (Walker et al., 2019b; Tomsche et

al., 2023). The lifetime of NH3 against dry deposition is on the order of minutes to hours, while

particle NH+
4 has a much longer atmospheric lifetime, which increases the likelihood of deposition

to remote ecosystems (Aneja et al., 2001; Napari et al., 2002; Ianniello et al., 2011). The formation

of fine particulate matter (PM2.5) is a major concern because it is harmful to human health (Xing et

al., 2016). Wet deposition of inorganic Nr is routinely measured by the National Trends Network

(NTN) operated by the National Atmospheric Deposition Program (NADP). The dry deposition of

NH3 is rarely measured and remains a large source of uncertainty in total Nr deposition (Walker et

al., 2019b). Dry deposition of particulate NH+
4 is unlikely to play a large role in Nr deposition due

to the long atmospheric lifetime (e.g., days to weeks) of PM2.5 species against dry deposition.

NH3 dry deposition has been previously estimated using inferential methods with an approx-

imated deposition velocity (Beem et al., 2010; Benedict et al., 2013a). However, NH3 flux pro-

cesses include both emission from and deposition to the surface (Sutton et al., 1995). NH3 fluxes

are rarely measured but can be simulated with a few different bi-directional models (Massad et al.,

2010; Zhang et al., 2010; Pleim et al., 2013). NH3 fluxes can change quickly, both in sign and

magnitude, under changing NH3 concentrations or meteorological parameters.

To best capture the direction and magnitude of NH3 fluxes, high-time resolution NH3 con-

centration, and micrometeorological parameters are required. Unfortunately, NH3 is difficult and

expensive to measure at high time resolution. Biweekly passive NH3 measurements can be made

at significantly lower cost and have been implemented in long-term monitoring networks (Butler

et al., 2016; Schiferl et al., 2016). Due to the high temporal variability in NH3 atmospheric con-

centrations, however, these measurements may not be well-suited to NH3 flux simulations (Shen
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et al., 2016; Schrader et al., 2018; Tanner et al., 2022). Flux tower micrometeorological measure-

ments are similarly difficult and expensive to make. Reanalysis meteorological data are available

for regions that may lack in situ measurements; however, the impact of using this data on NH3 flux

simulations is not well understood (Wichink Kruit et al., 2012; Schrader et al., 2018). High time

resolution and biweekly NH3 concentration data will be used to quantify the impact on NH3 fluxes

above a sub-alpine forest ecosystem in RMNP. Simulated NH3 fluxes will also be compared using

in situ micrometeorology and reanalysis meteorology to understand the impacts on NH3 fluxes.

Approximately 80% of NH3 emissions across the globe have been attributed to agricultural

activities (Wyer et al., 2022). The two main sources of NH3 from agriculture are nitrogen fertilizer

application and livestock waste, both of which have significantly increased in the last 50 years

(Lamarque et al., 2010). NH3 is routinely measured in the US by the Ammonia Monitoring Net-

work (AMoN) operated by the NADP (Puchalski et al., 2011; Puchalski et al., 2015). The network

consists of approximately 100 sites; however, they are mostly in rural and remote areas. In north-

east Colorado, a region of heavy agricultural development, a network of NH3 measurements was

deployed to understand the spatial and temporal variability in NH3 concentrations across remote,

agricultural, and urban source regions (Day et al., 2012; Li et al., 2016). Measurements were made

using two-week integrated passive NH3 samplers, installed approximately 1 meter above the sur-

face. This measurement technique does not capture the diel pattern of NH3 concentrations, which

can be strongly influenced by temperature-driven emissions and a changing boundary layer. NH3

concentration data are also available from satellites, which can bridge spatial gaps of in situ mon-

itoring networks (Wang et al., 2023). Satellite retrievals are used to estimate total column NH3

concentration, as opposed to the surface concentrations monitored by in situ sampling. The in situ

NH3 network and satellite data will be used to assess (1) how atmospheric NH3 concentrations

have changed from 2013 to 2023 over NE Colorado, an important source region for excess Nr de-

position in Rocky Mountain National Park (Benedict et al., 2018), (2) if the observed trends differ

between agricultural and urban source regions, and (3) attribute those changes to potential sources.
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One source that may be contributing significantly to atmospheric NH3 across the western US

is wildfire smoke. After agriculture, wildfire smoke is the next largest source of NH3 in the US. In

the past decade, the frequency of wildfire smoke has increased across the US (Bray et al., 2018;

Corwin et al., 2022). Wildfires typically occur during the spring and summer in the western US

(Picotte et al., 2020), when NH3 emissions from agriculture are also the largest. Increased NH3

emissions from wildfire smoke could have a large impact on deposition in remote ecosystems

because emissions are injected higher into the atmosphere (Lindaas et al., 2021), which increases

the atmospheric lifetime against dry deposition. Pairing modelled wildfire smoke plumes and

satellite retrievals of NH3 will allow for the impact of wildfire smoke to be removed from the NH3

data record. Using this data, the increase in atmospheric NH3 attributed to wildfire smoke will be

quantified in the western US. Understanding the changing NH3 emissions in the region will inform

the expected changes to Nr deposition and potential ecosystem impacts.

In contrast to Nr deposition, there is limited research looking at P deposition. Excess deposi-

tion of P likely also results in harmful ecosystem effects in protected areas (Tipping et al., 2014;

Brahney et al., 2015; Lynam et al., 2023). Ionic phosphate (PO3−
4 ) is the main form of bioavailable

P, or P that can be readily used by living organisms. To help fill this research gap, a new pilot

P wet deposition sampling program has been designed in collaboration with the NADP, National

Park Service, US Environmental Protection Agency, and the US Forest Service. However, a new

technique for quantification of P in wet deposition will be required to measure sample concentra-

tion. Quantification of PO3−
4 deposition has not been previously included in routine US monitoring

networks, like the NTN. This is due in part to the challenges associated with measuring P concen-

tration at the low levels expected in wet deposition. Flow injection analysis is a common technique

for measuring PO3−
4 in surface waters (Lyddy-Meaney et al., 2002, although it has not been used

for measuring US wet deposition data, which typically have much lower concentrations.

Across this dissertation, open questions about the deposition and emission of NH3 will be an-

swered, and the wet deposition of PO3−
4 will be quantified. First, bidirectional NH3 fluxes were

simulated above a sensitive ecosystem to better understand the impact of substituting low-cost
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measurements and reanalysis data, where high time resolution in situ data are not available. This

informs the application of bidirectional NH3 flux models and the data requirements for future

work. Next, a combination of satellite data from the Infrared Atmospheric Sounding Interferome-

ter (IASI) and ground-based NH3 data were used to understand the dominant sources and trends in

atmospheric NH3 in northeast CO. Satellite data were also used to assess changing NH3 from agri-

cultural activities and wildfire smoke across the western US, taking advantage of high-resolution

oversampled data from the Cross-track Infrared Sounder (CrIS). Changes to the spatial footprint of

high NH3 concentrations inform the impact of changing NH3 emissions for transport to sensitive

ecosystems and particle formation. Lastly, a novel measurement technique is described for quan-

tifying PO3−
4 wet deposition, and PO3−

4 wet deposition concentrations are reported from three test

field sites in Colorado and Kentucky. The technique described can be used for future quantifica-

tion of P wet deposition and the initial field measurements help set expectations for likely PO3−
4

concentrations in US wet deposition samples.
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Chapter 2

Sensitivity of Simulated Ammonia Fluxes in Rocky

Mountain National Park to Measurement Time

Resolution and Meteorological Inputs

1 Gaseous ammonia (NH3) is an important precursor for secondary aerosol formation and con-

tributes to reactive nitrogen deposition. NH3 dry deposition is rarely quantified due to the complex

bidirectional nature of NH3 atmosphere-surface exchange and lack of high time-resolution in situ

NH3 concentration and meteorological measurements. To better quantify NH3 dry deposition, mea-

surements of NH3 were made above a subalpine forest canopy in Rocky Mountain National Park

(RMNP) and used in situ micrometeorology to simulate bidirectional fluxes. NH3 dry deposition

was largest during the summer, with 47% of annual net NH3 dry deposition occurring in June, July,

and August. Because in situ, high-time resolution concentration and meteorological data are of-

ten unavailable, the impact on estimated deposition from more commonly available biweekly NH3

measurements and ERA5 meteorology were evaluated. Fluxes simulated with biweekly NH3 con-

centrations, commonly available from NH3 monitoring networks, underestimated NH3 dry deposi-

tion by 45%. These fluxes were strongly correlated with 30-minute fluxes integrated to a biweekly

basis (R2 = 0.88), indicating that a correction factor could be applied to mitigate the observed bias.

Application of an average NH3 diel concentration pattern to the biweekly NH3 concentration data

removed the observed low bias. Annual NH3 dry deposition from fluxes simulated with reanalysis

meteorological inputs exceeded simulations using in situ meteorology measurements by a factor

of 2.

1Naimie, L. E., Pan, D., Sullivan, A. P., Walker, J. T., Djurkovic, A., Schichtel, B. A., and Collett Jr., J. L.: Sensitivity of

Simulated Ammonia Fluxes in Rocky Mountain National Park to Measurement Time Resolution and Meteorological

Inputs, EGUsphere [preprint], https://doi.org/10.5194/egusphere-2025-1167, 2025.
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2.1 Introduction

Gaseous ammonia (NH3) is an important atmospheric constituent, with effects on atmospheric

chemistry and the nitrogen cycle. Atmospheric deposition of reactive nitrogen (Nr) is linked to

nitrogen oxides (NOx) and NH3 emissions. Emissions of NOx and NH3 have many potential fates

including chemical transformation, dry deposition, particle formation, and wet deposition. Anthro-

pogenic emissions of NOx and NH3 are produced predominantly by combustion and agriculture,

respectively (Walker et al., 2019a), although there are also NH3 emissions from traffic, wastewa-

ter treatment, and wildfires (Walker et al., 2019b; Tomsche et al., 2023). Due to increased food

demand and industrialization, anthropogenic Nr has been increasing annually (Galloway et al.,

2008; Kanakidou et al., 2016). Excess reactive nitrogen deposition has well-documented adverse

effects on ecosystem health including eutrophication, soil acidification, decreased biodiversity, and

increased N in freshwater bodies (Bobbink, 1991; Baron, 2006; Holtgrieve et al., 2011; Boot et al.,

2016; Zhan et al., 2017; Pan et al., 2021).

As a result of effective NOx emission controls, the balance of Nr wet deposition across the

US has shifted from oxidized N-dominated to reduced N-dominated, and dry deposition of NH3

at times dominates total Nr deposition (Li et al., 2016, Walker et al., 2019a; Driscoll et al., 2024).

The National Emission Inventory (NEI) indicates that US NOx emissions were reduced by 46%

between 2013 and 2023, while NH3 emissions increased by 13% (US EPA, 2020).

Critical loads, deposition levels below which harmful effects are not expected to occur, have

been estimated for many ecosystems (e.g., Bowman et al., 2012; Schwede and Lear, 2014). In

Rocky Mountain National Park (RMNP), a critical load of 1.5 kg N ha−1 yr−1, based on wet de-

position of NO−

3 and NH+
4 , has been established to avoid adverse effects on the ecosystem (Baron,

2006). The pre-industrial nitrogen load has been estimated at 0.2 kg N ha−1 yr−1 while the current

deposition rate is as high as 3.65 kg N ha−1 yr−1, approximately 15x the natural background and

significantly higher than the critical load (Burns, 2003; CDPHE, 2007; Benedict et al., 2013a).

Although the RMNP Nr critical load only considers wet deposition of NO−

3 and NH+
4 , dry de-

position can also contribute significantly to total Nr deposition. NH3 dry deposition in RMNP
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was estimated to be the third largest contributor to total Nr deposition, accounting for 18% of Nr

deposition from November 2008 to November 2009 (Benedict et al., 2013a).

NH3 dry deposition, however, remains a highly uncertain component of Nr deposition, and

fluxes are rarely measured (Walker et al., 2019b). Previous studies in RMNP have estimated NH3

dry deposition using unidirectional inferential models, where the NH3 deposition velocity (Vd) was

approximated as 70% of the HNO3 deposition velocity (Beem et al., 2010; Benedict et al., 2013a;

Benedict et al., 2013b) and NH3 emission from the surface was ignored. In reality, NH3 exchange

between the atmosphere and surface is bidirectional, including deposition to and emission from

the surface (Sutton et al., 1995). Several models have been developed to simulate the bidirectional

exchange of NH3 with the surface (Massad et al., 2010; Zhang et al., 2010; Pleim et al., 2013).

Key model inputs include micrometeorology, soil and vegetation parameters, and atmospheric

concentrations. In practice, fluxes can change quickly and even reverse direction with changing

environmental conditions. Gaseous NH3 is challenging and expensive to measure at high time

resolution; lower-cost weekly or biweekly passive diffusion-based sampler measurements are more

commonly utilized for long-term monitoring (Butler et al., 2016; Li et al., 2016; Schiferl et al.,

2016; Hu et al., 2021). Previous efforts have used these low-cost measurements to quantify NH3

dry deposition (Walker et al., 2008; Shen et al., 2016; Tanner et al., 2022). Detailed, high-time

resolution meteorological observations at the location of interest are also desired when estimating

dry deposition. Due to the frequent unavailability of such data, reanalysis meteorological data are

often used as a substitute (Wichink Kruit et al., 2012; Schrader et al., 2018).

Schrader et al. (2018) investigated the impact of low time-resolution NH3 concentrations on

modeled fluxes. They found that using monthly NH3 concentrations underestimates total NH3 dry

deposition. However, due to a linear relationship between simulations using monthly NH3 con-

centrations and those using hourly NH3 concentrations, they were able to generate a site-specific

correction to compensate for the use of low time-resolution concentration data. Simulations were

done using a simplified parameterization of the bidirectional exchange model described in Mas-
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sad et al. (2010) and the NH3 concentrations were simulated using the LOTOS-EUROS model

(Hendricks et al., 2016).

Understanding and managing these biases could unveil opportunities to estimate NH3 deposi-

tion when high-time resolution, in situ concentration, and meteorological observations are unavail-

able. Using high-time resolution NH3 concentration measurements, we provide the first estimate of

NH3 annual dry deposition to an RMNP forest canopy using a bidirectional exchange model driven

by high-time resolution NH3 concentration data and in situ micro-meteorological measurements.

We use in situ data collected in RMNP to determine if site-specific correction factors suggested

by Schrader et al. (2018) apply to real-world observations and whether correction factors can be

employed to reduce biases associated with NH3 simulations using lower-cost, low-time resolution

NH3 measurements such as those available from the US Ammonia Monitoring network (AMoN)

(Puchalski et al., 2011). We also tested if an average NH3 diel pattern could be applied to re-

duce these biases and, if so, the length of measurements necessary to adequately describe the diel

pattern. Finally, we examine biases introduced by substituting reanalysis meteorological data for

high-time resolution in situ measurements.

2.2 Data and methods

2.2.1 Site location

Study observations were collected in RMNP in northern Colorado. The park, established to

preserve the natural landscape, including montane, subalpine, and alpine ecosystems, is predom-

inantly above 3000 m, where ecosystems developed under nutrient-deprived conditions and are

therefore sensitive to excess nitrogen inputs. Nitrogen deposition has been a historical problem in

RMNP; with diatom changes documented starting in the 1950s and more recent effects including

eutrophication and changes to plant species (Baron et al., 2000; Korb and Ranker, 2001; Baron,

2006).

The area east of RMNP (Figure 2.1) includes a large urban corridor and extensive agricultural

activity in the plains. The urban corridor of the Front range, spanning from Denver to Fort Collins,
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is a major source of nitrogen oxide emissions (Benedict et al., 2013b). The northeast plains of

Colorado are predominantly agricultural and include major sources of NH3 emissions from both

animal feeding operations and crop production. The spatial pattern seen for feedlots is broadly

consistent with the spatial distribution of other agricultural activities. Pan et al. (2021) found

that 40% of summertime dry deposition of NH3 in RMNP was associated with transport from

agricultural regions to the east.

Figure 2.1: A map of the study region. Animal units are shown as the number of permitted animals as of

2017, scaled by an animal unit factor relative to the species. Elevation data are from the US Geological

Survey Global Multi-resolution Terrain Elevation Data 2010 (GMTED2010) at 7.5-arc-second spatial reso-

lution, or 225 m (available at: https://earthexplorer.usgs.gov/).

Data were collected at two adjacent locations for this study, both near the base of Longs Peak

in Rocky Mountain National Park: a tower site of the National Ecological Observatory Network

(NEON) (40.275903, -105.54596) and a nearby National Park Service shelter (~500 m north of

the NEON tower), from September 2021 to August 2022. The study location, denoted with a

star in Figure 2.1, is 2750 m above sea level. The tower is surrounded by lower montane forest,

composed predominantly of evergreen needleleaf species, including ponderosa pine, juniper, and

Douglas fir. There are also groves of quaking aspen in the region. Meteorological transport to the

site is generally bimodal. The preceding downslope transport from the northwest occurs generally
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overnight and during the cooler months, when NH3 concentrations are typically low. The mountain

plains circulation generates daytime upslope transport, bringing air masses from the plains east of

the park to RMNP. This pattern strengthens during warmer seasons. Periods of synoptically forced

sustained upslope transport are also common, especially during spring and autumn (Gebhart et

al., 2011). Downslope and upslope transport patterns are not due west and east at the study site

because of channeling by local topography.

At RMNP, a diel pattern in ambient NH3 concentrations has commonly been observed in past

measurements. This pattern is primarily driven by changes in transport patterns that carry NH3

emissions to the park (Benedict et al., 2013b; Juncosa Calahorrano et al., 2024) and, sometimes,

modified by changes in the atmosphere-surface exchange of NH3, especially during NH3 uptake

and emission from dew formation and evaporation (Wentworth et al., 2016).

2.2.2 Micrometeorological data

in situ micrometeorology

Meteorological and soil data were accessed from the RMNP NEON flux tower. The mean

canopy height in the area surrounding the tower is 19 m. Temperature (mean = 6 ◦C), relative

humidity (mean = 40%), and annual days of precipitation are highly variable at the site due to its

high elevation. Mean values were calculated from September 2021 to September 2022. Snowfall

typically occurs between October and May. The seasonal mean temperatures (relative humidities)

are as follows: winter (December, January, and February) mean is -3 ◦C (30%), spring (March,

April, and May) mean is 2 ◦C (44%), the summer (June, July, and August) mean is 15 ◦C (49%),

and the fall (September, October, and November) mean is 8 ◦C (37%). Precipitation is measured

at 1-minute resolution by a Belfort AEPG II 600M weighing gauge. Precipitation events were

defined as periods of rainfall separated by at least one hour without precipitation. During our study

period, there were 27 precipitation events in the winter, 62 in the spring, 63 in the summer, and 26

in the fall.
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Meteorological data accessed from the NEON site includes wind vectors, friction velocity,

Obukhov length, soil temperature, short wave radiation, relative humidity, air density, air pres-

sure, and air temperature above the tree canopy. The meteorological observations used from the

NEON tower are 30-minute mean values. Direct measurements of wind vectors, air temperature,

short wave radiation, relative humidity, air density, and air pressure were used from the tower-

top measurements (25 m-agl). 3D wind vectors were measured at 20 Hz using the CSAT-3 sonic

anemometer (Campbell Scientific Inc., Logan, Utah, USA). Soil temperature was taken as the av-

erage across 5 collection sites within 200 m of the flux tower. Leaf area index (LAI) is estimated at

the site using remotely sensed data. The square kilometer of leaf area index values surrounding the

tower site is shown in Fig. S5. A mean value of 0.8 was estimated using the landscape surrounding

the site. The sensitivity to LAI can also be found in section 5 of the supplementary information.

Additional information about each of the reported NEON datasets can be found in the Site Man-

agement and Event Reporting documentation (available at: https://doi.org/10.48443/9p2t-hj77).

NEON meteorological data contained gaps due to power outages and scheduled instrument

maintenance. Across the year of data, the gaps comprised 5.8% of the data (1021 data points).

To quantify the annual deposition of NH3 in RMNP, these gaps were filled using the average diel

pattern of fluxes during the current biweekly NH3 sampling period.

Reanalysis meteorology data

Detailed meteorological and soil data are not available at many locations where NH3 dry depo-

sition is of interest. Reanalysis data, which combine short-range weather forecasts with assimilated

observations, are a common source of meteorological data that can be used in the absence of local

observations. To probe the impact of using reanalysis data in place of in situ observations, a set

of bidirectional flux simulations was conducted using ERA5 hourly reanalysis data (Hersbach et

al., 2020). ERA5 hourly reanalysis data has a spatial resolution of 0.25 degrees, or approximately

30 km. The parameters used from the ERA5 data are as follows: air temperature, air pressure,

dewpoint temperature, turbulent surface stress, moisture flux, sensible heat flux, friction velocity,

standard deviation of filtered subgrid orography, solar radiation, and soil temperature. Obukhov

12



length (L) is not given in the ERA5 dataset and was calculated using Eq. (2.1) from Stull (1988),

shown below. Obukhov Length is the characteristic length scale of the atmosphere and is cal-

culated from ERA5 data using instantaneous surface sensible heat and moisture fluxes based on

the suggested calculation from the European Centre for Medium-Range Weather Forecasts (Gusti,

2024).

L =
−θ′vu

3
∗

kg(w′θ′v)s
(2.1)

where k is the von Karman constant, g is gravitational acceleration, θ′v is the mean virtual

temperature near the surface, w′θ′v is the surface flux of virtual potential temperature, and u∗ is the

friction velocity.

Where k is the von Karman constant, g is gravitational acceleration, tvst is the turbulent tem-

perature scale, Tv is the virtual temperature and u∗ is the friction velocity.

2.2.3 NH3 data

Biweekly NH3 measurements

Biweekly NH3 ambient air concentration was measured using Radiello passive diffusion sam-

plers purchased from Sigma Aldrich. The Radiello sampling system includes a diffusive body

(part number: RAD1201) and an adsorbing cartridge (part number: RAD168) coated with phos-

phoric acid. NH3 (g) diffuses across the exterior diffusive body and is collected on the adsorbing

cartridge as ammonium (NH+
4 ) over two weeks. Collected NH3 (as NH+

4 ) is extracted from the car-

tridge into deionized water and analyzed on a cation IC using a 20 mM methanesulfonic acid eluent

(0.5 mL min1) on a Dionex CS12A ion exchange column with a CSRS ULTRA II suppressor and

Dionex conductivity detector (Li et al., 2016). NH3 passive samples were collected in duplicate

(σ = ±0.25 µg m−3) on top of the NEON tower (25.35 m-agl). Across the study period, there were

27 sampling periods. Due to site access issues, some samples had durations longer than 2 weeks.

To create a consistent dataset, all data were aggregated to a 2-week average. In the case where

two samples overlapped during a 2-week period, they were combined using a weighted average.
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One sample was below the detection limit and was removed from this analysis. Passive NH3 sam-

pling methods have been shown to have a low bias when compared with other sampling methods,

including annular denuders and Picarro Cavity Ringdown spectroscopy methods (Puchalski et al.,

2011; Pan et al., 2020).

High temporal resolution NH3 measurements

NH3 (g) air concentration was also measured using an ion mobility spectrometer (IMS). Ion

mobility spectroscopy separates ionized molecules based on their mobility through a carrier gas,

under the influence of an electric field. The instrument used was the AirSentry II Point-of-Use IMS

from Particle Measuring Systems (Boulder, CO). The instrument was in the National Park Service

(NPS) shelter (located at 40.278129, -105.545635), 500 meters north of the NEON site, with an

inlet located approximately 2 m above natural grassland. The sampling inlet was ¼” Teflon tubing,

heated to 40 °C to reduce NH3 loss to the sampling tube. Inlet length was kept as short as possible

to further prevent NH3 loss. Particles were removed by a fiber filter at the tip of the inlet. Due to

the high altitude of the site location, the instrument was zeroed to account for pressure differences

upon installation. Multi-point calibrations were conducted at the beginning and end of sampling.

Calibration was confirmed using a known concentration ammonia gas sample split between the

instrument and a phosphoric acid-coated denuder, where the NH3 collected by the denuder is ex-

tracted into deionized water and analyzed using ion chromatography. Zero measurements were

made periodically by overflowing the inlet with ultra-high purity clean air. The AirSentry samples

at a 30-second frequency. During the study the AirSentry collected 919,000 data points. The limit

of detection for 30-second measurementsis 70 pptv. For this data analysis, NH3 concentration data

were averaged to 30-minute mean values. Averaging data points increases the signal-to-noise ra-

tio. We approximate that the signal-to-noise ratio increases proportionally to the square root of the

number of samples (n = 60) (Dempster, 2001). In this case, the signal-to-noise ratio increases by

a factor of 7.7, reducing the limit of detection to 9 pptv for 30-minute mean NH3 concentrations.

Across the year of data collection, 101 30-minute mean NH3 points fell below the detection limit.
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NH3 data preparation

To investigate the effect of NH3 (g) sampling time resolution, bidirectional fluxes were simu-

lated with concentration data at: (i) 30-minute frequency (30-minute NH3), (ii) with the 2-week

integrated passive NH3 (Biweekly Passive NH3), and lastly with an average diel profile applied

to each day within the 2-week passive period (Average Diel Pattern NH3). The three NH3 data

products are shown in Figure 2.2.

Figure 2.2: Three NH3 concentration data sets are shown for the entire study period. The two-week average

across each concentration data product is the same.

The 30-minute NH3 concentration data are generated using a combination of data from the

AirSentry NH3 located at the NPS shelter and passive NH3 samples collected on the NEON tower.

Data gaps, due to power outages and regular maintenance, were filled using the average diel pat-

tern across the year of data collection. Data gaps accounted for about 3000 points across the study

period. To generate a 30-minute NH3 data set above the tree canopy, the data were divided into bi-

weekly periods which match the passive NH3 collection periods. The average concentration from

the AirSentry across each period was then scaled to match the biweekly passive NH3 concentra-

tion. The 101 NH3 concentration values below the AirSentry detection limit, representing 0.5%

of the total measurement period, were assumed to represent a random distribution below the de-

tection limit and retained for post-process scaling from the passive observations. This preserves

15



the temporal variability of NH3 concentrations while ensuring that the average air concentration

across the sampling period is consistent with the passive NH3 measurements atop the NEON tower

which can differ from those above the adjacent grassland where the AirSentry measurements are

made.

The biweekly passive NH3 with diel profile applied is generated using the annual average diel

pattern of NH3 from the AirSentry data. To determine if there are systematic differences between

the NH3 diel pattern at the two sites, raw and scaled AirSentry concentrations were compared to

4- and 6-hour University Research Glassware denuder measurements taken on the NEON tower.

The NH3 concentrations were well correlated between sites. This comparison is shown in Fig.

S1. To determine if there are systematic differences between the NH3 diel pattern at the two sites,

AirSentry concentrations were compared to 4- and 6-hour University Research Glassware denuder

measurements taken on the NEON tower. The NH3 concentrations were well correlated between

sites. This comparison is shown in Figure A.1. Each day of the biweekly passive period is assigned

the average diel pattern, and then the biweekly mean is scaled to match the biweekly passive

concentration. This dataset was generated to investigate if the inclusion of a simple diel profile

was sufficient to correct for the bias in bidirectional fluxes created by using low time-resolution

NH3 concentrations as shown by Schrader et al. (2018).

These three concentration data sets will be used for bidirectional flux simulations of NH3. For

the rest of this work, the three NH3 data sets will be referred to using the following nomenclature.

• 30-minute NH3: NH3 concentration data at 30-minute resolution

• Biweekly NH3: Biweekly Passive NH3 concentration data

• Average Diel Pattern NH3: Passive NH3 concentration scaled using an average diel profile

from the 30-minute NH3 dataset
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2.2.4 Additional measurements

Wet deposition data

Weekly wet deposition data were obtained from the National Trends Network (NTN) (NADP,

2022) site at Beaver Meadows in RMNP (‘CO19’: located at 40.3639, -105.5810). The Beaver

Meadows site location, at 2477 m elevation and located approximately 10 km north of the CAST-

NET site, is shown in Figure 2.1.

Additional gas and particle measurements

Additional air concentration data were obtained from the US EPA Clean Air Status and Trends

Network (CASTNET) site at the NPS shelter (‘ROM206’: located at 40.278129, -105.545635).

Weekly filter pack concentrations of nitric acid (HNO3) and sulfur dioxide (SO2) were used to

calculate the acid ratio (Eq. 10) in the bidirectional exchange simulations of NH3 (US EPA, 2024a).

Weekly dry deposition of HNO3, NO−

3 , and NH+
4 was generated by CASTNET (US EPA,

2024b) using the weekly filter pack concentrations and historical values of deposition velocity

from the US EPA Multi-Layer Model (MLM) (Meyers et al., 1998). The generation of deposition

velocities was discontinued in 2019. Bowker et al. (2011) found that using historical values of

deposition velocity from the US EPA Multi-Layer Model did not significantly bias the annual

mean of deposition.

One approach to estimating NH3 deposition is to estimate the deposition velocity (Vd) as a

fixed fraction (70%) of the deposition velocity of HNO3, shown in Eq. (2.2). This approach has

been historically used to estimate the dry deposition velocity of NH3 in RMNP (Beem et al., 2010;

Benedict et al., 2013a; Benedict et al., 2013b).

Vd(NH3) = 0.7 ∗ Vd(HNO3) (2.2)
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2.2.5 Bidirection flux modelling of NH3

Bidirectional NH3 fluxes are simulated across the study period using the dry deposition infer-

ential model described in Massad et al. ( 2010). This model was selected because it estimates both

emissions and deposition of NH3, uses a compensation point framework to capture these complex

dynamics, and takes into account rapidly changing micrometeorology. The simulation framework

(Figure 2.3) accounts for the bidirectional nature of NH3 fluxes and allows for deposition and emis-

sion. The model determines if the flux will be negative (deposition) or positive (emission) based

on the relationship between the atmospheric concentration (χa) at a given reference height (z) and

the compensation point (χz0) at a defined distance (d) above the roughness length (z0).

Figure 2.3: Dry deposition inferential model proposed in Massad et al. (2010). The table describes each

model element. Arrows next to each flux show the allowed flux directions of the given pathway.
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A conceptual diagram of resistances and compensation points is shown in Figure 2.3. Aerody-

namic (Ra) and laminar boundary layer resistance (Rb) capture the effects of turbulent and diffusive

transfer from the atmosphere to the surface, respectively. Ra was calculated according to Thom

(1975), where z is 25.35 m, d is 7.15 m, and z0 is 1.65 m. The stability functions are ΨH and ΨM

for scalars and momentum, respectively, are empirical relationships dependent on L (Thom 1975).

Displacement and roughness length were provided from the RMNP NEON Tower (NEON, 2023).

Ra = (ku∗)−1(ln(
z − d

z0
)−ΨH +ΨM) (2.3)

Rb is modeled as described in Xiu and Pleim (2001), where γair is the kinematic diffusivity of air,

and DNH3
is the diffusivity of NH3.

Rb =
5

u∗
(
γair

DNH3

)2/3 (2.4)

In-canopy resistance (Rg) is the sum of aerodynamic resistance within the canopy (Rac) and

ground boundary layer resistance (Rbg). Rac was calculated based on Nemitz et al. (2001) using

Eq. (2.5), where α is a height-dependent constant calculated using Eq. 16 and Eq. 17 from Massad

et al. (2010).

Rac(d+z0) =
α(d+z0)

u∗
(2.5)

Ground boundary layer resistance (Rbg) is based on Nemitz et al. (2001), where ug is the wind

speed at the ground, which we approximate as 5% of the wind speed at tower top (25 m), and z1 is

the upper bound height of the logarithmic wind profile above the ground, which we approximate

as 10% of the canopy height (Nemitz et al., 2001).

Rbg = (
γair

DNH3

− ln(
DNH3

k × ug × z1
))

1

k × ug

(2.6)
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Stomatal resistance (Rst) captures the diffusion of NH3 through plant stomata and is calculated

as a minimum value related to the plant type proposed by Hicks et al. (1987). Further parame-

terization proposed by Nemitz et al. (2001) was used here to calculate Rst, where SR (W m−2) is

the solar radiation (2.7). The minimum value for Rst (225 s m−1) was determined using Table 1 of

Zhang et al. (2003), assuming 75% of the land surface was evergreen needleaf trees and 25% was

deciduous broadleaf trees and shrubs.

Rst = min{5000(sm−1), 225(sm−1)(1 +
180

SR
)} (2.7)

Cuticlar resistance (Rw) was calculated according to the proposed corrected parameterization for

forest ecosystems predominantly composed of Douglas Fir, as described in Massad et al. (2010).

When relative humidity (RH) is below 100%, Eq. (2.8) is used, and when RH exceeds or is equal

to 100%, Eq. (2.9) is used.

Rw = (
31.5

AR
)e0.0318(100−RH) (2.8)

Rw =
31.5

AR
(2.9)

In both equations, AR is the acid ratio, which is calculated using the molar ratio of acids and bases

in the atmosphere (2.10). The calculated acid ratio had a mean value of 1.3, a minimum of 0.22,

and a maximum of 11.6. Acid ratios were the largest in the winter months.

AR =
2[SO2] + [HNO3]

[NH3]
(2.10)

For this study period, the acid ratio was calculated using weekly CASTNET measurements of SO2

and HNO3 paired with our measurements of NH3.

Stomatal compensation points were calculated according to Massad et al. (2010). In the stom-

atal compensation point (2.11), Γst is the emission potential of the stomata and is approximated

as 29 based on vegetation samples from the area surrounding the NEON Tower. The sampling
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methods and determination of this value can be found in the supplementary information. Emission

potentials describe the potential for surface emission.

χst =
2.7457× 1015

T
(e−

10378

T )Γst (2.11)

Soil compensation point was calculated according to Eq. (3) through Eq. (5) of Stratton et al.

(2018). In Eq. (2.12), TAN is the concentration of total ammonical N (the sum of NH3 and NH+
4 )

in the soil aqueous phase (mg kg−1), KH is the Henry constant, and Ka is the equilibrium constant.

TAN was estimated at 10.6 mg kg−1 based on soil measurements in RMNP from Stratton et al.

(2018). NH3 flux simulations are very sensitive to TAN value. Appendix A includes a test of the

sensitivity of these flux results to TAN values within one standard deviation for the measurements

taken by Stratton et al. (2018).

χg =
KH

1 + (10−pH)
Ka

× TAN (2.12)

KH and Ka were predicted using Eq. (2.13) and Eq. (2.14) based on the models of Montes et al.

(2009), where T is temperature.

KH =
0.2138

T
× 10(6.123−

1825

T
) (2.13)

Ka = 10(0.05−
2788

T
) (2.14)

Canopy compensation point, Eq. (2.15) below, was calculated using Eq. (12) from Massad et al.

(2010), where χa is the atmospheric NH3 concentration.

χc =
χa(RaRb)

−1 + χst[(RaRst)
−1 + (RbRst)

−1 + (RgRst)
−1] + χg(RbRg)

−1

(RaRb)−1 + (RaRst)−1 + (RaRw)−1 + (RbRg)−1 + (RbRst)−1 + (RbRw)−1 + (RgRst)−1 + (RgRw)−1

(2.15)
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Compensation point at the displacement height (d) above the roughness length (z0) is calculated

using Eq. (2.16) below as proposed in Massad et al. (2010). χz0 takes all other compensation

points and resistances into account.

χz0 =

χa

Ra
+ χg

Rg
+ χc

Rb

1
Ra

+ 1
Rg

+ 1
Rb

(2.16)

Finally, the total flux was calculated following Eq. (2.17) (Massad et al., 2010). NH3 flux is defined

in this framework as a difference between the roughness height compensation point and the NH3

concentration at that height, scaled by the aerodynamic resistance.

FNH3
=

χz0 − χa

Ra

(2.17)

Total exchange flux (FNH3
) from the dry deposition inferential model gives the direction and mag-

nitude of NH3 fluxes.

2.3 Results and discussion

2.3.1 Simulated bidirectional exchange of NH3

Bidirectional fluxes were simulated using the 30-minute NH3 concentration data set and in situ

meteorological data as inputs to the Massad et al. (2010) model, described above. NH3 concentra-

tion, roughness length compensation point, and fluxes have a strong seasonal cycle in RMNP (see

Figure 2.4). NH3 flux direction is determined by the relative magnitudes of the NH3 concentration

and the roughness length compensation point (Figure 2.4a). When NH3 concentration exceeds the

compensation point, NH3 is deposited to the surface (a negative flux value). Both NH3 concen-

trations and deposition fluxes tend to be greatest during the summer, with 48% of NH3 modeled

annual dry deposition occurring during June, July, and August. NH3 fluxes also had the largest

variability in the summer. Deposition in the spring closely follows, with 40% of NH3 modeled

annual dry deposition occurring during March, April, and May. During all seasons, there are pe-

riods of net emission from the surface (Figure 2.4b). The largest periods of net emission occur in
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Figure 2.4: Daily mean values of: (a.) Daily mean NH3 concentration and roughness length compensation

point, and (b) NH3 flux.

the spring. Daily NH3 emission fluxes are most common in the winter where they are an order of

magnitude smaller than typical deposition fluxes in the spring and summer.

Total modeled NH3 flux can be broken down into stomatal, ground, and cuticular fluxes. Fig-

ure 2.5 shows the distribution of simulated NH3 fluxes for each of these components. Deposition

is driven primarily by stomatal and cuticular fluxes, while ground emission fluxes are sometimes

observed. Winter periods of net emission (see Figure 2.4b) are driven by the ground flux. One

potential limitation of the model used for simulations is that it does not consider snow cover on the

ground, which could alter winter fluxes in RMNP.

NH3 concentrations at RMNP are impacted by emission and transport patterns, which can both

increase daytime NH3 concentrations. NH3 emissions from agricultural sources have a strong diel

pattern driven by volatilization during warmer daytime temperatures. At RMNP, transport from

these regions is driven on many days by the mountain-plains circulation, which begins in the late
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Figure 2.5: Total NH3 simulated fluxes are separated into their component fluxes (stomatal, ground, and

cuticular). Simulated fluxes are shown for the entire study period. Boxes show the 25th and 75th percentile,

and whiskers are determined at 1.5 times the interquartile range.

morning and transports polluted air masses westward and upslope to the park (Gebhart et al., 2011).

Previous studies have demonstrated that the upslope transport from sources in the Front Range has

impacts on deposition and air concentrations in RMNP (Benedict et al., 2018; Pan et al., 2021).

During this study, the largest χa values are also observed during upslope transport from source

regions in the CO Front Range. These source regions likely disproportionately contribute to NH3

dry deposition because the difference between χa and χz0 drives the sign and magnitude of the

NH3 flux. On mornings following overnight dew formation, local volatilization from evaporating

dew has also been shown to increase morning NH3 concentrations (Wentworth et al., 2016). This

phenomenon was observed in RMNP and corresponds to the increase in the NH3 diel pattern

around 10:00 observed in Figure 2.6a. One limitation of the bidirectional flux model used is

that NH3 uptake and emission from dew are not simulated. NH3 concentration, compensation

point, and simulated fluxes each have a strong diel pattern, which peaks during the middle of the

day (see Figure 2.6). The peak value typically occurs close to 13:00. The soil temperature diel

pattern contributes to a higher roughness length compensation point during the middle of the day.
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Figure 2.6: Diel pattern of: (a.) NH3 concentration, (b.) simulated roughness length compensation point,

and (c.) NH3 fluxes are shown for the full study period in RMNP. Boxes show the 25th and 75th percentiles,

and whiskers are determined at 1.5 times the interquartile range.

The annual cycle of soil temperature also contributes to the higher roughness length compensation

points observed in summer. Although both NH3 concentration and compensation point peak during

the mid-day, we also observe peak fluxes during the middle of the day, indicating that the influence

of the diel pattern of NH3 concentration is stronger than that from the compensation point diel

pattern.

To understand the relative importance of NH3 deposition in RMNP, NH3 flux simulation results

are combined with NADP/NTN wet deposition fluxes and dry deposition fluxes for particulate

ammonium (NH+
4 ) and nitrate (NO−

3 ) and gaseous HNO3 derived from CASTNET concentration

observations and MLM deposition velocities, to construct an updated seasonal and annual budget

of inorganic N deposition at RMNP. This Nr deposition budget for all measured inorganic species is

shown in Figure 2.7a. Due to the lack of current measurements, wet and dry deposition of organic

nitrogen are not included. Benedict et al. (2013b) reported annual organic nitrogen wet deposition

of 0.6 kg N ha−1 yr−1 during their 2008-2009 study. NH3 dry deposition is the net surface flux

from the simulations using 30-minute NH3 concentration. The inorganic annual Nr deposition

budget totals 3.4 kg N ha−1 yr−1, with the largest contributions coming from NH+
4 wet deposition

(1.34 kg N ha−1 yr−1), NH3 net dry deposition (0.12 kg N ha−1 yr−1), NO−

3 wet deposition (0.71

kg N ha−1 yr−1), and HNO3 dry deposition (0.33 kg N ha−1 yr−1). Overall, reduced Nr deposition
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Figure 2.7: Reactive nitrogen deposition is shown for all species with measured concentrations or deposition

for the full year of study. Wet deposition data are from the NADP NTN site at Beaver Meadows. NH3 dry

deposition is modeled using the bidirectional framework from Massad et. al (2010) and 30-minute NH3

concentration data. Dry deposition of HNO3 (g), NH+
4 (p), and NO−

3 (p) are calculated from the nearby

CASTNET site concentration data and deposition velocities from the US EPA MLM. Panel (a.) has the

annual deposition of all measured species. Panel (b.) has deposition of all measured Nr species grouped by

month. Reduced N species are green. Oxidized N species are blue. Only one period of wet deposition was

collected by the NADP NTN site during November 2021.

comprises 59% of the total inorganic N deposition to RMNP. NH3 dry deposition comprises 5% of

total inorganic Nr deposition.

Speciated monthly dry deposition is plotted in Figure 2.7b to probe the seasonality of Nr depo-

sition in RMNP. Net dry deposition of NH3 was largest during July and August. Total inorganic Nr

deposition peaked during May, due to increased wet deposition. Reduced Nr deposition exceeded

oxidized Nr deposition in October, December, February, March, April, May, July, and August.

Excluding November, where only one period of wet deposition was recorded by the NADP NTN

site, reduced Nr deposition had a fractional contribution ranging from 43 to 74%. In November

and January, net NH3 emission was estimated from the surface.

2.3.2 Impacts of biweekly NH3 concentration data on simulated fluxes

The use of low time-resolution NH3 concentrations for flux simulations can produce a low

bias compared with fluxes simulated using higher time-resolution NH3 concentrations. Simulated
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NH3 fluxes have a strong diel pattern when simulated at 30-minute resolution (Figure 2.6), due to

changes in NH3 concentration and meteorology. These complex dynamics are averaged out when

an average NH3 concentration is used, which leads to an underestimation in deposition. Here, we

demonstrate that a site-specific correction can be generated to account for the bias introduced by

lower time resolution NH3 concentration data. Our methods differ from Schrader et al. (2018) in 3

major ways: (i) in situ data are used for both the higher frequency, 30-minute NH3 concentration,

and meteorology, (ii) biweekly passive NH3 data are used instead of monthly NH3 data, and (iii)

Massad et al. (2010) is used as described instead of using a simplified parameterization. The results

of the 30-minute NH3 and Biweekly NH3 bidirectional flux simulations are compared to generate

a site-specific factor to correct for any low bias in the lower time resolution flux calculations.

Simulated fluxes at biweekly time resolution (Figure 2.8) using the two NH3 concentration data

sets are well correlated (R2 = 0.88) and the NH3 flux simulation using biweekly integrated NH3

data can be corrected to match the control flux simulation using a linear fit (slope = 1.04, y-

intercept = -1.647). As noted above, RMNP has few two-week periods of net NH3 emission, and

the efficacy of this method should be confirmed at a location with more extensive periods of net

NH3 emission. In particular, NH3 fluxes above managed agricultural land could differ significantly

from the pattern observed in RMNP. This study also focused on fluxes above a forest canopy, and

results could differ for grassland ecosystems, which also occur in RMNP. To determine the efficacy

in other locations, future investigations should select several sites with different land surface types

and NH3 concentrations to make biweekly and high-time resolution measurements for a year.

Considering the net flux of NH3 across the full study period, using the best available time

resolution of 30 minutes, we find a total annual net NH3 dry deposition flux of 0.12 kg N ha−1

yr−1 (Figure 2.9). The estimated NH3 dry deposition drops by 42% to 0.07 kg N ha−1 yr−1 us-

ing biweekly vs. 30-min NH3 concentration measurements. The annual NH3 dry deposition flux

increases to 0.78 kg N ha−1 yr−1 when simulating fluxes in a deposition-only unidirectional frame-

work where the NH3 deposition velocity is scaled as 0.7 times the nitric acid deposition velocity
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Figure 2.8: Bidirectional NH3 flux simulated at 30-minute resolution is plotted for 30-minute NH3 concen-

tration data and biweekly integrated NH3 concentration data. Fluxes are given as net flux over a two-week

period. The least squares linear regression is plotted for the data.

(generated by the US EPA MLM), an approach previously used for RMNP N deposition budgets

(Beem et al., 2010; Benedict et al., 2013a; Benedict et al., 2013b).

Bidirectional flux simulations using biweekly NH3 data with an average diel pattern of NH3

yield the same annual NH3 dry deposition flux as the simulations run using 30-minute NH3 concen-

tration. This indicates that capturing daily variability in NH3 concentration profiles is not critical to

accurately simulating the annual NH3 flux. Application of an annual averaged diel pattern misses

the highest NH3 concentrations (Figure 2.10), however, across a full year of data, the diel pattern

effectively captures the net surface flux. Despite the scatter in Figure 2.10a., fluxes simulated with

an average diel pattern NH3 data set are well correlated with simulations using 30-minute NH3

concentrations (R2 = 0.6) and have a fit close to unity. The daily mean fluxes (Figure 2.10b and

Figure 2.10c) of each simulation have similar seasonal patterns, with periods of net emission and

deposition aligned between simulations.

At RMNP, there is a large daily variability in concentration due especially to changes in ups-

lope transport. When an air mass arrives from the Colorado Front Range and NE Colorado, NH3

concentrations rise significantly due to the large emission sources upwind. For the comparison
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Figure 2.9: Annual NH3 dry deposition at the NEON Flux Tower in RMNP is shown for three bidirectional

simulations using three sets of NH3 concentration data (30-minute NH3, Biweekly NH3, and Average Diel

Pattern NH3) and one unidirectional simulation. Each simulation was run at 30-minute time steps with

meteorological parameters from the NEON Flux Tower. The unidirectional simulation uses biweekly NH3

concentrations and deposition velocities based on the US EPA MLM.

Figure 2.10: NH3 fluxes simulated with 30-minute NH3 concentrations and annual average diel pattern

NH3 concentrations are shown for the full year of data. Panel (a.) directly compares 30-minute simulated

fluxes for each data set. Panels (b.) and (c.) show the daily mean fluxes for simulations with 30-minute NH3

concentration and average diel pattern NH3 concentration, respectively.
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shown in Figure 2.10, the diel pattern was determined using a full year of NH3 concentration data.

Fluxes were also simulated using diel patterns determined with only a month of data, to probe the

necessary length of measurements to generate an effective diel pattern. Annual deposition from

all flux simulations using a monthly diel pattern fell within 2% of the annual deposition using the

annual average diel pattern. Therefore, in RMNP, one month of 30-minute measurements appears

sufficient to generate a diel pattern that will effectively correct the net NH3 surface flux. Other

locations may have larger variability in NH3 diel pattern and may require longer periods of data

collection to establish an effective NH3 diel pattern.

2.3.3 Impacts of reanalysis meteorological data on simulated NH3 fluxes

Dry deposition inferential models require several meteorological and soil parameters, which

may not be readily available for many locations of interest. Reanalysis data can provide mete-

orological inputs for locations where required in situ meteorological and soil measurements are

unavailable. To examine the impact on flux simulation accuracy resulting from this substitution

at RMNP, the same simulations of NH3 bidirectional fluxes were run using ERA5 meteorology

and soil data. 30-minute NH3 simulations run with reanalysis data inputs are well correlated (R2

= 0.77) with 30-minute NH3 simulations run with in situ data inputs (see Figure 2.11) but over-

estimate the annual NH3 deposition flux by a factor of 2. From Figure 2.11, we find that the use

of ERA5 reanalysis data in the simulation of NH3 bidirectional fluxes introduces a low bias to the

flux magnitude in RMNP compared to in situ meteorological data, for both positive (emission) and

negative (deposition) fluxes. However, because the decrease to periods of deposition is larger than

periods of emission, we observe an annual overestimation from simulations using ERA5. Based

on this result, ERA5 reanalysis data should not be used to estimate NH3 fluxes before additional

sites and data have been considered using in situ data.

The low bias for fluxes simulated using ERA5 reanalysis data are investigated further to ex-

plore what parameter differences influence this bias. Net NH3 fluxes are simulated using Eq.

(2.16), which relies on χz0 , NH3 concentration, and aerodynamic resistance (Ra). We find that
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Figure 2.11: Bidirectional NH3 flux simulated with ERA5 meteorology and NEON meteorology at 30-

minute resolution using the 30-minute NH3 concentration. The least squares linear regression is plotted for

the data in red.

the simulations using reanalysis data generate roughness length compensation points (χz0) which

agree well with the simulations that used in situ measurements (Slope = 1.03, R
2 = 0.98).

Although the general diel pattern of Ra is well captured using reanalysis data, Ra magnitudes

differ substantially between the two simulations (Figure 2.12a and Figure 2.12b), with the largest

difference occurring overnight. Maximum Ra values from the reanalysis simulations are an order

of magnitude larger than those derived using in situ meteorology. A comparison of the two data sets

shows (Figure 2.12c) a typical enhancement of approximately a factor of four. Increased Ra values

result in lower simulated NH3 fluxes. The Ra bias is likely driven by differences in the friction

velocity (u∗) and Obukhov Length, which are used to simulate Ra. ERA5 data underestimates u∗

by a factor of 5 when compared with the in situ NEON data (slope = 0.2). The in situ NEON

data also sets a minimum u∗ value (0.2 m s−1), while the ERA5 data allows u∗ values below 0.2

m s−1. Comparisons of all meteorological parameters used can be found in Appendix A. This

discrepancy in modeled Ra may be due to the gridded nature of reanalysis data, which represents

a large area of variable land types and complex topography using only a single value (Hogrefe et
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Figure 2.12: Aerodynamic resistances are shown for simulations using in situ meteorological data from the

NEON flux tower and reanalysis meteorological data from ERA5. The diel patterns are shown in panels

(a.) and (b.), respectively. Panel (c.) directly compares simulated Ra values using NEON in situ and ERA5

reanalysis data.

al., 2023). Obukhov Length is the characteristic length scale of the atmosphere and is calculated

from ERA5 data using surface sensible heat and moisture fluxes. Previous work has identified heat

and moisture fluxes as large areas of uncertainty in ERA5 Reanalysis (Kong et al., 2022; Mayer et

al., 2022). Two case studies were conducted to probe the relative importance of u∗ and Obukhov

Length. The case studies are described in Appendix A. Differences in Ra were driven by Obukhov

Length, accounting for 10% of the discrepancy between in situ and ERA5 flux simulations.

2.4 Conclusion

Fluxes of NH3 (g) can be simulated using a bidirectional model, which uses rapidly changing

meteorology paired with air concentrations and soil parameters to infer flux direction and magni-

tude. We use a bidirectional NH3 flux model to simulate a year of NH3 fluxes above a subalpine

forest ecosystem in Rocky Mountain National Park. The net NH3 dry deposition to the ecosystem

is estimated at 0.11 kg N ha−1 yr−1, comprising 5% of total inorganic reactive nitrogen deposi-

tion. This is significantly lower than previous estimates for RMNP, which did not consider the

bi-directional nature of the exchange. Due to the observed low bias in passive NH3 observations

and the sensitivity of simulations to NH3 concentrations, this is likely a low bound. The sensitiv-

ity of NH3 flux modelling to χa was tested by scaling the input concentration by 9% to account
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for the error discussed in Puchalski et al. (2011). This resulted in an annual deposition increase

of 47%, indicating the importance of accurate NH3 measurements for flux modelling. Addition-

ally, since the highest NH3 concentrations occur during upslope events, the sources contributing to

these events likely have a disproportionate effect on deposition. One limitation of this model is the

exclusion of snow cover, which could significantly change NH3 fluxes in the winter, when RMNP

has frequent snow events. To probe the impact of snow cover, a sensitivity test was conducted

setting χg equal to zero during the winter (December, January, and February), which increased

annual deposition by 0.06 kg N ha−1 yr−1. However, this analysis does not take into account how

the surface differences may change NH3 fluxes above snow. Future work should investigate NH3

fluxes above snow cover to better simulate the exchange of NH3 in regions with snow.

Due to the cost and technical challenges of making continual, high-time resolution NH3 con-

centration measurements, there is growing interest in using integrated biweekly passive NH3 mea-

surements, such as those from the NADP AMoN network, for flux simulations. Here, we establish

that a site-specific correction can be used to correct a bias introduced by using lower time resolu-

tion passive NH3 measurements over the studied forest canopy in RMNP. We also establish that an

average NH3 diel pattern can be used to interpolate 30-minute NH3 concentration and correct for

the bias introduced by passive NH3 measurements. In RMNP, a month of measurements proved

sufficient to determine the diel pattern used for flux simulations. The correction factor and diel pat-

tern, however, likely vary by location due to differences in ecosystem characteristics and factors

influencing NH3 concentrations. Due to the potential regional differences and changes associated

with land surface type, additional sites should be studied to assess the impact of measurement time

resolution on NH3 flux simulations. To understand the seasonal variability in diel pattern and effi-

cacy of diel pattern application for flux simulations, measurements should be conducted for a full

year.

Local micrometeorological and soil measurements are also frequently unavailable, making the

use of reanalysis data a desirable alternative for NH3 flux simulations. In our location, the use

of reanalysis data adds a bias that leads to overestimates of net NH3 deposition. We found it
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was possible to apply a correction to address this bias, but this factor likely varies by location,

in particular over different land surface types within a reanalysis grid cell. Future studies should

explore the relationship between in situ measurements and reanalysis products above different land

surface types, above varied topography, and in different regions. Understanding how to correct for

the biases introduced through the use of reanalysis data would allow improved modelling of NH3

bidirectional fluxes in regions lacking high time-resolution measurements

In this analysis, we simulated the bidirectional exchange of NH3 above a forest ecosystem us-

ing the model proposed in Massad et al. (2010). However, there are other bidirectional exchange

models (e.g., Zhang et al., 2010; Pleim et al., 2013) and their simulated fluxes may differ signif-

icantly from the model used here (Jongenelen et al., 2025). In the bidirectional exchange model

used here, we observe that the selected inputs for NH3 concentration and meteorological data may

introduce biases into the simulated NH3 fluxes. This may also be true for the other models when

simulating NH3 bidirectional exchange, a good topic for future research.
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Chapter 3

Ammonia in Northeast Colorado is Increasing,

Rising Most Quickly in Regions Close to Confined

Animal Feeding Operations

The Colorado Front Range urban corridor and nearby agricultural operations are important

source regions of atmospheric ammonia (NH3). Upslope flows driven by mountain-plains and

synoptic-scale circulations periodically transport these emissions into Rocky Mountain National

Park, located 50 km west of the urban corridor, where wet and dry deposition of excess reactive ni-

trogen (N) contributes to ecosystem impacts. We use a combination of in situ passive sampler NH3

measurements and NH3 vertical column density retrievals from the Infrared Atmospheric Sound-

ing Interferometer (IASI) to assess variability in NH3 across three land use categories in the source

region: agricultural, urban, and remote during the period 2013-2023. A strong seasonal cycle is

present across the region with increased NH3 during summer months. Spatial NH3 enhancements

are correlated with the number of permitted animal units in confined animal feeding operations

(CAFOs) within a 12 km radius. Ground-level NH3 concentrations are strongly correlated with

monthly gridded IASI satellite column densities. Satellite retrievals reveal an increasing trend in

NH3 column amounts of ~3% per year in agricultural and ~2% per year in urban sub-regions. The

absolute trend observed in NH3 columns averaged over the agricultural sub-region is > 3 times

larger than observed near and over Denver. Reductions in particle sulfate associated with declin-

ing sulfur dioxide (SO2) emissions could account for a ~0.1% per year increase in gaseous NH3.

Increased wildfire smoke across the region during the study period appears unlikely to explain the

majority of the observed NH3 increase. The largest increases in NH3 are closely aligned with the

distribution of large CAFOs.
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3.1 Introduction

Atmospheric gas-phase ammonia (NH3) contributes significantly to fine particle formation and

impacts ecosystem health through deposition processes (Baron et al., 2000; Driscoll et al., 2024;

Hill et al., 2019; Li et al., 2016). Despite these important adverse effects, NH3 emissions to the

atmosphere are unregulated in the US. NH3 increases the formation of submicron particles when

combined with acidic species such as sulfuric and nitric acids produced through the atmospheric

oxidation of sulfur dioxide (SO2) and nitrogen oxides (NOx). The atmospheric lifetime of NH3

(g) is on the order of hours, due to rapid dry deposition and particle formation reactions, while the

lifetime of particle ammonium (NH+
4 ) is on the order of days, increasing the potential for long-

range transport and deposition further from source regions (Aneja et al., 2001; Ianniello et al.,

2011; Napari et al., 2002).

The main sources of atmospheric NH3 are agriculture, industry, traffic, and biomass burning,

with an estimated 80% of global emissions from anthropogenic sources (Butler et al., 2016; Sutton

et al., 2013). In the US, the National Emissions Inventory attributed 82% of total NH3 emissions

in 2020 to emissions from livestock waste and fertilizer applications (US EPA, 2020). Additional

anthropogenic NH3 emissions include sewage treatment (Bouwman et al., 1997), 3-way catalysts

in gasoline-powered engines (Jeong et al., 2024), selective catalytic reduction of NOx in diesel

engines (Li et al., 2021), and industrial sources (e.g., fertilizer production, coke production, and

refrigeration) (Cheng et al., 2022; de Oliveira Carneiro et al., 2021; Kang et al., 2022). Wildfire

smoke accounts for 98% of NEI NH3 emissions from biomass burning (US EPA, 2020). The

frequency of wildfire smoke in the atmosphere over the US has increased across the United States

in recent years (Bray et al., 2018; Corwin et al., 2022). Within the atmosphere, NH3 is mostly

contained within the planetary boundary layer (PBL), although vertical profiles are variable (Guo

et al., 2021; Sun et al., 2015). Large wildfire plumes can transport NH3 into the free troposphere

and increase the atmospheric lifetime against deposition (Lindaas et al., 2021). Although NEI

NH3 emissions have been fairly constant, measurements of NH3 concentrations show increases

over time in the US (Butler et al., 2016; Wang et al., 2023; Yu et al., 2018).
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Figure 3.1: A map of the study region. Animal units are shown as the number of permitted animal capacity

as of 2017, scaled by an animal unit factor relative to the species. Elevation data are from the US Geolog-

ical Survey Global Multi-resolution Terrain Elevation Data 2010 (GMTED2010) at 7.5-arc-second spatial

resolution (available at: https://earthexplorer.usgs.gov/).

NEI data for Colorado place the largest emissions by county in the northeast, a region with

heavy agricultural activities and a large urban corridor (see Figure 3.1). NH3 concentrations are

highly variable across this continuum of remote, agricultural, and urban regions, with the highest

observations closest to agricultural activities (Day et al., 2012; Li et al., 2017). Prior work in this

region has focused on direct NH3 from CAFOs (Juncosa Calahorrano et al., 2024), comparison

with model results (Li et al., 2017), and spatiotemporal variability (Day et al., 2012).

Reactive nitrogen is a limiting nutrient in natural environments. Increased deposition of reac-

tive nitrogen, above the natural background, can lead to decreased biodiversity, soil acidification,

and lake eutrophication (Baron et al., 2000; Boot et al., 2016; Clark and Tilman, 2008; Galloway

et al., 2008; Holtgrieve et al., 2011). Critical loads have been established to define the amount of

reactive nitrogen deposition that ecosystems can withstand before experiencing deleterious effects.

Using modeled deposition, Ellis et al. (2013) found that critical loads were exceeded in 24 of 45

US national parks. Primary emissions of SO2 and NOx, predominantly from power generation

and transportation, in the United States, have been decreasing due to effective regulatory controls

(Coughlin et al., 2023; LaCount et al., 2021). This has caused a regime shift from oxidized ni-
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trogen (HNO3 + NO−

3 ) to reduced nitrogen (NH3 + NH+
4 ) dominated reactive nitrogen deposition

(Driscoll et al., 2024; Li et al., 2016; Pan et al., 2024). This regime shift is observed in RMNP,

where reduced nitrogen species dominate deposition in the park (Benedict et al., 2013a; Benedict

et al., 2013b). Pan et al. (2021) identified 10 US National Parks within 100 km of an agricul-

tural hotspot of NH3 emissions and at elevated risk for nitrogen deposition, particularly from dry

deposition of gas-phase NH3. Rocky Mountain National Park is within 100 km of an agricultural

hotspot and experiences consistent annual deposition above the critical load (Benedict et al., 2013a;

Benedict et al., 2013b; Benedict et al., 2018; Juncosa Calahorrano et al., 2024).

There are limited routine measurements of NH3 in the US, reflecting a lack of regulatory mon-

itoring requirements. The Ammonia Monitoring Network (AMoN), operated by the National At-

mospheric Deposition Program, is the only routine national monitoring network of NH3 in the

US (Puchalski et al., 2015). The network consists of approximately 100 sites with passive NH3

samplers, mostly in rural locations. Passive NH3 measurements, which rely on diffusion-driven

collection on an acid-impregnated substrate, are advantageous because they are cost-effective and

easy to install. However, due to the short atmospheric lifetime of gaseous NH3 and the limited spa-

tial coverage of the network, AMoN network observations may not capture strong spatial gradients

in NH3 source regions (Juncosa Calahorrano et al., 2024; Wang et al., 2023).

Atmospheric NH3 is also measured at high spatial resolution from satellites. Ground-based

passive NH3 measurements typically have good agreement with satellite retrievals of NH3 (Guo

et al., 2021; Pinder et al., 2011; Sun et al., 2015; Wang et al., 2023). Satellite retrievals of NH3

are available from the Tropospheric Emission Spectrometer (TES) (Beer et al., 2008), Infrared

Atmospheric Sounding Interferometer (IASI) (Clarisse et al., 2009), Cross-track Infrared Sounder

(CrIS) (Shephard and Cady-Pereira, 2015), Atmospheric Infrared Sounder (AIRS) (Warner et al.,

2016), and Thermal and Near Infrared Sensor for Carbon Observations – Fourier Transform Spec-

trometer (TANSO-FTS) (Someya et al., 2020). Satellite retrievals provide spatial data that can

be used to bridge gaps between surface monitoring stations (Wang et al., 2023). We utilize IASI

satellite retrievals to examine spatial and temporal variability in NH3 over NE Colorado because
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of the agreement with passive measurement sample collection period (2013-current on Metop-B),

lack of biases when compared with ground concentrations, and availability of the corrected Level

3 post-processed data product (Clarisse et al., 2023; Guo et al., 2021; Wang et al., 2021).

In this work, we use surface observations and daytime IASI satellite retrievals to probe spatial

and temporal trends in NH3 across the important NH3 source region in northeast Colorado. Spatial

patterns in NH3 are examined with respect to proximity to confined animal feedlot operations, the

largest NH3 source in the regional emissions inventory. Temporal trends analysis is conducted

with both datasets to assess 1. changes in atmospheric NH3 across the period of record, 2. whether

observed trends differ between urban and agricultural source regions, and 3. whether observed

trends are consistent with expectations from increasing wildfires or decreasing emissions of acid

precursors.

3.2 Methods

To supplement the spatial resolution of the AMoN network, we deployed passive NH3 samplers

to collect integrated 2-week samples in northeast Colorado to monitor surface NH3 concentration

between 2010 and 2023. Figure 3.1 shows the measurement locations and proximity to agricul-

tural and urban source regions. Our network has sites close to agricultural and urban activities

and in remote regions away from major sources. Earlier subsets of this data were used to probe

spatial variability across regions, temporal trends, and comparison with model results and satellite

retrievals (Day et al., 2012; Li et al., 2017).

Low-cost passive NH3 samplers from Radiello (https://radiello.com/) were deployed to mea-

sure 2-week, time-integrated NH3 mixing ratios. The sample collection system includes a porous

diffuse body, which transmits gaseous NH3 but excludes the collection of particulate NH+
4 , and

an interior absorbing cartridge coated with phosphoric acid for NH3 collection. Samples are ex-

tracted in deionized water and analyzed using ion chromatography (Li et al., 2017). Samples were

prepared in a laminar-flow hood free of NH3 and then sealed for transport to the monitoring site

locations (Day et al., 2012).
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Sample collectors are covered to protect them from precipitation and installed at ~1 meter

above ground level. Table 3.1 describes the general classification of each site, the summertime

mean mixing ratio, and the period of collection. From 2010 to 2014, samples were collected from

May to September at a weekly frequency. From 2015 to 2023, samples were collected from March

to October at a biweekly frequency. Samples deployed at Fort Morgan, Burlington, and Denver

were mailed to/from Fort Collins; other samples were deployed and retrieved directly by project

staff.

Table 3.1: Sampling site locations and years that passive NH3 data were collected. Mean summer NH3

mixing ratios are calculated as the means across all years of data for June, July, and August.

3.2.1 Satellite retrievals

Total column NH3 concentrations were obtained from the Infrared-Atmospheric Sounding In-

terferometer (IASI). IASI orbits at nadir on the Meteorological Operating (MetOp) satellites, op-

erated by the European Space Agency. IASI uses a Fourier Transform Spectrometer measuring in

the infrared band between 3.4 and 15.5 microns (Clarisse et al., 2009; Van Damme et al., 2015).

IASI provides twice daily retrievals at 09:30 and 21:30 local time, with a circular pixel of 12

km diameter at nadir. The detection limit of IASI retrievals depends strongly on thermal contrast
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Figure 3.2: Figure 5 from Van Damme et al. (2014), showing the relationship between IASI detection limit

and thermal contrast for retrievals over land (red) and sea (blue).

and the vertical profile of NH3, with higher thermal contrast and NH3 concentrations located in

the peak sensitivity window lowering the detection limit (Van Damme et al., 2014). Figure 3.2

illustrates the relationship between thermal contrast, or the relative difference in surface and air

temperatures, and IASI total column NH3 detection limit. Thermal contrast values are typically

negative overnight, when the surface temperature exceeds the near-surface air temperature. Only

daytime retrievals are used in this work because the higher thermal contrast reduces the detection

limit. Van Damme et al. (2014) found that favorable TC (TC > 10 K) had a detection limit of ~1016

molec. cm−2.

We obtained data from the MetOp-B satellite due to its temporal overlap with ground-based

measurements (last accessed: 08/01/2024). Data are available for download at (https://iasi.aeris-

data.fr/catalog). Data spans from March 8, 2013, to March 31, 2023. For this application, we

use the Level 3, Version 4 Artificial Neural Network with Reanalysis (ANNI-NH3-V4R) product,

which offers monthly data at 0.125 by 0.125-degree grid cell resolution. ANNI Version 4 intro-
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duced a total column averaging kernel and improved the consistency of measurements (Clarisse

et al., 2023). The median global uncertainty of version 4 of the Level 3 for morning IASI over-

passes is 4 × 1015 molec. cm−2, with a 20 to 80 quantile range of 2.5 to 6.6 × 1015 molec. cm−2

(Clarisse et al., 2023). The reanalysis version relies on ERA5 ECMWF meteorological input data,

surface temperature, and cloud retrievals (Hersbach et al., 2020; Van Damme et al., 2018). Only

the morning overpasses (09:30 local time) were analyzed due to their higher daytime thermal con-

trast (Clarisse et al., 2010). IASI retrievals are well correlated with ground-based measurements,

showing good agreement for NH3 spatial patterns (Guo et al., 2021; Wang et al., 2023).

3.2.2 Aerosol measurements

Speciated aerosol measurements were taken from the US EPA Chemical Speciation Network

(CSN, data available at: https://www.epa.gov/amtic/chemical-speciation-network-csn). The CSN

was established in 2000 to monitor fine particulate matter (aerodynamic diameters < 2.5 microns)

in the US. CSN sites collect 24-hour aerosol samples on Teflon and quartz filters. Additional

information about the network can be found in Solomon et al. (2014). Data were downloaded for

the Platteville, CO, USA site (40.209387◦N, -104.824050◦W) in our study region. Data collection

at Platteville began in 2002 and is ongoing (last accessed: 05/02/2024).

3.2.3 Monthly reanalysis data

The European Centre for Medium-Range Weather Forecasts (ECMWF) Reanalysis version 5

(ERA5) monthly reanalysis dataset (Hersbach et al., 2020) at 0.25-degree resolution was accessed

for Colorado from 2013 to 2023 (last accessed: 07/18/2024). Two-meter temperature and boundary

layer height (BLH) datasets were used to analyze trends in meteorology.

3.2.4 Modeled smoke plumes

We use smoke plume from the Hazard Mapping System (HMS) (data available at:

https://www.ospo.noaa.gov/Products/land/hms.html) operated by the National Oceanic and Atmo-

spheric Administration’s (NOAA) National Environmental Satellite, Data, and Information Service
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(NESDIS). To generate the HMS dataset, analysts use a suite of satellite data products to manually

outline the extent of detected smoke plumes. HMS smoke plumes are given a qualitative density

flag (light, medium, or heavy). HMS smoke plumes have been used to estimate smoke exposure,

assess smoke trends, and determine radiative impacts of smoke plumes (Corwin et al., 2025; Cor-

win et al., 2022; O’Dell et al., 2021; Zhou et al., 2021). We use HMS smoke plumes between

15:30 UTC (8:30 MST) and 17:30 UTC (10:30 MST) to determine which days in the study period

were impacted by smoke. If a smoke plume polygon of any density overlaps the mid-point of an

IASI grid cell, we classify that grid cell for that day as smoke-impacted. Days affected by smoke

in the agricultural and urban source regions are determined as any day there was an HMS smoke

plume overhead in any section of the source region.

3.2.5 Trend analysis

Trends are calculated using a Theil-Sen estimator (Sen, 1968). The Theil-Sen estimator is

non-parametric and less sensitive to outliers than optimized least squares linear regression. Unless

otherwise noted, statistical significance is determined using a Mann-Kendall test at the 95 percent

confidence level (Hussain et al., 2019). Before trend analysis, the seasonal cycle was removed

from all data by subtracting the monthly mean across the data record. NH3 trends are assessed for

agricultural and urban source regions to compare changes associated with each region (Figure 3.3).

Agricultural and urban source regions are qualitatively defined using the spatial distribution of

urban areas and CAFO locations. These regions are similar to those defined by Pan et al. (2021)

to assess the transport of NH3 to RMNP from urban and agricultural source regions.
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Figure 3.3: A map of the study regions with key source regions outlined.

3.3 Results and discussion

3.3.1 Variability in atmospheric NH3

NH3 has high spatial variability in northeast Colorado, with measured 2-week in situ mixing

ratios ranging from 1 to 159 ppb. Mean mixing ratios from June, July, and August (JJA) are

reported annually in Figure 3.4. Observed summertime mean mixing ratios range from 1.8 to 86.1

ppb. This range is larger than previously reported by Li et al. (2017) for a 2010-2015 subset of

the data, with the maximum value occurring in 2020. Since these mixing ratios are from two-week

integrated sampling periods, peak daily values are likely much larger due to the strong diel pattern

of NH3 emissions.

Measurement sites in Figure 3.4 are ordered based on the site classification listed in Table 3.1.

From left to right, the figure goes from rural-remote to urban to agricultural. The largest mixing

ratios are observed at agricultural sites. Mixing ratios observed at Kersey, our most agricultural

source-influenced site, are typically more than three times larger than the other sites classified as

agricultural. The site in Kersey is located within 0.5 km of one of the largest feedlot operations

in Colorado, with a capacity of approximately 100,000 head of cattle. Statistically significant

temporal trends for each site are shown in Figure 3.4 and will be discussed further in this work.

Spatial variability in NH3 concentrations is also observed in the satellite data; annual summer-

time mean NH3 column concentrations span an order of magnitude, ranging from 1.8 × 1015 to
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Figure 3.4: Annual summertime (JJA) mean NH3 mixing ratios are shown for passive NH3 observations.

Trend analysis was conducted for each site. The slope of statistically significant trends is printed above

the data for each site, with units of ppb per year. 95 CL trend slopes do not overlap zero for statistically

significant trends.
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Figure 3.5: (a.) A boxplot of monthly mean in situ NH3 mixing ratios is shown for four representative sites,

spanning remote, urban, and agricultural impacts. For each box, the median is a horizontal line, box limits

show the 25th to 75th percentile or interquartile range (IQR), whiskers are determined at 1.5 times the IQR,

and outliers are diamonds. (b.) – (e.) Seasonal plots of IASI total column NH3 are shown, with the location

of each representative site from subplot (a.).

3.1 × 1016 molec. cm−2. Figure 3.5 displays the spatial variability and seasonal cycle observed

in the satellite and in situ data sets. The seasonal cycle of 4 example sites spanning agriculture,

urban, and rural-remote environments is shown in Figure 3.5a. Each site shown has a seasonal

pattern with the highest mean and median values occurring during June, July, and August. The

largest values across seasons are observed in the agricultural sites Kersey and Greeley. Locations

of the four representative sites are overlaid in Figure 3.5b through e on the seasonally averaged

observations from the IASI satellite retrievals. IASI total column NH3 concentrations also peak in

the summer and broadly follow the spatial pattern of CAFO locations shown in Figure 3.1. The

two agricultural in situ sites, Kersey and Greeley, are located within the peak NH3 region observed

from the satellite.

Passive NH3 mean mixing ratios in this region differ by more than an order of magnitude,

while IASI total column concentrations differ by less than a factor of 3, indicating that greater

spatial variability is detected in the surface NH3 observations. The spatial distributions of mean

NH3 integrated column concentration from IASI and mixing ratios from all in situ passive NH3
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Figure 3.6: (a.) The spatial distributions of IASI satellite NH3 columns and in situ passive surface NH3

concentrations are shown for 2013 to 2023. Both datasets depict JJA mean values. (b.) IASI total column

NH3 concentrations for the corresponding grid cell are plotted against monthly mean NH3 concentrations

from passive monitoring network sites. Data are only shown for JJA. Kersey data are omitted from the

comparison due to large influence of nearby feedlot emissions.

observations from 2013 to 2023 are shown in Figure 3.6a. The largest values from both datasets

are in areas of heavy agricultural development. However, the spatial gradient observed in the in situ

measurements is sharper than the IASI satellite retrievals. The peak NH3 value for the 2013 to 2023

JJA mean (Figure 3.6a) in the satellite data and in situ data occurs in Kersey, at 3.1× 1016 molec.

cm−2 and 86 ppb, respectively. Within the agricultural region defined in Figure 3.3, summertime

mean IASI total column NH3 concentrations across 2013 to 2023 range from 1.2×1016 to 3.1×1016

molec. cm−2. In the same region and period, mean in situ NH3 observations range from 1.8 ppb

to 86 ppb. This reflects the proximity of the Kersey monitoring site to one of the largest CAFOs in

Colorado. Aircraft NH3 from this region also found a steep gradient in NH3 concentrations around

CAFO, with an estimated NH3 lifetime against deposition and transformation of only 87–120 min

(Juncosa Calahorrano et al., 2023). Such sharp local concentration gradients are not evident in the

IASI column concentration data due to sub-grid spatial averaging.

Figure 3.6b directly compares monthly mean passive NH3 mixing ratios with IASI total col-

umn NH3 concentrations in the corresponding grid cell. Data are omitted from Kersey due to its

proximity to a very large CAFO and the expected steep gradient in NH3 concentrations at the sub-

grid level. The IASI grid cells are 0.125 by 0.125 degrees, or approximately 12 km, and therefore
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unlikely to capture maximum values very close to large emission sources due to dispersion and

deposition of NH3 moving away from the source. The IASI total column NH3 and monthly mean

passive NH3 mixing ratios are positively correlated (R2 = 0.42) despite expected variability in

the relationship between surface and column concentrations due to differences in source locations

across grid cells and variable meteorology, including wind direction and boundary layer height.

Elevated NH3 concentrations have previously been observed to be spatially correlated with

agricultural activity, especially the presence of CAFOs, in Colorado (Juncosa Calahorrano et al.,

2023; Juncosa Calahorrano et al., 2024; Wang et al., 2021). The characteristic length scale of NH3

emission hotspots was determined as 12 km by Wang et al. (2021) over the contiguous US. Fig-

ure 3.7 shows the correlation between permitted animal units in CAFOs in northeast Colorado and

elevated NH3. Animal units are counted for CAFO locations within 12 km of each ground-based

site (Figure 3.7a) or within each IASI grid cell (Figure 3.7b). For both datasets, elevated NH3 is

well correlated with total animal units, explaining 78% and 50% of the variability for in situ and

satellite NH3, respectively. Kersey data are again omitted in Figure 3.7a. Additional factors ex-

pected to influence measured NH3 include differences between permitted and actual livestock head

at CAFOs in the region, transport of NH3 from more distant CAFOs, emissions from other source

types, and variations in meteorological conditions that influence NH3 dispersion and deposition.
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Figure 3.7: Animal units for both plots are shown as the number of permitted animals as of 2017, scaled by

an animal unit factor relative to the species. Optimized least squares regression is shown in red. (a.) NH3

mixing ratio from passive sites is plotted against total animal units within 12 km of the site. Kersey data

are omitted as in Figure 3.6 and discussed in the text. (b.) IASI total column NH3 concentration is plotted

against total animal units within each grid cell. Grid cells are 0.125-degree resolution, or approximately 12

km.
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Figure 3.8: Satellite NH3 data were assessed for trends using the urban and agricultural source regions

defined in Figure 3.3. Trend analysis was conducted using the Theil-Sen estimator and Mann-Kendall test

for statistical significance at the 95th percentile. The seasonal cycle was removed from each spatial monthly

mean before trend analysis. The 95th percentile confidence interval for the Theil-Sen slope is shaded around

each fit.

3.3.2 NH3 trends in northeast Colorado

Temporal trends were assessed at each ground site for the entire data record using the Theil-Sen

estimator. The slopes of the trends at sites with statistically significant trends at the 95th percentile

are shown in Figure 3.8. Five of the 14 passive NH3 monitoring locations had a significant trend,

with the largest changes observed in Ault (decreasing) and Kersey (increasing). The trends ob-

served in the passive NH3 monitoring locations included increasing and decreasing trends. The

largest change is a decreasing trend of 2.44 ppb NH3 yr−1 (12% yr−1) observed at Ault; however,

the data record from Ault ends in 2018 and may not capture recent changes in NH3. The second

largest change is an increasing trend of 1.63 ppb NH3 yr−1 (2.3% yr−1) observed at Kersey.

A significant increasing trend in total column NH3 concentration is observed in the agricultural

and urban source regions (Figure 3.8), at rates of 2.6% yr−1 in the agricultural region and 1.7% yr−1

in the urban region. The absolute slope in the agricultural source region is three times larger than

the slope in the urban source region, and the 95th percentile confidence intervals do not overlap.

50



Figure 3.9: Trend analysis of total column NH3 concentration in each IASI grid cell was conducted using the

Theil-Sen estimator and Mann-Kendall test for statistical significance at the 95th percentile. The seasonal

cycle was removed from each spatial mean before trend analysis. Stippling is used to indicate statistical

significance. Positive (negative) values show an increasing (decreasing) trend in NH3. Animal units are

shown as the number of permitted animal capacity as of 2017, scaled by an animal unit factor relative to the

species.

3.3.3 Potential causes for observed NH3 trends

Increased emissions from CAFOs

Trend analysis was further conducted on a grid cell-by-grid cell basis to investigate the spatial

distribution of increasing NH3 in greater detail. Figure 3.9 shows the annual total column NH3

trends from the IASI satellite retrievals, with statistical significance at the 95th percentile indicated

by stippling. In the study region, there are no significant decreasing trends in NH3. The largest

increasing trends are observed to follow the spatial pattern of CAFO locations. Increasing trends

are also correlated with permitted animal units within the associated grid cell (R2 = 0.3).
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Impacts of reducing SO2 and NOx emissions

One possible contributor to increasing gaseous NH3 is a reduction in formation of fine particle

ammonium sulfate and ammonium nitrate, through reduction in SO2 and NOx emissions (Li et al.,

2016; Liu et al., 2018; Pan et al., 2024). Particle measurements of SO2−
4 , NO−

3 , and NH+
4 were ana-

lyzed from the Chemical Speciation Network site in Platteville, CO (40.20939◦N, -104.82405◦W),

located in the center of our study region (see Figure 3.1). SO2−
4 and NH+

4 have statistically signifi-

cant decreasing trends, while NO−

3 does not. We use the decreasing trend in SO2−
4 concentration to

estimate the associated increase in free NH3 by assuming that all SO2−
4 would be present as fully

neutralized ammonium sulfate ((NH4)2SO4). This is a reasonable assumption given the excess

gas-phase NH3 observed in our study region. Sulfate has decreased in Platteville by 3.1 × 10−10

moles m−3 yr−1 corresponding to an increase in gaseous NH3 of 6.2 moles m−3 yr−1 or 0.015 ppb

yr−1. This represents an increase of approximately 0.1% per year relative to the mean summertime

surface NH3 mixing ratio from Greeley, the nearest passive network site, of 16.1 ppb. This result

indicates that an increase in gaseous NH3 resulting from SO2 emission reductions is not a major

contributor to the increasing NH3 in the satellite observations.

Impacts of wildfire smoke

An increase in wildfire burn area in western North America could be an important contributor

to increasing NH3 (Bray et al., 2018; Corwin et al., 2022), particularly in the satellite record,

which measures NH3 throughout the lower atmosphere and not just at the surface. One example

of the importance of wildfire emission of NH3 is shown in Figure 3.10. During August 2020,

substantial increases in NH3 column concentrations are observed due to wildfire smoke from the

Pine Gulch and Cameron Peak fires (Figure 3.10b) relative to levels averaged across all August

measurement periods (Figure 3.10a). The Cameron Peak fire, the largest wildfire in Colorado

history, was burning in the northwest corner of our study region. While clear increases in column

NH3 concentrations were detected over NE Colorado, no significant increase was observed in

surface concentrations measured in the passive network, consistent with the lofting of the smoke

plume as it traveled eastward.
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Figure 3.10: (a.) IASI 2013-2020 August mean total column NH3 concentration for Colorado. (b.) IASI

average total column NH3 concentration for August 2020. The wildfire boundary extent of the Cameron

Peak and Pine Gulch wildfires were obtained from the National Interagency Fire Center.

To consider the potential impact of increasing wildfire smoke on NH3 concentrations in north-

east Colorado, HMS smoke plumes are used to determine the frequency of wildfire smoke. In both

source regions, the frequency of smoke-affected days increased by approximately 3 days per year

across the study period. Given the very similar increase in wildfire smoke over the urban and agri-

cultural zones, we conclude that the rate of NH3 increase coming from smoke is likely no larger

than the rate of increase measured over the urban region (approximately one-third the rate over the

agricultural region) and could be less. Future research should quantify the impact of increasing

wildfire smoke on NH3 levels across the western US.

Impacts of changing meteorology

It is noteworthy that while we detect significant trends in satellite NH3 column concentrations,

we do not see consistent significant trends in surface concentration measurements. This difference

might reflect the greater averaging (larger surface footprint and greater integrated vertical depth)

in the satellite data vs. the point measurements from the surface network. Other factors, however,

might also contribute to this difference. First, NH3 from wildfire smoke is increasing over the

region, sometimes in layers aloft that are captured as part of the column measured by the satellite

but not observed at the surface. Second, NH3 emissions from agricultural activities and other

surface sources get mixed throughout the boundary layer. If the boundary layer has increased in
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Figure 3.11: Boundary layer height from ERA5 is shown for 2013-2023 with the seasonal cycle removed.

Trend analysis was conducted using the Theil-Sen estimator and Mann-Kendall test for statistical signifi-

cance at the 95th percentile.

depth over time, due for example to a warming climate, increased surface NH3 emissions could

yield increasing NH3 column concentrations while surface concentrations may be increasing more

slowly or not at all.

Sun et al. (2015) found that NH3 in the atmosphere is relatively well mixed within the planetary

boundary layer. Mean monthly BLH from ERA5 reanalysis was examined to assess changes over

the study period (see Figure 3.11). An increasing BLH trend of 5.1 m per year is observed above

the northeast Colorado plains from 2013-2023. For this analysis, only data east of Fort Collins

(longitude bound of -105◦W) is considered due to challenges with ERA5 data quality over regions

of complex topography. This increasing boundary layer height and associated vertical dilution of

NH3 surface emissions could contribute to the difference between NH3 trends in the satellite and

surface data records.

Another significant meteorological trend in the region is in surface temperature. Analysis of

regional temperature records reveals a significant, increasing trend in summertime temperature

of 0.09 degrees per year. Given the sensitivity of NH3 volatilization (e.g., from fertilized fields,
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feedlots, and natural soils) to temperature, it is likely that at least some of the increase in NH3

column concentrations detected in the IASI satellite records reflects temperature-driven surface

emissions.

3.4 Conclusion

We used a combination of in situ passive sampler NH3 measurements and NH3 vertical column

density retrievals from IASI to assess variability and trends in NH3 across three land use categories

in the source region: agricultural, urban, and remote during the period 2013-2023. Enhancements

in IASI NH3 total column concentrations have the same spatial distribution as observed in the

surface NH3 observations. NH3 concentrations measured in the surface monitoring network and

IASI NH3 column concentration retrievals were both well correlated with the presence and size

of nearby CAFOs. The permitted animal capacity of CAFOs within 12 km of surface monitoring

sites explained 78% of the variability in observed NH3 mixing ratio. Similarly, permitted animal

capacity within each IASI retrieval cell (length and width approximately 12 km) explained 50% of

the variability in total column NH3 concentrations.

Surface-level NH3 and total column NH3 were well correlated with each other, supporting the

use of satellite NH3 retrievals to examine NH3 temporal and spatial variability in this region. IASI

satellite retrievals exhibited an increasing NH3 column concentration trend in both agricultural

(2.6% yr−1) and urban (1.7% yr−1) source regions. The absolute magnitude of the trend in the

agricultural region was 3 times larger than in the urban region. A more detailed analysis of NH3

concentration increases at higher spatial resolution revealed strong similarity to the spatial distribu-

tion of large CAFOs. Decreases in ammonium sulfate and increases in wildfire smoke likely also

contribute to the increase in NH3, but they are unlikely to be of sufficient magnitude to produce the

observed changes in NH3.

A changing climate in NE Colorado has resulted in both increased temperatures and a deep-

ening surface boundary layer. Increased surface temperatures are likely contributing to increased

NH3 evaporation from agricultural sources, including feedlots. If so, CAFO emissions of NH3 may
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at least partly be increasing independently of agricultural practices or livestock numbers. Mean-

while, observed increases in boundary layer depth are likely diluting NH3 surface concentrations

via increased vertical mixing. This process can decouple trends in satellite-detected NH3 column

concentrations from surface concentration trends while also enhancing the atmospheric lifetime

and long-range transport of atmospheric NH3 by slowing surface deposition.
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Chapter 4

Contributions of Wildfire Smoke and Agricultural

Emissions to Changing Ammonia across the Western

US

Ammonia (NH3) emissions contribute to atmospheric particle formation and reactive nitrogen

(Nr) deposition. The formation of particulate matter can be harmful to human health and increase

the atmospheric lifetime of NH3, allowing for increased deposition in remote ecosystems. Excess

Nr deposition can have harmful ecosystem effects, including in the high-alpine Rocky Mountains,

where ecosystems developed under nutrient-deprived conditions. A majority of atmospheric NH3

in the US is emitted from agricultural activities, with important contributions also from wildfires.

In this study, we focus on NH3 in the US Rocky Mountain region. This region is home to: 1.

ecosystems sensitive to reactive nitrogen deposition, 2. heavy agricultural development, and 3.

frequent and increasing wildfires. Cross-track Infrared Sounder (CrIS) data, oversampled to high

spatial resolution (2 km), are used for the warm season (March-October), when peak agricultural

emissions and wildfire frequency occur, to assess contributions to changing NH3 from these key

sources over the period 2013 to 2023. We find that the largest total column NH3 increases are

associated with agricultural regions, with average trends ranging from 1.5 to 4.8% increase per

year. In the Snake River Valley in Idaho, removing smoke impacts did not affect the annual total

column NH3 trend of 1.5% per year in the agricultural region. In northeast Colorado, removing

thick smoke plumes from the dataset reduced the NH3 trend from 2.7 to 2.5% per year. NH3 in-

creases in remote regions farther from major agricultural sources were heavily impacted by wildfire

smoke, likely due to wildfires often occurring in remote regions and increased NH3 atmospheric

lifetime when lofted in smoke plumes. We assessed the spatial extent of agricultural NH3 emission

hotspots, using a contouring algorithm assessed at the full dataset 95th percentile, and found that
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the area of agricultural hotspots is increasing by 7% per year across the Intermountain West. This

spatial increase was enhanced by wildfire smoke, dropping to 6% per year when the influence of

thick smoke plumes was removed.

4.1 Introduction

Ammonia (NH3) is the primary alkaline gas in the atmosphere, playing a key role in the forma-

tion of submicron particles and the global nitrogen cycle. Primary emissions of NH3 come from

agricultural activities, industry, automobiles, and biomass burning (Behera et al., 2013; Walker et

al., 2019a). Submicron particles are formed when atmospheric NH3 is mixed with acidic species,

primarily sulfuric and nitric acids, to form particle ammonium (NH+
4 ) (Behera et al., 2013). In the

US, an estimated 30% of fine particulate matter (PM2.5) pollution is attributed to NH3 emissions

(Wyer et al., 2022). Across the globe, agricultural sources dominate PM2.5 when compared with

natural and other anthropogenic sources (Bauer et al., 2016). In addition to its negative health

impacts, PM2.5 formation increases the atmospheric lifetime of NHx (NH3 + NH+
4 ), increasing

transport distance and the likelihood of deposition to remote ecosystems (Aneja et al., 2001; Ian-

niello et al., 2011; Napari et al., 2002).

The deposition of excess Nr negatively impacts ecosystem health through eutrophication, loss

of biodiversity, and soil acidification (e.g., Baron, 2006; Boot et al., 2016; Walker et al., 2019a).

These deleterious effects have been observed in several high alpine ecosystems of the western

U.S (Baron et al., 2000; Burns, 2003). The high-elevation ecosystems of the Rocky Mountains

are especially sensitive to excess reactive nitrogen inputs because they developed under nutrient-

deprived conditions. The elevation profile of the region of interest is shown in Figure 4.1a. This

region is also home to several national Parks, many of which are located within 100 km of an

agricultural NH3 emissions hotspot (Pan et al., 2021).

Figure 4.1b shows National Emissions Inventory (NEI) estimates of NH3 emissions from agri-

culture by county in 2020 (US EPA, 2020). The key agricultural areas to be discussed here are the

San Joaquin Valley (SJV), the Snake River Valley (SRV), northeast Colorado (NE CO), and the
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Figure 4.1: The region of study is shown. (a.) Terrain elevation from the Global Multi-level Terrain

Elevation Data 2010 (GMTED2010) is shown. (b.) The summed county emissions of NH3 from agricultural

activities from the 2020 NEI are shown. Key agricultural regions are labeled with dashed rectangles.

Texas Panhandle (TXP). In the US, agricultural activities accounted for more than 80% of NH3

emissions in the NEI (2020). Globally, an estimated 81% of all NH3 emissions have been at-

tributed to agricultural activities (Wyer et al., 2022). From 1950 to 2000, estimated NH3 emissions

more than doubled, with a majority of the increase in anthropogenic emissions attributed to ni-

trogen fertilizer application and livestock production (Beusen et al., 2008; Bouwman et al., 1997;

Lamarque et al., 2010). NH3 emissions in Figure 4.1b illustrate the spatial pattern of estimated

agricultural NH3 emissions in the western Great Plains, Rocky Mountain, and intermountain west

regions, including heavy agricultural activities in northeast Colorado, the Snake River Valley in

Idaho, the San Joaquin Valley in California, and the northern Texas panhandle into Oklahoma,

Kansas, and Nebraska. Northeast Colorado and the Snake River Valley in Idaho, both close to

national parks (Rocky Mountain, Grand Teton, and Yellowstone) with protected visual landscapes

and deposition-sensitive, high-elevation ecosystems, will be the primary focus of this work.

Wildfire smoke is also an important source of NH3 to the atmosphere (Benedict et al., 2017;

Lindaas et al., 2021; Roberts et al., 2020). Wildfires typically emit more NH3 during low-

temperature burning (Burling et al., 2010; Goode et al., 1999). After agricultural (livestock and
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fertilizer-related) emissions, the second largest NH3 emission source in the US is biomass burning,

predominantly attributed to wildfires (US EPA, 2020). Agricultural fires are also a source of NH3

(Tomsche et al., 2023). In the 2020 NEI, NH3 emissions from wildfires, agricultural fires, and pre-

scribed burning accounted for 54%, 24%, and 22% of biomass burning emissions, respectively (US

EPA, 2020). The western US experiences significant wildfire activity, the frequency of which has

been increasing (Bray et al., 2018; Corwin et al., 2022; Zhuang et al., 2021). Wildfires typically

occur during the warm season in the western US, with greater than 90% of wildfires occurring from

May to September from 2005 to 2019 (Picotte et al., 2020). Wildfire smoke plumes inject emis-

sions of NH3 higher into the atmosphere, which may increase the atmospheric lifetime, increasing

potential for particle formation and the distance NH3 can travel before deposition (Lindaas et al.,

2021).

Model simulations, in situ measurements, and satellite retrievals over the contiguous US show

increasing NH3 (e.g., Butler et al., 2016; Wang et al., 2023; Warner et al., 2016; Yu et al., 2018).

These increases range from 2-12% per year. To better understand the emission sectors driving these

changes, NH3 observations and modeled smoke plumes are used to attribute increases in NH3 to

wildfire smoke and agricultural areas. Spatial and annual trends are assessed using monthly Level 3

data from the Infrared Atmospheric Sounding Interferometer (IASI) satellite and oversampled data

from the Cross-Track Infrared Sounder (CrIS) satellite. For both datasets, the largest increases are

observed during the 2013 to 2023 study period above agricultural regions. Modeled smoke plumes

are used to remove CrIS pixels impacted by smoke, allowing for the relative trend attributed to

wildfire smoke to be assessed. Lastly, the oversampled data are used to assess the spatial footprint

of agricultural NH3 emission hotspots.

4.2 Methods

4.2.1 Satellite data

This analysis uses total column NH3 retrievals from the European Space Agency’s Infrared-

Atmospheric Sounding Interferometer (IASI) and the National Aeronautics and Space Administra-
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tion’s (NASA) Cross-Track Infrared Sounder (CrIS). Both polar-orbiting satellites use a Fourier-

Transform Spectrometer to make observations. The IASI data used is a post-processed Level 3

product at a monthly temporal resolution. The CrIS data were processed using a physical oversam-

pling method to a finer grid resolution of 2 km. A major difference between the observations from

IASI and CrIS NH3 is the overpass time, at 09:30 and 13:30 local time, respectively. NH3 has a

strong diurnal cycle, as observed in Chapter 2, and NH3 concentrations are expected to be higher

during the CrIS afternoon overpass. Key differences between the two satellite products are sum-

marized in Table 4.1. Satellite NH3 data were considered for the western US, including latitudes

spanning from 30 to 50 degrees and longitudes spanning from -100 to -120 degrees. This region is

plotted in Figure 4.1.

Table 4.1: Key differences between the IASI and CrIS satellite data used are summarized.

Infrared-Atmospheric Sounding Interferometer (IASI)

IASI provides total column NH3 concentrations from twice daily retrievals at 09:30 and 21:30

local time. The pixel diameter is 12 km at nadir. IASI uses a scanning Fourier transform spec-

trometer in the infrared band between 3.4 and 15.5 microns (Clarisse et al., 2009; Van Damme

et al., 2015). IASI is located on the Meteorological Operational satellites (MetOp) operated by

the European Organization for the Exploitation of Meteorological Satellites (EUMETSAT), and

developed by the European Space Agency
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IASI data were obtained from the Meteorological Operational (MetOp) B satellite. IASI data

are also available from MetOp-A and MetOp-C, launched in 2006 and 2018, respectively. MetOp-

A ended its mission in 2021. Data from MetOp-B were selected due to its temporal overlap with

the CrIS data used. Data are available for download at (https://iasi.aeris-data.fr/catalog). Data span

from March 8, 2013, to December 31, 2023. For this application, the level 3, Version 4 Artificial

Neural Network with Reanalysis (ANNI-NH3-V4R) product was used, which offers monthly data

at 0.125 by 0.125-degree grid cell resolution. For the area of interest, this is approximately a 12

km grid cell resolution. ANNI Version 4 introduced a total column averaging kernel and improved

the consistency of measurements (Clarisse et al., 2023). The reanalysis version relies on ERA5

ECMWF meteorological input data, surface temperature, and cloud retrievals (Hersbach et al.,

2020; Van Damme et al., 2018). Only the morning overpasses (09:30 local time) were analyzed due

to their higher daytime thermal contrast (Clarisse et al., 2010). IASI retrievals are well correlated

with ground-based measurements, showing good agreement for NH3 spatial patterns (Guo et al.,

2021; Wang et al., 2023).

Cross-Track Infrared Sounder (CrIS)

CrIS provides a daily retrieval at 13:30 local time. The pixel field of view (FOV) is 14 km in

diameter. CrIS also uses a scanning Fourier transform spectrometer, operating in the infrared band

from 3.92 to 15.38 microns. CrIS is located on Suomi National Polar-orbiting Partnership (SNPP),

National Oceanic and Atmospheric Administration (NOAA) 20 (Formerly Joint Polar Satellite

System-1 (JPSS-1)), and NOAA-21 (Formerly Joint Polar Satellite System-2 (JPSS-2)) satellites,

launched in 2011, 2017, and 2022, respectively. Data from CrIS located on SNPP are used for this

analysis, due to its longer data record (Han et al., 2013). CrIS has peak sensitivity to NH3 below

the top of the boundary layer at ~850–750 hPa (Shephard and Cady-Pereira, 2015). CrIS NH3

retrievals are well correlated with the spatial variability of other satellite observations and in situ

ground observations (Cady-Pereira et al., 2024; Ding et al., 2024).

The CrIS data were processed using a physical oversampling method to generate annual grid-

ded data for the warm season. Physical oversampling describes the process by which retrieved
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satellite pixels are averaged over time to a grid that is significantly finer than the original pixel

size. In this case, level 2 CrIS satellite pixels with 14 km diameter FOV are averaged over the

warm season to generate a 2 km resolution gridded level 3 product. The warm season was defined

as March to October, to capture peak NH3 emissions and wildfire activity. NH3 has a strong sea-

sonal cycle, as shown in Chapter 3, with peak emissions occurring during the summer and fall in

the region of interest. To understand the impact of wildfire smoke, additional oversampled CrIS

data products were generated by removing pixels considered to be smoke-impacted.

Smoke plume data were taken from the Hazard Mapping System (HMS) (data available at:

https://www.ospo.noaa.gov/Products/land/hms.html) operated by the NOAA National Environ-

mental Satellite, Data, and Information Service (NESDIS). To generate the HMS dataset, analysts

use a suite of satellite data products to manually outline the extent of detected smoke plumes.

HMS smoke plumes are given a qualitative density flag (light, medium, or heavy). HMS smoke

plumes have been used to estimate smoke exposure, assess smoke trends, and determine radiative

impacts of smoke plumes (Corwin et al., 2025; Corwin et al., 2022; O’Dell et al., 2021; Zhou et

al., 2021). HMS smoke plumes between 19:30 UTC and 21:30 UTC were used to determine CrIS

pixels impacted by smoke. Two oversampled CrIS datasets with smoke removed were generated:

1. Smoke plumes of all qualitative density flags, and 2. Only smoke plumes flagged as medium or

heavy smoke. The CrIS datasets are named as shown in Table 4.2.

To directly compare CrIS and IASI data, the CrIS data were also down-sampled to the IASI

grid system. The IASI and CrIS grids do not align, requiring a weighted average of gridded CrIS

cells onto the IASI grid system.

4.2.2 Monthly reanalysis meteorological data

Monthly mean meteorological data were taken from version 5 reanalysis data (ERA5) from

the European Centre for Medium Range Weather Forecast (ECMWF) (Hersbach et al., 2020). The

spatial resolution of this data are 0.25 degrees. Data were used from 2013 to 2023 across the region
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Table 4.2: The physical oversampled datasets are described, with a summary of key features.

of interest (last accessed: 05/22/2025). Two-meter temperature data were analyzed for potential

impact on NH3 emissions.

4.2.3 Theil-Sen regression and statistical significance testing

Time-series trends are calculated as described in Chapter 3, using a Theil-Sen estimator (Sen,

1968). The Theil-Sen estimator is non-parametric and less sensitive to outliers than optimized least

squares linear regression. The Theil-Sen estimator takes the slope between each unique pair of data

points and estimates the trend as the median value. Unless otherwise noted, statistical significance

is determined using a Mann-Kendall test at the 95th percentile confidence level (Hussain et al.,

2019).

4.2.4 Hotspot contouring method

NH3 hotspots in the CrIS data were identified using a clustering algorithm with a binary cut-

off at the 95th percentile of the column distribution across all study years (2.07 × 1016 molec.

cm−2). This method was first proposed by Wang et al. (2021) using an oversampled IASI NH3

dataset at 2 km resolution. Wang et al. (2021) used an annually averaged map across their entire
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data period (2008-2017) and generated contours using the 95th percentile of column distribution

(0.66 × 1016 molec. cm−2). In this analysis, hotspots contours are computed for the annual warm

season (March-October) CrIS oversampled maps. The 95th percentile used is approximately 3

times larger than that used in Wang et al. (2021). This could be due to a variety of factors: 1.

The CrIS overpass time is in the early afternoon (13:30 LT), and the IASI overpass time is in the

morning (09:30 LT), 2. The data used by Wang et al. (2021) is a full-year average, and the CrIS

oversampled data used here is from only the warm season months.

The contours were determined using the Hoshen-Kopelman (H-K) clustering algorithm

(Hoshen and Kopelman, 1976). The H-K algorithm labels clusters based on a binary cut-off,

here the 95th percentile value, and connects them to neighboring cells. Contours were determined

using the 4-member connected neighborhood, considering the cells above, below, left, and right of

the initial labeled cell. The H-K algorithm labels all clusters above the cut-off, even single grid cell

clusters. Single grid cell clusters were ignored for this analysis. The H-K algorithm was selected

instead of a matching-squares algorithm because it preserves the native grid system resolution.

However, preservation of the native grid system resolution means that this algorithm is very sensi-

tive to the native grid cell resolution (Wang et al., 2021). For each computed hotspot contour, the

characteristic length scale was determined as the square root of the contour area.

4.3 Results and discussion

4.3.1 Comparison of IASI and CrIS total column concentrations

The comparison of results from different satellites is a non-trivial problem. The IASI and CrIS

satellite products have different overpass times, a different pixel size at nadir, and use different

retrieval algorithms. Although they both use a Fourier transform spectrometer, the algorithm used

to determine total column NH3 concentrations differs significantly. Other key differences between

the CrIS and IASI datasets used here are outlined in Table 4.1. To briefly investigate the relative

differences between the CrIS and IASI datasets used, the warm season (March-October) mean

total column NH3 is compared for both datasets in Figure 4.2. The spatial patterns in CrIS (Fig-
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ure 4.2a) and IASI (Figure 4.2b) mean total column NH3 concentrations are broadly similar, with

the largest NH3 column concentrations occurring above agricultural areas (see Figure 4.2b). How-

ever, the CrIS NH3 values are generally larger (note the different color bar maxima in Figure 4.2a

and Figure 4.2b). Figure 4.2c shows the difference between NH3 column concentrations from CrIS

and IASI. Positive (negative) values mean that the CrIS total column NH3 concentration is larger

(smaller) than the IASI total column NH3 concentration. CrIS NH3 concentrations generally ex-

ceed IASI concentrations by approximately a factor of 2. The diel pattern of NH3 emissions from

agriculture is highest in the early afternoon, which corresponds to the CrIS overpass time of 13:30

LT. In contrast, the IASI overpass time is 09:30 LT, and likely precedes daily maximum NH3 val-

ues. The difference in overpass time could explain the larger total column NH3 values observed

by CrIS. Notable exceptions occur above the Great Salt Lake in Utah and the San Joaquin Valley

in California, perhaps resulting from differences in how the satellite retrieval algorithms handle

changes in surface reflectivity.

Figure 4.2: The warm season (March-October) mean total column NH3 from 2013-2023 is plotted for (a.)

the oversampled CrIS data product, and (b.) the Level 3 IASI data product. (c.) The difference between these

datasets, computed on the IASI grid, is shown. Key agricultural regions are labeled with white rectangles in

subplot a.
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4.3.2 Agricultural hotspot contouring

The spatial footprint of elevated NH3 concentrations has important implications for deposition

and transport into sensitive ecosystems. Figure 4.3a shows annual NH3 hotspot areas identified

across the study region. The hotspots in Figure 4.3 are contoured using the 95th percentile across

the data record (2.07 × 1016 molec. cm−2). This value is larger than the 95th percentile used by

Wang et al. (2021), who defined hotspot contours across the entire year. Here, they are defined for

only the warm season, and the threshold is higher due to the seasonal cycle of NH3 with greater

summertime emissions.

Figure 4.3: NH3 hotspots, contoured using the H-K algorithm at the 95th percentile (2.07 × 1016 molec.

cm−2), are shown for each year (2013-2023) for (a.) the entire region of interest, (b.) the Snake River Valley,

and (c.) northeast Colorado.

Each year, hotspot contours are plotted separately for the Snake River Valley in Figure 4.4 and

northeast Colorado in Figure 4.5. These annual plots are used to more clearly illustrate interannual

changes in hotspot areas. The Snake River Valley and northeast CO hotspot contours are more

fragmented and occupy a smaller spatial area in earlier years than in later years, revealing growth

in the spatial footprint of influence from agricultural emissions over the study period.
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Figure 4.4: NH3 hotspots, contoured using the H-K algorithm at the 95th percentile (2.07 × 1016 molec.

cm−2), are shown for each year (2013-2023) in the Snake River Valley.

Figure 4.5: NH3 hotspots, contoured using the H-K algorithm at the 95th percentile (2.07 × 1016 molec.

cm−2), are shown for each year (2013-2023) in northeast Colorado.

The hotspot area in northeast Colorado is the largest in 2020 when the Cameron Peak Fire, the

largest wildfire in Colorado’s history, was burning approximately 50 km west of the highlighted

agricultural area. A drop in hotspot area was seen in both regions in 2019 when wildfire smoke

levels were low over both regions.

To quantify the increasing spatial footprint of NH3 hotspots, their annually summed areas are

plotted in Figure 4.6. Trends are assessed for the full dataset and the dataset with smoke removed.

The area of agricultural hotspots is increasing by 7% yr−1 across the study region (Figure 4.6).
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This spatial increase was enhanced by wildfire smoke, dropping to 6% yr−1 when the influence

of thick smoke plumes (HMS medium + heavy flags) was removed. The area of agricultural NH3

hotspots in the Snake River Valley increased by 6% yr−1, falling to 5% yr−1 when thick smoke

plumes are removed. The most rapid increase in agricultural hotspot area occurred in northeast

Colorado, at 15% yr−1, falling to 12% yr−1 when thick smoke plumes were removed.

Figure 4.6: The annual summed area of NH3 hotspots, contoured using the H-K algorithm at the 95th

percentile (2.07 × 1016 molec. cm−2), is shown for (a.) the entire region of interest, (b.) the Snake River

Valley, and (c.) northeast Colorado. Trends are assessed using a Theil-Sen regression for the full dataset and

the dataset with smoke impacts removed. The 95% confidence level of the trend is shaded.

The increase in agricultural hotspot area could indicate that the spatial footprint of agricultural

activities is increasing or that the emissions and/or transport of NH3 out of static agricultural emis-
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sion areas is increasing. Independent of the cause, increasing the spatial footprint of NH3 concen-

trations from agriculture may increase the transport and deposition of NH3 to sensitive ecosystems

situated close to agriculture.
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4.3.3 Trends in atmospheric NH3 concentration

Total column NH3 concentration 2013-2023 time series trends were calculated using a Theil-

Sen regression on the IASI dataset. The seasonal cycle was removed from the monthly Level 3

IASI dataset by subtracting the full dataset’s monthly means before trend analysis was conducted.

Figure 4.7a shows the slope of the regression calculated for each IASI grid cell. The largest trends

in NH3 concentration are observed in regions of agricultural activities. However, the San Joaquin

Valley in California has some of the highest NH3 concentrations in Figure 4.2, and the calculated

NH3 trend is small compared to the other agricultural areas. The trend in NH3 concentration from

only the warm season is shown in Figure 4.7b.

Figure 4.7: The annual trend in total column NH3 concentration is shown. Stippling indicates statistical

significance at the 95% confidence interval. (a.) A Theil-Sen regression is computed for each grid cell on

the Level 3 monthly IASI dataset. The seasonal cycle was removed by subtracting the monthly mean across

the data record. (b.) A Theil-Sen regression is computed for each grid cell on the warm season mean IASI

total column NH3 concentrations.

The spatial pattern of the warm season NH3 trend is comparable to the full-year trend, with

the largest increases in NH3 occurring above regions of agricultural activity. The magnitude of the

observed trends across the study region is larger when only the warm season data are considered.

The warm season is also when NH3 emissions are expected to be the largest from both agricultural
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and wildfire sources. There is also a region of stronger NH3 increase during the warm season trend

analysis in the north-east corner of Figure 4.7b. Considering the areas of strongest NH3 emissions

(see Figure 4.1), this region is not associated with large agricultural emissions. The increasing

trend, therefore, could instead be associated with increasing NH3 from wildfire smoke. In the

warm season data, an increase in the San Joaquin Valley of California is more clearly observed.

All regions with the largest warm season mean NH3 total column concentrations (see Fig-

ure 4.1) have strong NH3 increases in Figure 4.7, except the San Joaquin Valley in California. One

possible explanation for the difference could be more active efforts in California to control NH3

emissions. Another could be spatial differences in surface warming trends that are expected to lead

to increased NH3 volatilization. Figure 4.8 shows the trend in 2013-2023 monthly 2-meter tem-

perature from ERA5 reanalysis. Temperature is increasing strongly in northeast Colorado, north

Texas, and in the northeast corner of the overall region of interest. These are also areas of strong

NH3 total column increases as shown in Figure 4.7. The temperature in the Snake River Valley is

more spatially variable, and increases are weaker than those observed to the east. In the southern

end of the San Joaquin Valley, temperatures are decreasing. The decrease in temperature could

help explain the lack of an increasing NH3 trend in the San Joaquin Valley.
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Figure 4.8: The annual trend in 2-meter temperature (T2M) from ERA5 reanalysis is shown. Stippling

indicates statistical significance at the 95% confidence interval.

73



To further investigate the seasonal changes in NH3, month-specific NH3 trends were calculated

for the IASI dataset. Figure 4.9 groups these trends seasonally and shows the spatial pattern of NH3

trends for each month. NH3 trends during the cooler months, November (Figure 4.9l), December

(Figure 4.9a), January (Figure 4.9b), and February (Figure 4.9c), are typically not statistically

significant and have high spatial variability. Total column NH3 increases are the strongest in the

warmer months from May (Figure 4.9f) to October (Figure 4.9k), especially above key agricultural

source regions. During June (Figure 4.9g), we observe a strong increasing trend in the northeast

corner of the study region. As discussed above, this region does not correspond to one of the

higher agricultural NH3 source regions per the NEI. In the monthly NH3 trends, we observe one

statistically significant instance of large ammonia decreases, in the San Joaquin Valley, during

March (Figure 4.9d). NH3 also decreased across Montana, during August (Figure 4.9i), although

the trends were generally not statistically significant.
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Figure 4.9: The trend in IASI total column NH3 concentration is shown for each grid cell and each month

of the year using a Theil-Sen regression. Stippling indicates statistical significance at the 95% confidence

interval. Monthly trends are grouped by season.
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The warm season 2013-2023 total column NH3 trends from the CrIS data product were also

assessed using a Theil-Sen regression. The total column NH3 concentration trends for each CrIS

grid cell, at 2 km resolution, are shown in Figure 4.10a. As in the IASI data, the strongest NH3

increases are occurring in northeast Colorado, the Snake River Valley, and the Texas Panhandle.

We also observe a strong NH3 trend across the Canadian border in southern Alberta, on the edge

of our region of interest. In Figure 4.10b, the same regression is applied to the CrIS data product

recast to the IASI grid system. This allows for more direct comparison with the IASI NH3 trend

results (Figure 4.7b) and emphasizes large-scale features. The strongest NH3 increases for both

grid systems occur in the agricultural regions, except for California’s San Joaquin Valley, which

does not have a clear spatial pattern of increasing NH3. The NH3 increases observed in the CrIS

data are generally larger magnitude, but similar percentage increases, than those observed in the

IASI data (see Figure 4.7). This may reflect the difference in satellite overpass times, with larger

NH3 increases occurring during the peak NH3 emission period observed during the afternoon CrIS

overpass (13:30 LT).

Figure 4.10: The trend in total column NH3 concentration is shown for each grid cell using a Theil-Sen

regression for (a.) the native CrIS oversampled dataset grid, and (b.) the CrIS data recast to the IASI grid.

Stippling indicates statistical significance at the 95% confidence interval.
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To better understand changing NH3 in each emission hotspot, trend analysis was conducted

for the spatial mean warm season NH3 concentration within each hotspot. NH3 hotspots were

determined, as discussed above, using the Hoshen-Kopelman method and contouring at the 95th

percentile. Figure 4.11a shows the mean hotspot contouring area from 2013 to 2023, colored

by the slope of the NH3 column concentration trend. Within the region, statistically significant

trends in mean total column NH3 concentration are observed in the Snake River Valley, northeast

Colorado, the Texas panhandle into Nebraska, and in southern Alberta, Canada, at the edge of our

study region. NH3 hotspot regions in Oregon, California, Arizona, and New Mexico do not have

statistically significant trends in NH3 column concentration. The statistically significant trends

range from 3.3× 1014 to 1.2× 1015 molec. cm−2 yr−1. Figure 4.11b shows the same total column

NH3 trends relative to the hotspot mean NH3 concentration. The statistically significant trends

range from 1.5 to 4.6% yr−1.

Figure 4.11: The (a.) absolute and (b.) relative trend in spatial mean total column NH3 concentration is

shown for each hotspot area using a Theil-Sen regression. Hatching indicates statistical significance at the

95% confidence interval. Slope values are printed for statistically significant trend regions.
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4.3.4 Contributions of wildfire smoke to increasing NH3

Wildfire smoke is also an important source of NH3 to the atmosphere. The frequency of wild-

fires and the subsequent frequency of overhead smoke have increased in the western US in recent

years (Corwin et al., 2022). To assess the impact of wildfire smoke on NH3 concentration from

CrIS, pixels determined in the HMS smoke identification product to be impacted by smoke were

removed to generate smoke-free oversampled data. Figure 4.12b shows the spatial pattern of total

column NH3 trends in the CrIS warm season data, when all smoke-impacted pixels have been re-

moved. This includes HMS smoke plumes of all three qualitative flags: light, medium, and heavy.

The spatial pattern is consistent with the total column NH3 trends plotted in Figure 4.12a, although

the trend values are smaller in magnitude. This difference is illustrated in Figure 4.12c. The dif-

ference between the full dataset and CrIS retrievals with smoke removed can be interpreted as the

increasing 2013-2023 NH3 trend attributed to wildfire smoke. In most areas of the study region,

wildfire smoke increased the total column NH3 concentration trend. The wildfire smoke appears to

have a disproportionate influence on NH3 concentration changes above the Snake River Valley, and

the agricultural regions located on the east edge of our study region. This could indicate a removal

artifact in data processing. Wildfire smoke and the highest agricultural NH3 emission periods both

occur in summer, so if too many pixels are removed from this key season, the annual means and

therefore the trend effect may be dampened.

Trend analysis was also conducted on CrIS retrievals with pixels removed only during periods

of HMS-identified medium and heavy smoke (see Figure 4.13). The medium and heavy HMS flags

indicate that the plume was optically thicker than during light smoke. The spatial pattern does not

match the agricultural hotspot areas, indicating that we are removing the impacts of smoke and not

just isolating seasonal NH3 trend impacts. The signal difference attributed to medium and heavy

smoke represents an average background NH3 contribution of between 0 and 0.2 molec. cm−2

yr−1, which, especially in many background areas, constitutes a significant change.

Figure 4.14 shows the percent change in CrIS total column NH3 trends when pixels impacted

by heavy and medium smoke are removed. In the Snake River Valley, northeast Colorado, and the
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Figure 4.12: (a.) The trend in total column NH3 concentration is shown for each grid cell using a Theil-Sen

regression for the oversampled March-October 2013-2023 CrIS dataset. (b.) The trend in total column NH3

concentration is shown for each grid cell using a Theil-Sen regression for the oversampled CrIS dataset

with all smoke-impacted pixels removed. (c.) The difference between the full warm season CrIS and the

smoke-free warm season CrIS total column NH3 trends is plotted.

Figure 4.13: (a.) The trend in total column NH3 concentration is shown for each grid cell using a Theil-Sen

regression for the oversampled CrIS dataset. (b.) The trend in total column NH3 concentration is shown

for each grid cell using a Theil-Sen regression for the oversampled CrIS dataset with heavy and medium

smoke-impacted pixels removed. (c.) The difference between the total column NH3 trends in the full warm

season CrIS and warm season CrIS with heavy and medium smoke impacts removed is plotted.

Texas panhandle, the relative difference indicates that heavy and medium smoke plumes increased

the trend by less than 25%. In the remote regions, heavy and medium smoke often accounted for

the entire increasing trend in NH3, illustrating that wildfire smoke has the largest relative impact on

remote regions. This is in part due to the relatively low NH3 total column concentrations observed

in these areas, but might also indicate that emissions from wildfire smoke have increased potential

to impact remote ecosystems relative to changes in emissions from agriculture.
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Figure 4.14: The relative difference between the total column NH3 trends in the full warm season CrIS and

warm season CrIS with heavy and medium smoke impacts removed is plotted.

Wildfire smoke generally increased the trend in total column NH3 across agricultural and more

remote regions. To better quantify the impact of wildfire smoke in agricultural regions, trends were

computed for the annual spatial mean NH3 concentrations within agricultural emission hotspot

areas. Due to greater uncertainty and the potential artifact when removing light smoke plumes that

can dominate peak agricultural NH3 emission months, for the following analysis, only heavy and

medium smoke plumes are considered. The mean NH3 hotspot contours across the data record are

shown in Figure 4.11. To understand regional changes across NH3 hotspot contours, all hotspot
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contours within a defined region were considered together. Figure 4.15a shows the mean column

concentration above all NH3 hotspots in the western US, for each year. Column NH3 over all

hotspot regions is increasing by a mean value of 1.5% yr−1. Interestingly, if the impacts of heavy

and medium smoke plumes on NH3 concentration are removed, this trend increases to 1.6% yr−1.

However, the confidence intervals for these two trend slopes greatly overlap, indicating that the

NH3 concentration trend within hotspots across the western US was not significantly impacted

by wildfire smoke. In the Snake River Valley, the NH3 concentration trend is not significantly

impacted by wildfire smoke, with a slope of 1.5% yr−1 for the full dataset and dataset with smoke

removed. However, the mean NH3 concentration values across the dataset are lower by 20% when

smoke is removed, suggesting that wildfire smoke in the Snake River Valley is an important source

of NH3, but has not changed significantly in recent years. Additionally, when all smoke is removed

from the Snake River Valley, the trend is no longer significant due to the higher variability in

observed NH3 concentrations. Conversely, in northeast Colorado, the full 2013-2023 dataset shows

an increase of 2.7% yr−1, while removing smoke drops this change to 2.5% yr−1, suggesting

that wildfire smoke has played a role in increasing NH3 concentrations even above agricultural

emissions in northeast Colorado, but only accounts for approximately 7% of the total change.
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Figure 4.15: A Theil-Sen regression is applied to the spatial mean NH3 total column concentration within

hotspot areas contained within (a.) the western US region, (b.) the Snake River Valley, and (c.) northeast

Colorado. 95% confidence intervals of the regression are shaded. All trends are statistically significant

except for the smoke-removed trend in the Snake River Valley.
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4.4 Conclusions

The spatial pattern of NH3 total column concentrations in the western US is similar between

IASI and CrIS satellite observations, with the highest values over regions of heavy agricultural

development, including the San Joaquin Valley, Snake River Valley, northeast Colorado, and Texas

Panhandle. We assessed changes to the spatial extent of agriculture NH3 hotspots to understand

how the area of impact from agricultural emissions may be changing. The area of agricultural

hotspots is increasing by approximately 7% per year across the western US study region. A small

portion of that change was attributed to enhanced wildfire smoke, with increasing agricultural

hotspot areas falling to 6% per year when the impact of thick smoke plumes was removed. The

fastest growing hotspot area was observed in northeast Colorado, at 15% per year, dropping to

12% per year when the impact of thick smoke plumes was removed. Although wildfire smoke

contributed modestly to the increasing spatial extent of NH3 hotspots, other factors appear to be

dominating this trend. These could include growing NH3 emissions from agricultural sources,

an enhanced atmospheric lifetime of NH3 (e.g., due to decreasing SO2 and NOx emissions over

the study period that can decrease NH3 uptake into aerosol particles), or an increasing spatial

footprint of agricultural activities. Regardless, increasing the size of high NH3 regions can enhance

the likelihood of NH3 transport to adjoining regions containing ecosystems that are sensitive to

increased nitrogen deposition, including Rocky Mountain National Park in Colorado.

Annual warm season (March-October) trends were assessed across 2013-2023 for both IASI

and CrIS data. The largest NH3 increasing trends also occurred in regions of heavy agriculture. The

seasonality of NH3 column concentration trends was assessed using monthly IASI NH3 data, re-

vealing larger monthly increases in the warmer months of the year. Statistically significant trends

across NH3 agricultural hotspot regions ranged from 1.5 to 4.8% increase per year. Across the

western US study region, removing smoke impacts did not affect the interannual NH3 trend in agri-

cultural regions. However, wildfire smoke impacts dominated NH3 trends in many remote areas.

NH3 increased by 1.5% per year across the study region and in the Snake River Valley. In northeast

CO, removing thick smoke plumes reduced the NH3 increase from 2.7 to 2.5% per year, suggest-
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ing that increased agricultural emissions dominate increasing NH3 concentrations. Northeast CO

is experiencing the greatest increase in temperature, compared with other agricultural regions in

the study area. Temperature-driven increases in ammonia volatilization (e.g., hotter temperatures

on pen surfaces in animal feeding operations and hotter soil temperatures in fertilized fields) likely

contribute to the observed NH3 increases over agricultural source regions. Future research should

examine changing agricultural practices and agricultural output along with a warming climate to

assess factor contributions to observed NH3 increases.

84



Chapter 5

Novel Quantification of Phosphate Wet Deposition by

Flow Injection Analysis

Phosphorus is an essential nutrient for ecosystems. Its bioavailable form, phosphate (PO3−
4 ),

can enter ecosystems through wet and dry atmospheric deposition, where it may disrupt nutrient

balances and negatively affect ecosystem health. Despite its ecological importance, PO3−
4 depo-

sition remains understudied, and the United States lacks a national monitoring network for wet

phosphorus deposition. Although flow injection analysis (FIA) is a well-established technique

for determining phosphate concentrations in surface waters, it has not yet been routinely applied

to quantify PO3−
4 in US precipitation. Low concentration values are a challenge in quantifying

PO3−
4 in precipitation. The FIA instrument used here achieves sensitivity at low concentrations

using a long flow path for absorbance to enhance sensitivity. A linear response was observed for

a 7-point calibration from 0.5 to 20 µg P L−1. Replicate standard analyses had a pooled relative

standard deviation of 0.7%. The minimum detection limit was 0.09 µg P L−1. PO3−
4 concentra-

tion in precipitation samples was measured at three sites in the US: 1. Rocky Mountain National

Park (RMNP), 2. Mammoth Cave National Park (MACA), and 3. Fort Collins, CO (FTCW). In

RMNP, snow samples were collected in distinct snow layers from a spring snowpack at two sites.

Phosphate concentration ranged from 0.45 to 37.5 µg P L−1. The highest PO3−
4 concentration was

found in the lowest layer of sampling site one and could reflect P leaching from the soil, which has

been observed in snow that has experienced freeze/thaw cycles. At FTCW and in MACA, individ-

ual daily precipitation events were sampled. At MACA, phosphate concentrations during winter

ranged from below MDL to 8.74 µg P L−1. Daily precipitation in Fort Collins, CO, during spring

and summer had concentrations ranging from 1.71 to 18.7 µg P L−1. PO3−
4 at FTCW was well

correlated with calcium (R2 = 0.86), suggesting mineral dust aerosol may be a dominant source

of measured P wet deposition in these samples. Comparing results across different sampling loca-

85



tions, the highest median P wet deposition concentration was found in Fort Collins, CO, at 6.36 µg

P L−1. The lowest median P wet deposition concentration occurred at Mammoth Cave National

Park, at 0.72 µg P L−1.

5.1 Introduction

Phosphorus is a key nutrient for terrestrial, inland freshwater, and marine ecosystems (Mackey

and Paytan, 2009; Ruttenberg, 2003). Alongside carbon (C) and nitrogen (N), phosphorus (P) plays

a crucial role in global biogeochemical cycling. In contrast to N and C, P predominantly exists in

the particle phase in the atmosphere and does not have a gas phase species under atmospheric

conditions (Ruttenberg, 2003).

The major sources of P to the atmosphere are thought to be marine aerosols (Mahowald et

al., 2008), wildfires (Bauters et al., 2021), primary biogenic aerosols (Bigio and Angert, 2018),

mineral aerosols (Mahowald et al., 2008; Ruttenberg, 2003), and industrial activities (Tipping et

al., 2014). Mahowald et al. (2008) reported that mineral aerosols were the dominant source of

global atmospheric phosphorus, at 82%. A more recent modeling study also concluded that 80%

of atmospheric P emissions were from mineral sources (Myriokefalitakis et al., 2016).

Phosphorus deposition is commonly categorized into total phosphorus (TP) and bioavailable

phosphorus. The bioavailable fraction can be readily taken up by living organisms. Ionic phos-

phate, or orthophosphate (PO3−
4 ), is generally considered the most bioavailable form of P. Kanaki-

dou et al. (2018) found that 35-45% of TP from dry deposition was from organic P species. In the

Himalayas, Diao et al. (2024) found that while mineral dust was the dominant source of TP dry

deposition (77% annually), bioavailable P deposition was strongly influenced by biomass burning.

Nutrient limitation, most often associated with N and/or P availability, provides an important

constraint on ecosystem productivity (Vitousek et al., 2010). P limitation constrains C cycling by

ecosystems and is linked to the N cycle through biogeochemical interactions (Wang et al., 2020).

Excess nutrient inputs have well-documented negative impacts on ecosystem health (e.g., Baron et

al., 2000; Smith et al., 1999). Burpee et al. (2022) found that P limitation impacted the sensitivity
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of freshwater lakes to excess N inputs. Atmospheric deposition of reactive N (Nr) and the associ-

ated ecosystem impacts are a major research focus worldwide (e.g., Driscoll et al., 2024; Walker et

al., 2020). Excess reactive nitrogen deposition has well-documented adverse effects on ecosystem

health, including lake eutrophication, soil acidification, and decreased biodiversity (Baron, 2006;

Bobbink, 1991; Boot et al., 2016; Holtgrieve et al., 2011; Pan et al., 2021; Zhan et al., 2017).

To understand the potential impacts of Nr on ecosystems, critical loads have been developed for

distinct ecosystems to determine the level of Nr deposition associated with significant harmful ef-

fects. Recent research indicates that ecosystem inputs of P also lead to harmful ecosystem effects;

however, significant work is needed to understand where that P comes from and at what level it

is harmful (Brahney et al., 2015; Lynam et al., 2023; Tipping et al., 2014). Dry deposition of P

was found to be a major source of nutrients to high-elevation lakes in the Sierra Nevada (Vicars et

al., 2010). The efficiency of particle scavenging by precipitation suggests that wet deposition of

soluble P species may also contribute to nutrient deposition.

In the US, the National Trends Network (NTN), a national network of wet deposition sampling,

was established in 1978 by the National Atmospheric Deposition Program (NADP) to quantify acid

rainfall and nutrient deposition. Precipitation samples across the US are analyzed for acidity (pH),

calcium (Ca+2 ), magnesium (Mg+
2 ), sodium (Na+), potassium (K+), sulfate (SO2−

4 ), nitrate (NO−

3 ),

chloride (Cl−), and ammonium (NH+
4 ) (NADP, 2022). The NTN has been used to assess spatial

and temporal trends in wet deposition of reactive N (Nr) and determine Nr inputs for sensitive

ecosystems (e.g., Driscoll et al., 2003; Walker et al., 2019). Notably, the quantification of PO3−
4

has not been included in the network analysis of these precipitation samples.

Despite its global importance, there are relatively few studies examining P deposition, and no

national network of P wet deposition measurements across the US. One challenge in measuring

P wet deposition is the need for a low instrument detection limit. PO3−
4 can be measured by

ion chromatography; however, sample concentrations are often below the instrument’s detection

limit. Here, we use a flow injection analysis technique that measures PO3−
4 by absorbance, after

reagents react with it to form a blue complex. FIA is a well-established method for determining
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PO3−
4 concentration in surface water (e.g., Lyddy-Meaney et al., 2002). However, it has not been

previously used to routinely measure PO3−
4 in US wet deposition networks, samples from which

likely have lower concentrations than observed in surface waters.

To fill this research gap, the “Sampler for Nitrogen and Phosphorus in Total” (SNiPiT) project

was designed, in collaboration with NADP, the National Park Service, US EPA, and the US Forest

Service, to collect precipitation samples for P analysis alongside NTN samplers. The SNiPiT

samplers are pre-loaded with sulfuric acid to stop microbial activity in collected precipitation and

preserve the sample for later analysis. They are attached to the exterior of NTN sampling buckets

and covered by the NTN sampler lid to permit wet-only sampling. Before deploying the SNiPiT

samplers and investigating the sampling collection methods, we collected precipitation samples at

three sites to determine a range of expected P wet deposition concentrations and test flow injection

analysis as an analytical method. We also examined potential impacts on sample analysis resulting

from acidification. Daily precipitation samples were collected in Fort Collins, CO, and Mammoth

Cave National Park in Kentucky. Snowpack samples were collected at two site locations in Rocky

Mountain National Park.

5.2 Methods

5.2.1 Wet deposition sampling

Wet deposition samples were collected in three locations: Mammoth Cave National Park

(MACA), Rocky Mountain National Park (RMNP), and Fort Collins, CO (FTCW). The sampling

locations are summarized in Table 5.1. Samples of different layers of accumulated snowpack

were collected in the spring in RMNP. Snowpack samples were collected in each identified snow

layer using clean polyethylene bottles. Daily precipitation samples were collected at MACA and

FTCW. Precipitation events were sampled in MACA and FTCW using National Consolidation

(NCON) National Trends Network (NTN) sampling systems. The samples are collected in a high-

density polyethylene (HDPE) bucket lined with a Low-Density Polyethylene (LDPE) sampling

bag (NADP, 2021). The NCON samplers are equipped with a motor-driven lid that opens during
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periods of precipitation. An infra-red sensor detects water droplets falling next to the precipitation

sampling bucket. The lid opens when at least 1 droplet per minute is detected and closes after

a minute when no droplets are sensed (NADP, 2022). The pH of all samples was measured in

triplicate using a VWR sympHony (H10P) handheld pH probe.

Table 5.1: Wet deposition sampling parameters, site elevation, and number of periods or snowpack layers

sampled are given for each of the sampling locations. The two snow pit locations are labeled S1 (S2) for

snow pit 1 (2) located near Nymph Lake (on the Flattop Mountain trail).

5.2.2 Rocky Mountain National Park, CO

In RMNP, samples were collected at different levels within the accumulated snowpack at two

different sites on 2025/02/22 and 2025/02/23. During February in RMNP, daytime temperatures

typically reach -2◦C and overnight lows are typically -10.6◦C. Precipitation is primarily snowfall,

with a deep snowpack developing over the preceding winter months at higher elevations. The

snow layers for sample collection were determined qualitatively based on visible differences in

snow crystal transformations by Prof. David Lerach, a meteorology professor at the University of

Northern Colorado, an avalanche forecaster, and a Diamond Peaks Ski Patrol member. CSU PhD

student, Chloe Boehm, collected the snowpack samples. Clean polyethylene bottles were used for

sample collection. A sampling bottle was used to scrape the surface-level snow to avoid contamina-

tion. Additional clean bottles were used to collect samples from each layer. The samples were kept

frozen until analysis. The samples were allowed to fully thaw before analysis. For this collection

method, the blank value obtained from adding deionized water to a sample bottle was equivalent to
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deionized water itself (0.01 µg P L−1). For each snow pit, a temperature profile was generated by

measuring temperature at 10 cm increments through the snowpack. Snowpack hardness was qual-

itatively assessed using a hand hardness test (Kinar and Pomeroy, 2015). The hand hardness test

determines the snowpack hardness based on the resistance of snow layers to penetration with im-

plements easily available to avalanche forecasters. The hand hardness test categories are described

in Table 5.2. Each layer is assigned a hardness based on the largest implement that can penetrate 5

cm into the snow. Physical properties of the snowpack can be influenced by many factors, includ-

ing temperature gradients within the snowpack, liquid water content, snow density, snow crystal

size and shape, wind, solar radiation, and additional precipitation (Kinar and Pomeroy, 2015).

Table 5.2: The assessment categories of the hand hardness test are described, and their shortened labels are

given.

The first snow pit was dug at 10:58 MST on February 22, 2025, near Nymph Lake in RMNP

(40.3120◦N, -105.6508◦W). The site altitude was 2901 m. The snow pit was located on the north-

west aspect, and the total snow depth was 142 cm. Seven snow samples were collected. This

site was located 1 km from the parking area and approximately 10 m away from the Nymph Lake

hiking trail, a popular winter hiking destination. The layer profile and sampling heights are shown

in Table 5.3.

The second snow pit was dug at 11:15 MST on February 23, 2025, near Flattop Mountain in

RMNP (40.3146◦N, -105.6548◦W). The site altitude was 3078 m. The total snow depth was 195
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Table 5.3: The snowpack layer profile from sampling on 02/22/2025 near Nymph Lake is shown for all

sampled snow layers. Hand hardness was assessed according to the hand hardness test.

cm. Eight snow samples were collected. This site was 1.5 km from the parking area. The snow

sampling was conducted approximately 10 m off the Flattop Mountain trail, which is not a popular

winter hiking route. The layer profile and sampling heights are shown in Table 5.4.

Table 5.4: The snowpack layer profile from sampling on 02/23/2025 on the Flattop Mountain trail is shown

for all sampled snow layers. Hand hardness was assessed according to the hand hardness test.

5.2.3 Mammoth Cave National Park, KY

Precipitation sampling at Mammoth Cave was conducted at the Interagency Monitoring of

Protected Visual Environments (IMPROVE) network site near Houchin Meadows (37.1317667◦N,

-86.147856◦W). The site elevation is 235 meters. Sampling at MACA was conducted from January

7, 2025, to February 14, 2025, by CSU researchers Amy Sullivan, Jihee Ban, and Taehyun Park.

A sample was collected on each day with precipitation. During the study period, 13 samples were

collected. During January and February, daytime temperatures typically reach around 7◦C, while
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nighttime lows average about 1.5◦C. The average total precipitation for January and February is

212 mm and includes a mix of rain and snow.

The precipitation collected was weighed at the end of each sampling period. During the study

period, 2 samples had a precipitation mass that exceeded the scale limits. The samples were kept

frozen and mailed to Colorado State University at a weekly frequency. The samples were stored

frozen until ready for analysis. Before analysis, the samples were allowed to melt fully.

5.2.4 Fort Collins, CO

Precipitation sampling at FTCW was conducted in a wide grass field at Christman airfield

(40.592309◦N, -105.141528◦W). The site elevation is approximately 1524 m. Sampling began

on April 18, 2025, and concluded on June 16, 2025. From April to June, temperatures in Fort

Collins at the Christman airfield ranged from -3.2◦C to 32.4◦C (CoAgMet). For this campaign, all

FTCW precipitation events were rain. Duplicate samples were collected using side-by-side NCON

samplers (~5 m apart) on each day with precipitation. During the sampling period, 10 precipitation

events were sampled. Samples were analyzed the day after collection and then stored frozen to

preserve the sample. To assess sample stability, frozen samples were compared to refrigerated

samples at 1- and 2-week intervals.

The automatic opening and closure system on the NCON collection system should prevent dry

deposition to the sample bag outside of precipitation periods. However, during sampling at FTCW,

three samples collected were visibly contaminated: two with dirt and debris, and one with bird

droppings. These samples were removed from the estimation of P wet deposition, sample stability

analysis, and assessment of duplicate sampling precision. One of the samples was visibly yellow

and visually striking when compared to its duplicate sample; an image of this sample pair can be

found in Appendix B.

5.2.5 PO3−
4 flow injection analysis

All precipitation samples were analyzed for PO3−
4 using a Skalar SAN++ classic series au-

tomated wet chemistry analyzer. The instrument uses flow injection analysis (FIA), where a
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small sample volume (~1 mL) is injected into a continuous reagent stream. PO3−
4 in the sam-

ple reacts with the reagents to form antimony-phospho-molybdate complex, which is blue and can

subsequently be measured by single-wavelength photometric analysis. This method requires two

reagents: 1. An acidified complex of ammonium heptamolybdate and potassium antimony(III)

oxide tartrate, and 2. Dilute ascorbic acid. The tubing where reactions occur is heated to 40◦C.

This method quantifies only dissolved PO3−
4 in the collected samples. Other forms of phosphorus,

which could contribute to total phosphorus deposition, are not considered. Sample concentrations

are reported in this work as µg P L−1. The corresponding mass of PO3−
4 would be approximately

three times larger.

PO3−
4 in samples reacts with ammonium heptamolybdate and potassium antimony(III) oxide

tartrate in an acidic medium to form an antimony-phospho-molybdate complex. The resulting

antimony-phospho-molybdate complex is yellow, which is then reduced by ascorbic acid and be-

comes blue. The absorbance of the resulting complex can then be measured with high sensitivity

at 880 nm. The analysis took advantage of a long-path flow cell option in the Skalar analyzer (flow

path for absorbance measurements was 50 cm) to enhance sensitivity.

This method is based on the benchtop method developed by Boltz and Mellon (1948). The

Skalar SAN++ automates most of the spectrophotometric method described by Boltz and Mellon

(1948), including flow controls on all reagents, an autosampler, calibration curve calculation, and

an algorithm to assess the baseline drift during analysis of a sequence of samples. The SAN++

system uses peak height for sample concentration determination. During our analysis, we found

an influence of sample carryover from previous samples on the response of subsequent samples.

This was especially evident in low-concentration samples and standards. To avoid influence from

previous samples, the time between samples or sample wash time was increased from 50 seconds

to 300 seconds. This length of time eliminated carryover between samples. The sample injection

time was 50 seconds.

Calibration standards and samples were run in triplicate to assess instrument precision and

increase measurement confidence. Analysis was done using a 7-standard calibration curve with
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concentrations of: 0.5, 1, 4, 8, 12, 16, and 20 µg P L−1. Calibration standards were made using

potassium dihydrogen PO3−
4 . Instrument response to standards, particularly low concentration

standards, was greatly reduced after 24 hours. This artifact was mitigated by diluting standards

daily from a 100 mg P L−1 stock solution. No interference was found when standards were made

with high levels of ammonium, nitrate, or other dissolved ions commonly found in precipitation

samples (SO2−
4 , Cl−, K+). The zero point was determined by deionized water (Thermo Scientific,

resistivity of 18 MΩ cm). The calibration curve response was linear across this standard range. If

the calibration curve variance explained (R2) was less than 0.998, calibration runs were repeated

until a robust calibration curve was achieved. A replicate standard and a blank were analyzed after

every 10 samples. A replicate of the highest standard (20 µg P L−1) was analyzed at the end of

every set of samples to assess and correct for instrument response drift across the sampling run. If

the difference between the drift sample and the earlier standard exceeded 10%, the sampling run

was removed for quality control, and the samples were re-analyzed. Figure 5.1 is an example of

the calibration curve used, where standard concentration (µg P L−1) is plotted against instrument

response. The variance explained for this calibration curve is 0.998. The pooled relative standard

deviation (RSD) of replicate standard analyses is 0.7%.

Figure 5.1: An example calibration curve is shown for FIA standards ranging from 0.5 to 20 µg P L−1.

Each standard was analyzed in triplicate. The best linear fit (y = 0.0218x + 0.0038) is red. The upper

(lower) fit at the 95% confidence level is blue (green). Concentration has units of µg P L−1. Peak height is

reported as absorbance units (AU).
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A few samples exceeded the 20 µg P L−1 standard. These samples were measured using a

9-standard calibration curve, which included the original standards and two higher standards: 50

and 100 µg P L−1. At these higher standard values, the instrument response was no longer linear.

Due to this, the calibration curve, including higher values, was fit with a second-order polynomial

(see Figure 5.2). The variance explained for the example calibration curve shown in Figure 5.2 is

0.999, and pooled RSD from replicate standard analyses is 0.97%.

Figure 5.2: An example calibration curve is shown for FIA standards ranging from 0.5 to 100 µg P L−1.

Each standard was analyzed in triplicate. The best second-order fit is red. The upper (lower) fit at the 95%

confidence level is blue (green). Concentration has units of µg P L−1. Peak height is reported as absorbance

units (AU).

The published instrument measurement range is 0.1 to 20 µg P L−1. The minimum detection

limit (MDL) was determined using the mean value measured for water blanks and a t-test of the

instrument precision at the lowest calibration standard (0.5 µg P L−1). The MDL is calculated as

shown in (5.1), where x is the mean blank value, t-value (t) is assessed at the 99th percentile, and

σ is the standard deviation of the lowest calibration standard replicates.

MDL = x± t(n−1,99%)σ (5.1)

The MDL was calculated using 12 replicate measurements for the blank mean and the low-

est calibration standard. Using the 12 replicates for blank and calibration standards, (5.1) gives
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0.01±0.08 µg P L−1. Considering the largest value as our true MDL, this method has an MDL of

0.09 µg P L−1. This agrees well with the published instrument range of 0.1 to 20 µg P L−1.

All samples analyzed were blank corrected. The mean blank value for snowpack sampling was

0.01 µg P L−1 (n = 12). The mean blank value for NCON wet deposition collection in NADP

bags, in FTCW and MACA, was 0.29 µg P L−1 (n = 6). After blank correction, only one sample

from MACA was below the detection limit. All samples from RMNP and FTCW were above the

detection limit.

5.2.6 Ion chromatography

All samples were analyzed for major cations and anions using Ion Chromatography. Cations

and anions were analyzed on Dionex DX-500 ion chromatographs, which have isocratic pumps,

self-regenerating anion or cation suppressors, and conductivity detectors. The injection volume

was 50 µL, and the analysis time was 17 minutes. The IC system was used to quantify sodium

(Na+), ammonium (NH+
4 ), potassium (K+), magnesium (Mg2+), and calcium (Ca2+). This system

uses a Dionex IonPac CS12A (3x120 mm) analytical column. The eluent was 20 mM methanesul-

fonic acid with a flow rate of 0.5 mL min−1. An anion IC system was used to quantify chloride

(Cl−), nitrite (NO−

2 ), nitrate (NO−

3 ), PO3−
4 , and sulfate (SO2−

4 ). This system uses an IonPac AS14A

(4x150 mm) analytical column. The eluents were 1 mM sodium bicarbonate and 8 mM sodium

bicarbonate at a flow rate of 1 mL min−1. All ions were quantified using an 8-standard calibration

curve. A standard replicate and blank sample were analyzed after every 10 samples. The limit of

detection for all ions is 0.2 µg L−1.

5.3 Results and discussion

5.3.1 Snowpack sampling in Rocky Mountain National Park, CO

PO3−
4 was measured through the snowpack in RMNP at two site locations. The first site eleva-

tion was 2901 m. The snowpack was 142 cm deep. Seven snowpack samples were taken from the

established snow layers; the distribution of PO3−
4 concentration is shown Figure 5.3a. All samples
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were well above the minimum detection limit (0.09 µg P L−1). PO3−
4 concentration ranged from

1.14 to 37.5 µg P L−1. The maximum concentration occurred in the snowpack layer closest to the

ground. Excluding the layer closest to the ground, the next highest PO3−
4 concentration was 3.90

µg P L−1. In Figure 5.3b, most of the hand hardness test results give an associated layer hardness

of 1-finger and pencil, indicating a firm snowpack. This may indicate a snowpack that has un-

dergone significant physical and metamorphic changes. If the snowpack has undergone cycles of

freezing and thawing, the vertical distribution of PO3−
4 could be influenced. This could include the

leaching of PO3−
4 from the ground into the snowpack (Wipf et al., 2015), which could also help to

explain the elevated concentration in our lowest layer. Temperature was the highest in the ground

layer and generally decreased moving towards the snow surface (see Figure 5.3c).

Figure 5.3: Snow pit 1, located near Nymph Lake, was sampled on February 22, 2025. 7 snow samples

were collected. Snowpack profile results are shown for (a.) PO3−
4 concentration, (b.) snowpack hardness

determined by the hand hardness test, and (c.) temperature. Error bars for PO3−
4 measurements are given as

2 times the standard deviation of sample replicates (n = 3).

The second snowpack sampling site was at 3078 m elevation. 500 m away from site one and

177 m higher. The snowpack at site 2 was 195 cm deep, 53 cm deeper than the snowpack at site 1,

perhaps reflecting increased snowfall with elevation or differing slope aspects. While the two sites
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are close to each other, the complex topography of RMNP can lead to high spatial variability in

precipitation. Additionally, wind can redistribute fallen snow, leading to high variability in snow

accumulation across different land surface types and slope aspects.

At the second sampling site, the PO3−
4 concentration ranged from 0.45 to 8.22 µg P L−1 (Fig-

ure 5.4a). The snowpack at sampling site 2 was less firm than sampling site 1, with most layers

having a fist or 4-finger hardness by the hand hardness test (see Figure 5.4b). This indicates that the

snowpack has undergone fewer physical and metamorphic transformations than the snowpack at

sampling site 1. The temperature profile of sampling site 2, shown in Figure 5.4c, is more variable

than the profile observed at sampling site 1. Sampling site 2 also has a less pronounced temper-

ature gradient, although the difference could be due in part to temperature differences on the two

sampling days.

Figure 5.4: Snow pit 2, located on the Flattop Mountain Trail, was sampled on February 23, 2025. 8 snow

samples were collected. Snowpack profile results are shown for (a.) PO3−
4 concentration, (b.) snowpack

hardness determined by the hand hardness test, and (c.) temperature. Error bars for PO3−
4 measurements are

given as 2 times the standard deviation of sample replicates (n = 3).

Overall, there is a larger range of PO3−
4 concentrations observed in snow pit 1. However, if the

largest value from sampling site 1 (layer closest to the ground) is excluded, sampling site 2 has
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a larger range of PO3−
4 concentration. The snowpack observed at sampling site 2 was deeper and

may have undergone less transformation since the precipitation fell. This could be due to its higher

elevation, differences in exposure to solar radiation, or other factors.

Figure 5.5 shows the relationship between measured PO3−
4 concentration and ion species mea-

sured using ion chromatography. The plots are arranged in order by the strength of correlation. The

snowpack PO3−
4 concentrations are most strongly correlated with potassium (R2 = 0.9). Potassium

is an abundant nutrient in soil, which could indicate local dust deposition or nutrient leaching into

the snowpack from the surface. Notably, K+ is highest in the sample, which may also have PO3−
4

leaching from the soil. PO3−
4 is also well correlated with Cl−, NH+

4 , and Na+.
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Figure 5.5: Correlations between PO3−
4 concentration and ionic concentration are shown for (a.) Ca+2 , (b.)

NO−

2 , (c.) Mg+2 , (d.) NO−

3 , (e.) Cl−, (f.) Na+, (g.) K+, (h.) SO2−
4 , and (i.) NH+

4 . The optimized least

squares linear regression is displayed in grey for each plot, and the fit details are listed in the lower right

corner.
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5.3.2 PO3−
4 wet deposition sampling in Mammoth Cave National Park, KY

Wet deposition at MACA was collected for each daily precipitation event between January 7,

2025, and February 14, 2025. During that period, 13 precipitation samples were collected and sub-

sequently analyzed for PO3−
4 wet deposition. Figure 5.6 shows the measured PO3−

4 concentration

from all collected samples at MACA. The sample collected on February 9, 2025, was below the

instrument detection limit. PO3−
4 concentrations above the detection limit ranged from 0.21 to 8.74

µg P L−1. The highest PO3−
4 concentration precipitation events occurred in the second half of the

sampling. The sample collected on January 18, 2025, was snow. All other samples were either rain

or mixed precipitation. The liquid water collected for each precipitation event was highly variable,

ranging from 113 mL to 1.6 L. Two periods, 2025/01/08 and 2025/01/23, are missing data for

precipitation amount. The first sample precipitation amount was recorded improperly. The second

sample with a missing precipitation amount, 2025/01/23, exceeded the scale limits used to measure

precipitation mass and was therefore greater than 1.6 L. Precipitation amount only explained 12%

of the variance in PO3−
4 wet deposition concentration (R2 = 0.12) for this data set.

Wet deposition samples from MACA were analyzed for relationships between PO3−
4 and other

ions (Figure 5.7). At MACA, PO3−
4 is not well correlated with any measure ion species. This may

reflect differing source contributions driving concentrations of PO3−
4 vs. other ion species. The

highest PO3−
4 concentration has a low corresponding concentration of all other ion species. This

sample in particular may have a different source of PO3−
4 than the other samples collected.
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Figure 5.6: PO3−
4 wet deposition collected in Mammoth Cave National Park (MACA). Error bars for PO3−

4

measurements are given as 2 times the standard deviation of sample replicates (n = 3). Total precipitation

collected for each sample is given on the right-hand axis. PO3−
4 measurements below the MDL are grey.

102



Figure 5.7: Correlations between PO3−
4 concentration and ionic concentration are shown for (a.) Ca+2 , (b.)

NO−

2 , (c.) Mg+2 , (d.) NO−

3 , (e.) Cl−, (f.) Na+, (g.) K+, (h.) SO2−
4 , and (i.) NH+

4 . The optimized least

squares linear regression is displayed in grey for each plot, and the fit details are listed in the lower right

corner.

5.3.3 PO3−
4 wet deposition sampling in Fort Collins, CO

Wet deposition samples were collected during precipitation events in Fort Collins, CO (FTCW)

beginning on April 18, 2025, and finishing on June 10, 2025. During this time, 10 precipitation

events were sampled. FTCW samples were collected in duplicate. The mean value for each pre-

cipitation event is shown in Figure 5.8. All precipitation collected was rainfall. The volume of
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precipitation collected was highly variable, ranging from 72 mL to 1.7 L. Only 7% of the variabil-

ity in PO3−
4 concentration was explained by precipitation amount (R2 = 0.07). PO3−

4 wet deposition

concentrations ranged from 1.71 to 18.7 µg P L−1 excluding three samples eliminated due to ob-

vious contamination with soil or bird feces (see earlier discussion).

Figure 5.8: PO3−
4 wet deposition collected at FTCW. Error bars for PO3−

4 measurements are given as 2

times the standard deviation of sample replicates (n = 3) and collocated samples where available. Total

precipitation collected for each sample is given on the right-hand axis.

The error bars in Figure 5.8 were generated using 2 times the standard deviation of duplicate

measurements, including sample replicates on the instrument. The pooled relative standard devi-

ation across all sampling periods was 7%. These errors are larger than those reported for PO3−
4

concentrations in RMNP or MACA. Despite that, no measurements are below the instrument de-

tection limit.

Figure 5.9 compares wet deposition PO3−
4 concentration and ion species concentration col-

lected at FTCW. PO3−
4 wet deposition is well correlated with Ca+2 (R2 = 0.86), see Figure 5.9a.
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The plots in Fig. 9 are ordered by the variance explained by each linear fit. The next best corre-

lation is NO−

2 (R2 = 0.46), followed closely by Mg+
2 (Figure 5.9c), through SO2−

4 (Figure 5.9h),

which explains between 30 and 15 percent of the variance in PO3−
4 concentration. Ammonium is

not correlated with PO3−
4 in the wet deposition samples (Figure 5.9i). The strength of correlation

between Ca+2 and PO3−
4 indicates that they may share a source in wet deposition.

Figure 5.9: Correlations between PO3−
4 concentration and ionic concentration are shown for (a.) Ca+2 , (b.)

NO−

2 , (c.) Mg+2 , (d.) NO−

3 , (e.) Cl−, (f.) Na+, (g.) K+, (h.) SO2−
4 , and (i.) NH+

4 . The optimized least

squares linear regression is displayed in grey for each plot, and the fit details are listed in the lower right

corner.
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Sea spray aerosol (Su et al., 2023), wildfires (Yokelson et al., 2009), and mineral dust (Sequeira,

1993) are the dominant sources of Ca+2 aerosol, with mineral dust likely most important at the

FTCW location for the measured period. Mahowald et al. (2008) used Ca+2 and other elements

prevalent in the Earth’s crust (iron, aluminum, and silicon) to identify P deposition correlated with

mineral dust. During the period of sampling at FTCW, there were no wildfires within Colorado or

the neighboring states. Brahney et al. (2013) found that Ca+2 wet deposition is increasing in the

western US and attributed this increase to soil aerosol and dust emissions. The lack of a strong

correlation between Cl− and PO3−
4 indicates that sea spray aerosol is an unlikely source of PO3−

4 ,

not surprising given the large distance from the ocean.
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During precipitation sampling at FTCW, 3 samples were visibly contaminated by dirt and de-

bris. In the most extreme case, the collected precipitation was yellow. Photos of the contaminated

samples can be found in Appendix B. Figure 5.10 displays all PO3−
4 concentration data from each

NCON sampler, referred to as samplers 1 and 2. The three contaminated samples are marked with

grey shading on the collection date and occurred on: 2025/05/05, 2025/23/05, and 2025/25/05.

The mean difference between co-located samples for these three days was 62.9 µg P L−1. The

mean difference between co-located samples for all other days was 0.7 µg P L−1.

Figure 5.10: Duplicate PO3−
4 wet deposition samples collected in Fort Collins, CO (FTCW). Samples are

given as the instrument replicate means (n = 3). The dates with a sample tagged as contaminated have been

shaded grey.

The ion composition of the contaminated samples is compared with the distribution of ion com-

position for the uncontaminated samples in Figure 5.11. The contaminated samples on 2025/05/05

and 2025/05/25 have similar ion concentrations for all species except Na+. The contaminated
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sample on 2025/05/23 is elevated compared to the other two samples for all species besides NO−

3 .

The contaminated sample on 2025/05/23 also has an ion concentration outside of the range of the

uncontaminated samples for all species besides NO−

3 . This sample was a distinct color (yellow)

compared to its corresponding duplicate sample (see Appendix B). The other samples (2025/05/05

and 2025/05/25) had elevated concentrations of Mg+
2 , Cl−, K+, and SO2−

4 . The lack of elevated

Ca+2 indicates that the source of this contamination is likely not soil, contradicting the visual ob-

servation of debris in contaminated samples.

108



Figure 5.11: PO3−
4 concentrations are compared to ionic concentrations for (a.) Ca+2 , (b.) NO−

2 , (c.) Mg+2 ,

(d.) NO−

3 , (e.) Cl−, (f.) Na+, (g.) K+, (h.) SO2−
4 , and (i.) NH+

4 . Data are sorted into two categories: 1.

[PO3−
4 ] < 20 µg P L−1 and 2. [PO3−

4 ] ≥ 20 µg P L−1. The plotting parameters are as follows: 1. A boxplot

of values, where the median is a flat line, box extent shows the interquartile range (IQR), whiskers are 1.5

times the IQR, and outliers are diamonds, and 2. A point for each value.
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5.3.4 Inter-site comparison of PO3−
4 wet deposition

To probe the variability between site location and precipitation type, the PO3−
4 wet deposition

results are compared across all study locations (see Figure 5.12). Only one measurement, from

MACA, was below our instrument detection limit; the value is included here as MDL/2. The largest

range and median PO3−
4 concentrations were observed in FTCW. The largest value reported, 37.5

µg P L−1, occurred in the lowest layer of snow sampling at RMNP S1. The lowest median value

occurred at MACA, 0.72 µg P L−1. These differences could be due to regional, precipitation type,

seasonal, or specific event sampling differences. Excluding the lowest layer sampled at RMNP S1,

PO3−
4 quantified in wet deposition ranged from 0.21 to 18.7 µg P L−1.

Figure 5.12: PO3−
4 data from all sites are shown. The two snow pit sites in RMNP are shown separately.

S1 (S2) is the site located at Nymph Lake (on the Flattop Mountain trail). The median is a flat line, the

box extent shows the IQR, the whiskers are 1.5 times the IQR, and outliers are diamonds. The number of

samples and maximum value are listed above each box. The median value is given above the median line.

The median and maximum are listed with units of µg P L−1.
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5.3.5 Sample stability and acidification effects on instrument response

Samples collected in Fort Collins were used to assess the stability of PO3−
4 concentration in

wet deposition. Each sample was analyzed the day after collection and then divided into frozen

and refrigerated samples. The frozen samples were used as a control in subsequent measurements.

The samples were analyzed again after 1 and 2 weeks of storage. After one week of storage in

a refrigerator, sample concentration decreased by an average of 13%. Following an additional

week of refrigerated storage, sample concentration was, on average, 16% lower than the original.

Samples that had been stored frozen differed from the original concentration by less than 5% after

1 and 2 weeks of storage.

A new class of proposed samplers will be pre-treated with sulfuric acid to prevent microbial

activity. Lowering the pH of wet deposition samples may alter the instrument response. Three

standards (1, 8, and 20 µg P L−1) from the typical calibration curve were used to assess the effect

of acidification on measured PO3−
4 concentration (see Figure 5.13). Standards were acidified us-

ing 1M H2SO4, and the resulting pH was volume corrected. The highest standard, 20 µg P L−1,

differed from the initial standard concentration by <5% for all acidification steps. The middle

standard, 8 µg P L−1, differed from the initial standard by <5% when the pH was >1.2, but instru-

ment response increased rapidly below 1.2. At the lowest pH tested, 0.83, the response was 25%

larger than the initial concentration. The lowest concentration tested, 1 µg P L−1, had the largest

percent difference as would be expected. The response when standards were acidified to pHs >1.2

was within 15% of the initial standard response. At a pH of 0.83, the lowest standard instrument

response increased by >300%. The minimum pH of wet deposition samples from pre-treated sam-

plers is expected to be ~1.2; however, this will depend on the initial pH of the rainfall. Before the

installation of pre-treated samplers, these effects and options to mitigate this response should be

assessed.
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Figure 5.13: The effects of pH on measured standard concentration are assessed for (a.) Standard 3: 1 µg P

L−1, (b.) Standard 5: 8 µg P L−1, and (c.) Standard 7: 20 µg P L−1.

5.4 Summary

PO3−
4 concentration was measured using flow injection analysis in snowpack layers at Rocky

Mountain National Park and daily precipitation samples collected at Fort Collins, CO, and Mam-

moth Cave National Park. Snowpack sample concentrations from Rocky Mountain National Park

ranged from 0.45 to 37.5 µg P L−1. The highest PO3−
4 concentration was found in the lowest layer

of snow pit 1. This elevated level could result from P leaching from the soil, which has been ob-

served in snow that has experienced freeze/thaw cycles (Wipf et al., 2015). Increased hardness at

lower layers indicated that this snowpack had undergone more physical and metamorphic changes

than snow pit 2. The second snow pit had a maximum P concentration of 8.22 µg P L−1, also in the

layer closest to the ground. Active precipitation events at Mammoth Cave National Park during

winter ranged from 0.21 to 8.74 µg P L−1. One precipitation sample at MACA was below the

instrument detection limit. Daily precipitation concentrations in Fort Collins, CO, during spring

and summer ranged from 1.71 to 18.7 µg P L−1.

The ion composition of precipitation was also analyzed in collected samples. Most notably,

PO3−
4 was well correlated with calcium at Fort Collins, indicating mineral dust aerosol could be a

dominant source of measured P wet deposition at that location and time spring/summer time period.

MACA samples did not reveal an overall strong correlation between concentrations of PO3−
4 and

Ca+2 , suggesting they might reflect a more variable mix of PO3−
4 source contributions. Precipitation
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events in Fort Collins, CO, were quantified with duplicate, co-located samplers. Three of the

duplicate samples were flagged for dirt and debris. These samples differed from their co-located

pair by 62.9 µg P L−1. The mean difference between all other co-located samples was 0.7 µg P L−1.

The contaminated samples had a different relative ion composition, indicating a different source of

P. These unexpectedly large differences indicate a further need for co-located PO3−
4 monitoring to

better constrain measurement uncertainties.

Comparing results across different sampling locations, the highest median P wet deposition

concentration was found in Fort Collins, CO, at 6.36 µg P L−1. The lowest median P wet deposition

concentration occurred at Mammoth Cave National Park, at 0.72 µg P L−1.

5.5 Future research

The results presented here demonstrate that P wet deposition can be quantified using the de-

scribed flow injection analysis method and provide insight into the range of expected concentra-

tions. Future research should evaluate the spatial and seasonal variability in P wet deposition,

including additional sites with various potential sources and seasonal changes.

Samples for this study were collected following National Trends Network standard procedures.

Future collection of P wet deposition is planned using alternative samplers, known as SNiPiT

samplers. A key difference is that SNiPiT samples are pre-treated with acid to prevent microbial

activity. In our analysis of sample stability, concentration decreased by greater than 10% after a

week of refrigeration. The NADP NTN network collects samples weekly, which could lead to

lower PO3−
4 observations. One proposed solution is to add sulfuric acid to the collection bottle to

stop biological activity. Sample pH began to affect measured PO3−
4 concentration as early as pH

1.2. Future assessment of the observed pH with the acid treatment should include acidification

effects, stability of acidified samples, and probe the acid amount needed to prevent microbial

activity.

To assess this new sampling method and improve understanding of P wet deposition, we will

collect weekly and event-based samples in Fort Collins, CO, over three months. This work has been
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delayed at present due to unsatisfactory blank levels identified in PVC SNiPiT samplers provided

by the NADP program office. Once blank issues are resolved, field samples will be duplicated,

using both the standard NTN method and SNiPiT samplers. The data will help evaluate sample

stability, compare collection techniques, and determine the precision of SNIPIT samplers. The

goal of this campaign is to gather insights into P wet deposition data collection and support the

potential implementation of P wet deposition measurements across the NTN Network.
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Chapter 6

Conclusions and Recommendations for Future Work

This work investigated the current and potential deposition of nutrients to remote ecosystems.

Excess reactive nitrogen deposition has well-documented negative effects on ecosystem health and

has been heavily researched in recent years. Although there are many measurements of reactive

nitrogen wet deposition, dry deposition processes, especially of NH3, are seldom characterized

experimentally and poorly parameterized in models. NH3 dry deposition was simulated using a

bidirectional exchange model, with a variety of measured and modeled inputs to investigate model

sensitivity to input data characteristics, including time resolution, and improve understanding of

how to best treat bidirectional exchange of NH3 in chemical transport models. Relative contribu-

tions of reduced inorganic nitrogen (NHx = NH3 + NH+
4 ) to total reactive nitrogen deposition are

growing due to increased NH3 emissions along with decreasing NOx emissions.

Increasing NH3 emissions are also of interest because of the key role NH3 plays in submi-

cron particle formation. Slow dry deposition rates of these particles mean that NHx can be trans-

ported farther from source regions, leading to increased haze and human health impacts. Trends

in atmospheric NH3 concentrations and contributions from different emission sectors, including

agriculture and wildfires, were evaluated: first using in situ and satellite observations in north-

east Colorado, a complex NH3 source region, and then more broadly across the western US using

satellite data.

Deposition of reactive phosphorus, including PO3−
4 , is an emerging concern for ecosystem

health. PO3−
4 wet deposition has not been routinely monitored, in part due to measurement dif-

ficulties. In this work, a high-sensitivity measurement technique was evaluated for PO3−
4 wet

deposition, and pilot results are reported from wet deposition at three sites.
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6.1 Conclusions

Sensitivity of Simulated Ammonia Fluxes in Rocky Mountain National Park to Measurement

Time Resolution and Meteorological Inputs

Rocky Mountain National Park has experienced well-documented negative ecosystem impacts

from excess reactive nitrogen deposition (Baron, 2006; Boot et al., 2016). In recent years, reduced

nitrogen species have dominated total N deposition in Rocky Mountain National Park (Benedict

et al., 2013; Benedict et al., 2018). Dry deposition of NH3 has large uncertainties (Walker et al.,

2019b). A year of NH3 fluxes was simulated using a bidirectional NH3 flux model to estimate

emission and deposition to a forest ecosystem on the east side of Rocky Mountain National Park.

NH3 bidirectional exchange is highly variable in both sign and magnitude. High time-

resolution NH3 concentrations and micrometeorological data are needed to support accurate flux

estimates. Cost and complexity limit the availability of high time-resolution NH3 measurements.

Low-cost two-week passive NH3 measurements offer an appealing alternative and are already

implemented in the NADP AMoN network. Bidirectional RMNP NH3 fluxes were biased low,

however, when biweekly NH3 concentration data were substituted for high time-resolution mea-

surements. This low bias was correctable by either (1) applying a constant correction factor or (2)

interpolating biweekly data to 30-minute frequency using a mean diel NH3 concentration pattern.

Local micrometeorology is also costly to measure. At Rocky Mountain National Park, the

use of reanalysis data for flux simulations resulted in a factor of two increase to annual net NH3

deposition. Again, this bias could be addressed using a simple correction factor, but this factor

likely differs across land surface types and different regions. Further, the ERA5 reanalysis data set

used here has 25 km grid cells, which can encompass a variety of surface types and parameters.

Ammonia in Northeast Colorado is Increasing, Rising Most Quickly in Regions Close to

Confined Animal Feeding Operations

Emissions of NH3 near Rocky Mountain National Park come predominantly from nearby agri-

cultural development, urban sources, and wildfire smoke. Ground-based NH3 measurements and
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IASI satellite retrievals were used to assess the spatial and temporal variability of NH3 concentra-

tions in NE Colorado, an important source region. NH3 had a strong seasonal cycle and spatial

gradient in both datasets.

The permitted animal capacity of CAFOs within 12 km of surface monitoring sites (IASI grid

cells) explained 78% (50%) of the variability in summertime mean NH3 mixing ratios. This in-

dicates the importance of agricultural emissions in governing variability in NH3 concentrations

across the region. Excluding a site within 1 km of the largest CAFO in Colorado, surface-level and

satellite total column NH3 retrievals were well correlated (R2 = 0.42). IASI satellite retrievals of

total column NH3 concentration revealed a strong increasing NH3 trend in both agricultural (2.6%

yr−1) and urban (1.7% yr−1) source regions during the 2013-2023 study period.

Various factors were considered as possible contributors to increasing NH3 in the region. De-

creased particle formation, expected from decreased SO2 emissions, explained less than 5% of the

observed NH3 increases. A clear wildfire smoke signal was observed by IASI over NE Colorado,

especially during the Cameron Peak Fire in 2020. The frequency of wildfire smoke plumes over

the region was found to be increasing by approximately 3 days per year. Smoke increases were

similar above agricultural and urban source regions, suggesting that contributions from wildfire

smoke cannot account for observed NH3 concentration increases over the agricultural source re-

gion. When NH3 column concentration trends were computed at IASI grid cell resolution, the

magnitude of the trend revealed a spatial pattern similar to the spatial distribution of CAFOs, sug-

gesting that changes in agricultural emissions are an important factor.

These results indicate that NH3 concentration increases over NE Colorado are associated with

agricultural regions. Increasing NH3 could be attributed to changes in agricultural practices, out-

put, or changing climatology. In NE Colorado, climate change has increased temperatures, which

could contribute to increased NH3 emissions, even given the same agricultural activity.
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Contributions of Wildfire Smoke and Agricultural Emissions to Changing Ammonia across

the Western US

The western US is home to agricultural developments, frequent wildfire smoke, and high-alpine

ecosystems, sensitive to excess reactive nitrogen inputs. Changes to NH3 concentrations and the

spatial footprint of NH3 hotspot areas were assessed across the region using IASI and CrIS satellite

NH3 data. Warm season NH3 total column concentrations had a similar spatial pattern between

IASI and CrIS satellite retrievals, although CrIS total column concentrations were typically higher.

Monthly IASI data were used to assess the seasonality of increasing NH3 concentrations, with the

largest increase observed during the warm season. CrIS oversampled data were generated for the

warm season across the years 2013-2023, and is expected to capture the largest inter-annual trends.

The CrIS oversampled dataset was used to determine NH3 hotspot regions across the western

US. Key locations included: NE Colorado and a zone from the Texas panhandle north to western

Nebraska (important beef production regions), along with the Snake River Valley of Idaho and

the San Joaquin Valley of California (important dairy and crop production regions). The largest

increasing NH3 concentration trends occurred above agricultural hotspot regions, ranging from 1.5

to 4.8% per year. In northeast Colorado, removing thick smoke plumes reduced the total column

NH3 trend in hotspot regions from 2.7 to 2.5% per year. In the Snake River Valley, the NH3

trend (1.5% yr−1) did not change when wildfire smoke was removed. Wildfire smoke had a larger

relative impact on NH3 trends in remote regions, where concentrations of NH3 are typically low,

and in some regions, where smoke is more frequent.

The spatial footprint of agricultural hotspots across the western US was found to be increasing

by an average of 7% per year, falling to 6% per year when thick wildfire smoke is removed.

Northeast Colorado had the largest increase in NH3 hotspot area (15% yr−1) and the largest impact

from thick smoke (falling to 12% yr−1 when thick smoke was removed). Growth of NH3 hotspot

areas could indicate an increasing rate of agricultural NH3 emissions in these regions, an increasing

footprint of agricultural activities in a region, and/or an increasing atmospheric lifetime of NH3.

Larger footprints can increase the likelihood of NH3 transport to nearby sensitive ecosystems and
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increase the potential of particle formation through NH3 interactions with NOx plumes from other

sources.

Novel Quantification of Phosphate Wet Deposition Using Flow Injection Analysis

Excess phosphorus deposition to remote ecosystems is an emerging concern for ecosystem

health (e.g., Brahney et al., 2015; Burpee et al., 2022; Tipping et al., 2014; Vitousek et al., 2010).

Phosphate has not been previously quantified in US national networks due to uncertainty regarding

appropriate sampling methods and difficulty measuring low phosphate concentrations expected

in wet deposition, especially at remote locations. A flow injection analysis method was tested

and implemented to quantify phosphate concentrations in wet deposition samples from three sites:

(1) daily precipitation collections in Fort Collins, Colorado, (2) daily precipitation collections in

Mammoth Cave National Park, Kentucky, and (3) two sets of snowpack samples from Rocky

Mountain National Park.

Flow injection analysis, previously used for surface water measurements of phosphate, relies on

a color-changing reaction measured by visible absorption. The limit of detection for this method,

as implemented in our laboratory, using a long-path absorbance detector cell, is 0.09 µg P L−1.

Blank tests of NADP wet deposition sampling bags revealed concentration levels of 0.3 µg P L−1.

In daily precipitation samples, phosphate ranged from 0.21 to 18.7 µg P L−1, with one additional

sample falling below the detection limit. The highest median P precipitation concentration was

observed in Fort Collins at 6.4 µg P L−1. A strong correlation between phosphate and calcium

concentrations suggested mineral dust as an important source of P wet deposition. The lowest

median P precipitation concentration was measured at Mammoth Cave (0.7 µg P L−1). Snowpack

sample concentrations ranged from 0.45 to 37.5 µg P L−1, with the highest level potentially asso-

ciated with P leaching from soil. Additional measurements in a variety of locations are necessary

to understand the range in phosphate concentration across regions and seasons.
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6.2 Recommendations for future work

• Modeling NH3 fluxes is highly uncertain. We establish that a correction factor or the diel

pattern may be used to correct the bias introduced by using biweekly passive NH3 measure-

ments for flux simulations. However, this will likely vary across regions and land surface

types, meaning that studies at additional locations are needed before these approaches can

be implemented more broadly.

• We found that substituting reanalysis meteorology for in situ micrometeorology introduced

large biases into NH3 fluxes in RMNP. This was possible to correct, but it may vary in

different regions. The impacts from land surface type, complex topography, and regional

changes should be assessed before large-scale use of reanalysis meteorology for modeling

NH3 fluxes.

• The impacts of biweekly NH3 concentration data and reanalysis meteorology should also

be assessed for the other NH3 bidirectional flux models (Pleim et al., 2013; Zhang et al.,

2010). Although these models are similar, it will be important to assess the relative impacts

on simulated fluxes from each model.

• More in situ measurements should be made to reconcile surface and total column measure-

ments. These measurements should specifically target areas near heavy agricultural develop-

ment. The AMoN passive NH3 measurements are typically placed greater than 12 km from

heavy agricultural development and thus miss the largest concentrations.

• The spatial footprint of high NH3 concentration agricultural hotspots from CrIS oversam-

pled data revealed an increasing trend that could indicate greater NH3 emissions, increased

spatial area of agriculture, or increased NH3 lifetime. It would be helpful to quantify the

relative contribution from each of these potential causes. Additionally, the impact on sen-

sitive ecosystems from increasing hotspot areas and changing transport out of agricultural

NH3 hotspots should be assessed.
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• Single facility emitters can be identified using CrIS oversampled data in addition to us-

ing regional agricultural hotspot areas. Identifying source emitters through the data record

could indicate if the spatial footprint of agricultural activities is changing in the identified

hotspot areas. This would help unpack the impacts of agricultural emissions on changing

NH3 hotspot areas.

• CrIS satellite retrievals could also be used to identify hot moments, or periods of large emis-

sions, in addition to hot spot areas. The physical oversampling could be applied to different

time periods associated with changes to emissions, such as cold snaps, the spring thaw, ups-

lope transport, or fertilizer application. This would allow for the identification of emissions

from varied sources.

• These results demonstrate that flow injection analysis can be used to quantify P wet deposi-

tion. Future collection of P wet deposition, using SNiPiT samplers, is proposed to quantify

P wet deposition across the NADP National Trends Network. However, the samplers pro-

vided have unsatisfactory blank levels. A variety of cleaning procedures, including soaking

in deionized water, cleaning with hydrogen peroxide, and repeated wash procedures, were

tested. However, these did not sufficiently reduce the blank values. Before deployment in

the field, other materials will need to be robustly tested to determine the blank values.
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Appendix A

The Sensitivity of Simulated Ammonia Fluxes in

Rocky Mountain National Park to Measurement

Time Resolution and Meteorological Inputs

A.1 NH3 concentration comparisons

AirSentry NH3 concentration measurements at the nearby EPA shelter are compared with Uni-

versity Research Glassware (URG) denuder measurements taken on the tower during the summer

of 2021. URG annular denuder and filter pack samplers were deployed at the site to measure in-

organic gas and particle species (Allegrini et al., 1987; Allegrini et al., 1994; Fitz, 2021). For

this work, we will only consider gas phase NH3 measurements. Measurements were conducted as

described in Naimie et al. (2022), with a few notable differences. The flow was increased from 10

L min−1 to 16 L min−1 to decrease the sampling time needed. Samples were collected for 4-hour

periods during the day and 6 hours overnight. Samples were collected in duplicate at the tower top

(25.35 m-agl) and a mid-canopy height. Only the tower top samples are considered for this work.

The injection volume of both methods was increased from 50 µL to 200 µL and the analysis time

was 17 minutes. Based on previous work the relative standard deviations (RSDs) of major aerosol

ion concentration measurements (NO−

3 , SO2−
4 , and NH+

4 ) are estimated to be between 3-5% and

the RSDs for replicate denuder gas concentration measurements are estimated to be approximately

10% (Lee et al., 2004).

In Figure A.1, raw AirSentry NH3 data (panel a.) and AirSentry NH3 data normalized to the

biweekly passive concentration (panel b.) are plotted against the URG NH3 data. Generation of the

30-minute NH3 data set (panel b.) is described in the main text. URG sample periods were 4 hours

during the day or 6 hours overnight. On sampling days, 2 or 3 daytime samples were taken, and 1

overnight sample was taken. In both panels, the 95% confidence interval of the linear fit (shown
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shaded in red) overlaps with the one-to-one line (y = x). Here we note that the concentrations

during the intensive sampling period agree well between the AirSentry and URG measurements

of NH3. Additionally, the normalized AirSentry data set (panel b.), which will be used for the

bidirectional exchange simulations, agrees well with the URG measurements of NH3.

Figure A.1: NH3 measurements from the nearby EPA shelter using an AirSentry are compared with URG

denuder measurements taken at the NEON tower. The least-squares linear fits are shown in red, with the

95% confidence interval shaded for the fit. The one-to-one line is grey-dashed. (a.) Raw NH3 concentration

data from the AirSentry are compared directly to URG denuder measurements. (b.) The scaled AirSentry

30-minute NH3 data were generated using the AirSentry NH3 and biweekly passive NH3.

A.2 Direct comparison of meteorological parameters

Parameters used for the bidirectional exchange simulations are compared between the ERA5

reanalysis and NEON tower in situ data (Figure A.2). Units for each parameter are given in the

title. We find that temperature (e.), pressure (f.), air density (g.), and soil temperature (i.) agree very

well. Each has an R
2 above 0.8 and a slope within 10% of unity. Notably, Obukhov length (c.) from

ERA5 reanalysis and NEON tower in situ data are not correlated. The other parameters important
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Figure A.2: NEON in-situ measurement data are plotted against the ERA5 reanalysis data for each param-

eter used in the bidirectional exchange simulations. The linear fit for each pair of data are given in red.
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for understanding the turbulent nature of the atmosphere (wind speed, and friction velocity), have

some correlation between data sets.

A.3 Diel pattern of NH3 mixing ratios

NH3 mixing ratios were used to generate an annual average diel pattern. The variability of

mixing ratios at 30-minute time steps is shown in Figure A.3a. The mean diel profile is shown in

Figure A.3b.

Figure A.3: The diel pattern of the NH3 mixing ratio is shown for the full year of data. (a.) Box plot of

30-minute NH3 mixing ratio values. The median of each box is shown in orange, the mean is shown as a

green triangle, the boxes show the 25th and 75th percentile, the whiskers are determined at 1.5 times the

interquartile range, and the black dots show outliers. (b.) The mean diel profile is shown in green, and the

annual average mixing ratio is black.

A.4 Site-specific correction factor with ERA5 meteorology

Figure A.4 shows a comparison of the 30-minute NH3 and biweekly NH3 simulations. The

30-minute NH3 simulation uses in situ meteorology. The biweekly NH3 simulation has two sets of
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simulations run with biweekly integrated NH3 concentration: 1. Simulated with in situ meteorol-

ogy and 2. Simulated with ERA5 meteorology.

Figure A.4: Bidirectional NH3 flux simulations are plotted for 30-minute NH3 concentration data and

biweekly integrated NH3 concentration data. The biweekly NH3 simulations were run using in situ (NEON

Tower) and reanalysis (ERA5) meteorology and soil parameters. Bidirectional NH3 fluxes are plotted as net

flux over a two-week period. The least squares linear regression is plotted for the data. Shading around the

linear regression shows the 95% confidence interval of the fit.

A.5 Sensitivity of simulations to LAI, TAN, and NH3

concentration

The sensitivity of our flux results was tested against several key parameters: LAI, TAN, and

NH3 concentration. NEON derives LAI at 1 m resolution using remote sensing data. The 1 km by

1 km grid cell surrounding the NEON tower site in RMNP in shown in Figure A.5. The box used

to estimate a mean LAI value for the area surrounding the site was generated to maximize the are

covered without intersecting with roadways or buildings near the site.

For sensitivity testing, a set of mean values was generated for average square areas beginning at

1 square meter and increasing to 400 square meters around the tower site. The minimum value was
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Figure A.5: Leaf area index is shown from the NEON product: “LAI-spectrometer-mosaic”. The axis

values are meters of the given grid cell from the product output of 1 km by 1 km land surfaces.

0.2 and the maximum value was 1.4. These are likely extreme values. The response of simulations

to LAI changes is shown in Figure A.6. On average, reducing LAI to 0.2 made NH3 fluxes more

positive by 0.08 ng N m−2 s−1 and increasing LAI to 1.4 made NH3 fluxes more negative by 0.09

ng N m−2 s−1. The sensitivity to TAN values was assessed using the standard deviation (4.7) of

measurements taken by Stratton et al. (2018). In Figure A.6b., flux simulations using the mean

TAN value measured by Stratton et al. (2018) is compared with simulations using a TAN value of

5.9 and 15.3 mg kg−1. NH3 fluxes shown here are more sensitive to the change in TAN than LAI.

On average, decreasing TAN to 5.9 mg kg−1 made NH3 fluxes more negative by 0.9 ng N m−2 s−1

and increasing TAN to 15.3 made NH3 fluxes more positive by 0.9 ng N m−2 s−1.

Lastly, we tested the sensitivity of NH3 flux to changes in atmospheric NH3 concentration (see

Figure A.7). The atmospheric NH3 concentration was scaled by values ranging from 0.5 to 1.5.

The observed bias for passive NH3 sampling methods from Puchalski et al. (2011) was a 9%
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Figure A.6: NH3 flux sensitivities are assessed for (a.) LAI and (b.) TAN. Each sensitivity test is plotted

against the initial simulation parameters (LAI = 0.8 and TAN = 10.6 mg kg−1).

underestimation. Increasing (decreasing) NH3 concentration by 10% increased (decreased) the

seasonal mean fluxes by 0.1 to 0.6 ng N m−2 s−1.

At both times (12:00:00 and 00:00:00), the differences in simulated fluxes are uniformly dis-

tributed for the reduced and increased values. Notably, at 12:00:00, when all mean simulated fluxes

are negative, the calculated fractional differences are very similar across seasons and close to the

input scale factor. At 00:00:00, when mean fluxes are closer to zero, the fractional differences are

much larger. We also see that flux direction changes for these simulations with a concentration

change of only about 25The absolute difference in fluxes is typically, although not always, larger

for the larger magnitude mean fluxes. While the largest spread at 00:00:00 is about 1.75 (ng N

m−2 s−1). Interestingly, in the night simulation (00:00:00), the difference between minimum and

maximum simulated values is largest for JJA, which is not the largest magnitude flux value. NH3

concentration sensitivity was also tested by scaling the input concentration by 9% to account for

the error discussed in Puchalski et al. (2011). This resulted in an annual deposition increase of

47%, indicating the importance of accurate NH3 measurements for flux modelling.
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Figure A.7: NH3 flux was simulated using Massad et al. (2010) using the mean seasonal meteorological

parameters, mean seasonal NH3 concentration at (a.) 12:00:00 and (b.) 00:00:00, and scaled NH3 concen-

trations. Points are colored by scale factor applied to the NH3 concentration. Colors are shown in the right

hand justified colorbar. Difference to the mean concentration simulation values are listed next to each point

(ng N m−2 s−1).

A.6 Sensitivity to u∗ and L

We conducted two case studies to probe the importance of u∗ and Obukhov Length on simulated

aerodynamic resistances. In case study 1 (2), friction velocity (Obukhov Length) from ERA5

was replaced with the value from NEON (see Figure A.8). This isolates the impact on Ra from

each of the given parameters. In Figure A.8a and b, we see that the relative impacts of Obukhov

Length and u∗ on Ra aresubstantial. Considering the simulated fluxes in Figure A.8c. we see

that flux simulations with ERA5 meteorology inputs are more sensitive to changes in u∗ than L.

InFigure A.8a. calculated Ra values are all below 30 s m−1 when using u∗ from NEON. This is

likely due to the minimum u∗ value of 0.2 set by NEON.
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Figure A.8: Ra simulations using ERA5 meteorology are compared to Ra where (a.) u∗ and (b.) Obukhov

Length, have been replaced with in situ values from NEON. (c.) NH3 fluxes are compared where u∗ and L

have been replaced with in situ values from NEON.

A.7 Folliage measurements

Measurements of foliage from the NEON site were used to determine the stomatal emission

potential. At the NEON site, due to experimental constraints, foliage was collected in locations

adjacent to the NEON tower footprint by CSU staff. Five trees were identified for each of the three

primary overstory and understory species, for a total of 15 trees. Foliage samples were collected

seasonally beginning in the summer of 2021. During each sampling event, 30 g of needles or leaves

were collected from each tree by hand, where accessible (preferred) or using a slingshot method to

collect a small branch from overhead. Samples were stored in Ziploc bags and shipped overnight

to the EPA laboratory in a cooler with ice packs. Litter and foliage samples were processed and

analyzed for pH and NH+
4 by the EPA as follows. 5.0 g of fresh material is subsampled from the

plot-level composite sample, ground in liquid nitrogen using a mortar and pestle and small coffee

grinder, then extracted with 25 mL of deionized water. pH is determined directly on the extracts.

[NH+
4 ] in the extracts, which reflects the bulk tissue concentration, is determined by ion chro-

matography after separation of the NH+
4 from the solution as NH3 using headspace equilibration.

For the headspace method, 5 mL of tissue extract is added to a 250 mL high-density polyethy-

lene jar containing two ALPHA passive samplers (Center for Ecology and Hydrology; Tang et al.,

2001), without the diffusion barrier, affixed to the interior of the lid. The jar is sealed, and 5 mL

of 0.3 N NaOH is added to the extract via septum. NH3 liberated from the liquid extract into the
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headspace is collected by the passive diffusion samplers over a period of 48 hours, after which the

passive sampler is extracted with 10 mL of deionized water. NH+
4 in the extracts is determined

by ion chromatography. To determine the stomatal emission potential, the weighted mean of Γst

was calculated using the percentages of evergreen forest and deciduous forest from the NEON site

survey (NEON, 2025). The resulting Γst was 29.

147



Appendix B

Novel Quantification of Phosphate Wet Deposition by

Flow Injection Analysis

B.1 Contaminated wet deposition sample

The wet deposition samples flagged as contaminated had visible debris. One of the samples,

shown in Figure B.1, was yellow compared to the uncontaminated duplicate sample.

Figure B.1: Wet deposition samples from May 23, 2025, are shown. The left bottle was flagged as contam-

inated due to debris.

148


